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RESUMO 
 

Geoquímica do ferro em solos estuarinos tropicais afetados por desastres antrópicos e 
naturais 

 
Ferro (Fe) é um dos elementos mais abundantes e dinâmicos da Terra. Está presente em 

rochas, minerais, solos, oceanos e é um elemento essencial para praticamente todos os seres 
vivos em ecossistemas terrestres. Devido à sua dinâmica no ambiente, o Fe desperta o interesse 
de diversas áreas da ciência. Para a ciência do solo, a importância desse elemento está 
principalmente relacionada à sua capacidade de interagir com vários elementos químicos. 
Nesse sentido, o ciclo biogeoquímico do Fe está diretamente associado aos ciclos de outros 
elementos, como carbono (C), fósforo (F), enxofre (S) e metais pesados. Em solos estuarinos, a 
geoquímica do Fe é marcada por um equilíbrio dinâmico regido pelas oscilações redox dos solos 
nesses ambientes. No entanto, distúrbios antrópicos ou naturais podem afetar o 
comportamento geoquímico de Fe e, consequentemente, o destino de outros elementos (e.g., 
C, P, S e metais). Nesse sentido, este estudo teve como objetivos: (i) estudar a geoquímica do 
Fe em solos estuarinos tropicais afetados por impactos antrópicos e naturais; e (ii) avaliar o 
controle da geoquímica do Fe sobre a dinâmica de outros elementos, como metais traço, P, S 
e C. Para isso, dois estuários tropicais, afetados por desastres antrópicos (i.e., afetados por 
deposição de rejeitos de Fe) e naturais (morte maciça de mangue) foram avaliados. 
Observamos uma mudança significativa nas condições físico-químicas dos solos após uma 
enorme mortalidade da floresta de mangue. Os solos dos manguezais mortos mudaram de um 
ambiente predominantemente anóxico para um ambiente subóxico. Essa mudança resultou 
em uma redução de 50% nos teores de Fe do solo. As perdas de Fe foram principalmente 
associadas às frações pirita e oxihidróxidos de Fe de baixa cristalinidade. Além disso, estimamos 
uma perda de 170 toneladas de Fe dos 500 hectares de florestas de mangue mortas. Além 
disso, o processo de piritização foi profundamente comprometido e, portanto, a capacidade 
das florestas de mangue de fornecer serviços ecossistêmicos, como retenção de poluentes (ou 
seja, metais) e sequestro de carbono. Em outro cenário, o estuário do Rio Doce recebeu cerca 
de 60 milhões de m³ de rejeitos ricos em Fe após o rompimento da barragem de Fundão. O 
comportamento biogeoquímico do Fe controlou o destino dos metais, P, e a pedogênese dos 
solos estuarinos após este evento, reconhecido como o maior desastre de mineração do 
mundo. Os rejeitos, principalmente compostos por oxihidróxidos de Fe de alta cristalinidade 
(e.g., goethita e hematita), foram transportados por 600 km direção ao estuário. Ao longo deste 
caminho, os rejeitos atuaram como um transportador de contaminantes (e.g., metais) e 
grandes quantidades de P. Após a chegada dos rejeitos, observou-se aumento expressivo dos 
teores de P e metais nos solos estuarinos. Esses poluentes foram predominantemente 
associados aos oxihidróxidos de Fe. Com o passar do tempo, a deposição de rejeitos favoreceu 
o estabelecimento e o crescimento de plantas que promoveram aporte de C no solo e drásticas 
mudanças físico-químicas. Essas mudanças resultaram em um ambiente de redução favorável 
à redução do Fe microbiano e um aumento das formas de Fe de baixa cristalinidade (e.g., 
ferrihidrita e lepidocrocita). Essas condições levaram à dissolução redutiva dos oxihidróxidos 
de Fe, perdas de Fe e aumento da biodisponibilidade de metais. Dentre os metais estudados, o 
manganês (Mn) apresentou as maiores perdas no solo e aumento de 880% na água estuarina. 
O aumento da biodisponibilidade de Mn levou a um aumento dos níveis de Mn no fígado e 
músculos dos peixes comumente consumidos pela população local. A dinâmica de Fe recém-
estabelecida desencadeou liberações maciças de Mn e altos riscos de contaminação. Nesse 
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contexto, um comportamento semelhante foi observado para P. As mudanças associadas à 
redução dissimilatória do Fe levaram a um aumento do P prontamente disponível nos solos 
estuarinos e na água. Além disso, nossos resultados indicam que os oxihidróxidos de Fe atuam 
como uma fonte contínua de P dissolvido para o ecossistema, e que os rejeitos, ricos em Fe, 
depositados no ecossistema estuarino podem estar ligados a um potencial processo de 
eutrofização. No entanto, dentro de quatro anos após o desastre, o crescimento da vegetação 
sobre os rejeitos depositados desencadeou a formação de um solo no estuário. diferentes 
processos pedogenéticos foram descritos e evidenciados (e.g., melanização, bioturbação, 
incipiente paludização e gleização). O Technossolo recém-formado mostrou evidências de 
potencialmente fornecer serviços ecossistêmicos, como sequestro de carbono e ciclagem de 
nutrientes, que antes não eram fornecidos no estuário. Em resposta às mudanças 
biogeoquímicas, observamos uma perda maciça de Fe dos solos estuarinos, que pode 
representar uma importante fonte de Fe do estuário para as águas do oceano. A entrada de Fe 
nos oceanos (i.e., a fertilização dos oceanos com Fe) está diretamente associada à 
produtividade marinha e ao fornecimento de serviços, como o sequestro de carbono. Assim, 
este estudo traz uma nova abordagem de como os impactos antrópicos ou naturais podem 
alterar a dinâmica do Fe em ecossistemas costeiros e como isso afeta os ciclos de outros 
elementos importantes tanto para o estuário quanto para os ambientes adjacentes.  
 
Palavras-chave: Mudanças climáticas, Manguezais, Desastre de Mariana, Metais, Eutrofização, 

Pedogênese 
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ABSTRACT 

 
Iron geochemistry in tropical estuarine soils affected by anthropic and natural disasters 

 
Iron (Fe) is one of the most abundant and dynamic elements on Earth. It is present in 

rocks, minerals, soils, oceans, and is an essential element for virtually all living beings on 
terrestrial ecosystems. Due to its dynamics in the environment, Fe arouses the interest of 
several science fields. For soil science, the importance of this element is mostly related with its 
ability to interact with various chemical elements. In this sense, the Fe biogeochemical cycle is 
directly associated with cycles of other elements such as carbon (C), phosphorus (F), sulfur (S), 
and heavy metals. In estuarine soils, Fe geochemistry is marked by a dynamic equilibrium ruled 
by the redox oscillations active in these environments. However, anthropic or natural 
disturbances may affect the Fe geochemical behavior and consequently the fate of other 
associated elements (e.g., C, P, S, and metals). In this sense, this study had as objectives: (i) to 
study the Fe geochemistry in tropical estuarine soils affected by both anthropic and natural 
impacts and (ii) to assess the control of Fe geochemistry over the dynamic of other elements, 
such as trace metals, P, S, and C. To achieve these objectives, two tropical estuaries, affected 
by anthropic (i.e., affected by iron tailing deposition) and natural (massive mangrove dieback) 
disasters were evaluated. We observed a significant change in physicochemical conditions of 
soils after a massive mangrove forest mortality. The soils from dead mangroves changed from 
a chiefly anoxic environment to a suboxic environment. This change resulted in a decrease by 
50% in the soils Fe contents. The Fe losses were mostly associated with the pyrite and low 
crystallinity Fe oxyhydroxides fractions. In addition, we estimated a loss of 170 tons of Fe from 
the 500 hectares of dead mangrove forests. Ultimately, the pyritization process was deeply 
compromised and therefor the capacity of mangrove forests to provide ecosystem services 
such as pollutant (i.e., metals) retention and carbon sequestration. In another scenario, the Rio 
Doce estuary received about 60 million m³ of Fe-rich tailings after Fundão dam rupture. the Fe 
biogeochemical behavior controlled the fate of metals, P, and the pedogenesis of estuarine 
soils after this event recognized as the world's largest mining disaster. The tailings, mostly 
composed of high crystallinity Fe oxyhydroxides (e.g., goethite and hematite), were transported 
600 km downstream towards the estuary. Throughout this path, the tailings acted as a carrier 
of contaminants (e.g., metals) and large amounts of P. An expressive increase of P and metals 
contents in the estuarine soils were observed after the arrival of the tailings. These pollutants 
were predominantly associated with Fe oxyhydroxides. Over time, the tailings' deposition 
favored the establishment and growth of plants which promoted a soil C input and drastic 
physicochemical changes. These changes resulted in a reducing environment favorable to 
microbial Fe reduction and an increase of low crystallinity Fe forms (e.g., ferrihydrite and 
lepidocrocite). These conditions led to the reductive dissolution of Fe oxyhydroxides, Fe losses, 
and an increased bioavailability of metals. Among the studied metals, manganese (Mn) showed 
the highest losses in the soil and an increase of 880% in the estuarine water. The increase in 
Mn bioavailability led to an increase of Mn levels in the liver and muscles of fish commonly 
consumed by the local population. The newly established Fe dynamic triggered massive Mn 
releases and high contamination risks. In this context, a similar behavior was observed for P. 
The changes associated with the dissimilatory Fe reduction led to an increase of readily 
available P in the estuarine soils and water. Moreover, our results indicate that Fe 
oxyhydroxides are a continuous source of dissolved P for the ecosystem, and that the Fe-rich 
tailings deposited in the estuarine ecosystem may be linked to a potential eutrophication 
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process. Nevertheless, within four years after the disaster, the vegetation growth on the 
deposited tailings triggered the soil formation in the estuary. different pedogenetic processes 
were described and evidenced (e.g., melanization, bioturbation, incipient paludization, and 
gleization). The newly formed Technosol showed evidences of potentially providing ecosystem 
services such as carbon sequestration and nutrient cycling that were previously unprovided in 
the estuary. In response to the biogeochemical changes, we observed a massive Fe loss from 
the estuarine soils which may represent an important Fe source from the estuary to the ocean 
waters. The Fe input into oceans (i.e., Fe ocean fertilization) is directly associated with marine 
productivity and the providing of services such as carbon sequestration. Thus, this study brings 
a novel approach to how anthropic or natural impacts may alter Fe dynamics in coastal 
ecosystems and how this affects the cycles of other important elements both to the estuary 
and the adjacent environments. 

 
Keywords: Climate change, Mangrove, Mariana’s disaster, Metals, Eutrophication, Pedogenesis 
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1. GENERAL INTRODUCTION 

Iron (Fe) is one of the most abundant elements on earth (Schwertmann and Taylor, 

1989). It is present in a great variety of natural materials such as rocks, minerals, soils, oceans 

and rivers (Faivre and Frankel, 2016) Iron is an essential element for almost all organisms living 

on Earth ecosystems (Sánchez et al., 2017; Selinus et al., 2013). Most Fe in nature is found as 

oxides and hydroxides minerals produced by the alteration of a pre-existing minerals, 

precipitation from natural solutions, or transported as residual mineral phases (Faivre and 

Frankel, 2016). A geochemical approach on  Fe abundance and its applications range from its 

mineral formation,  to the mining industry, high tech industry, medicine, art, global climate 

change (Cornell and Schwertmann, 2003; Faivre and Frankel, 2016). The different implications 

of Fe biogeochemistry arouse a  great interest by different science fields (Bigham et al., 2002; 

Lam et al., 2008; Magro et al., 2018; Navrotsky et al., 2008; Sánchez et al., 2017; Selinus et al., 

2013). 

For soil scientists Fe stands out  due to its participation in several important 

geochemical processes, such as isomorphic substitutions, redox processes, nutrient cycling, 

adsorption of contaminants, organic matter stabilization (Cornell and Schwertmann, 2003; 

Faivre and Frankel, 2016; Reddy and DeLaune, 2008; Schwertmann and Taylor, 1989). Fe 

dynamics in soils is mostly associated with its mineralogical characteristics, oxidation states 

(i.e., Fe3+ or Fe2+), and interactions with various other biogeochemical cycles e.g., oxygen, 

phosphorus, carbon, manganese, nitrogen, and sulphur (Faivre and Frankel, 2016; Raiswell 

and Canfield, 2012; Reddy and DeLaune, 2008). Their small particle size (as small as 1 or 2 

nanometers), large specific surface area (up to 600 m2 g−1), and structural ordering, makes 

iron oxides one of the most reactive group of minerals in the terrestrial environments (Cornell 

and Schwertmann, 2003; Roden and Zachara, 1996). 

From a pedogenetic point of view Fe plays a  key role in wide a range of soil forming 

processes (e.g., ferrolysis, gleization, laterization, brunification, rubification, ferritization, and 

pyritization; Duball et al., 2020; Schaetzl and Thompson, 2015; Schwertmann, 1958). From an 

environmental point of view, Fe oxyhydroxides are known for their capacity to decrease the 

bioavailability of heavy metals in soils under oxidic environments (Gadepalle et al., 2007; 

Herbert, 1996; Li et al., 2019). Under oxic conditions, Fe oxyhydroxides may retain metals 

through adsorption complexes (Cornell and Schwertmann, 2003), forming mono- and bi-
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nuclear complexes (Arai and Sparks, 2001; Stumm, 1995) which are stable and virtually 

irreversible leading to metals immobilization (Buerge-Weirich et al., 2002; Cui et al., 2020; 

Herbert, 1996; Randall et al., 1999). Additionally, Fe oxyhydroxides are also known to form 

strong surface complexes with phosphorus (P) limiting their availability in the soil environment 

(Arias et al., 2006; Yan et al., 2016). These Fe–P interactions play a key role on P retention and 

immobilization  and, in most soils, limits the  availability of P (Cui et al., 2011; Fink et al., 2016). 

In fact, Fe–P interactions are among the most important mechanisms regulating P fluxes from 

soils to other terrestrial reservoirs, such as oceans and lakes (Fink et al., 2016; Werner and 

Ami, 2014). The role of Fe oxyhydroxides in controlling the availability of metals and P in oxidic 

soil conditions is a consequence of their high stability in these environments (Fink et al., 2016; 

Inda Junior and Kämpf, 2005; Rieuwerts, 2007; Schaefer et al., 2008). Under oxidizing  

geochemical conditions and in the absence of complexing (e.g., organic compounds) Fe 

oxyhydroxides are highly insoluble (i.e. stable) in a wide pH range (4‒10) (Benjamin et al., 

1996; Cornell and Schwertmann, 2003; Hartley et al., 2004). 

However, in redox-active soils and sediments, different reactions may  alter Fe 

oxyhydroxides stability, and thus, their control over P and metals dynamics (Kraal et al., 2015; 

Miao et al., 2006). Under redox-active soil environments, due to constant flooding, high 

organic matter contents, oxygen depletion, and establishment of anaerobic conditions the 

microbial reduction of sulfate (MRS) and the microbial reduction of Fe (MRFe) are considered 

the main metabolic pathways responsible soil respiration (Ferreira et al., 2007; Kristensen et 

al., 2008).  

The MRFe leads to the dissolution Fe oxyhydroxides and the subsequent release of the 

previously sorbed elements (e.g., phosphorus and/or metals) (Du Laing et al., 2009; Kraal et 

al., 2015; Pan et al., 2019; Zachara et al., 2001). In fact, several studies have reported the 

increase of P and metals availability in wetland soils and waters as a result of MRFe (Khan et 

al., 2019; Li et al., 2012; Murray and Hesterberg, 2006 Du Laing et al., 2009; Miao et al., 2006; 

Tack et al., 2006; Zhang et al., 2012). 

On the other hand, both MRFe and MRS are poorly efficient pathways of soil organic 

matter decomposition. (Alongi, 2020; Hyun et al., 2017; Marchand, 2017). These less efficient 

metabolisms are recognized as a key piece on climate warming mitigation and for decreasing 

carbon concentrations from the atmosphere (Alongi, 2012; Brodersen et al., 2019; Mitsch et 

al., 2013). Moreover, the MRS and MRFe pathways may lead to pyrite formation; a  highly 
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stable Fe sulfide formed under anoxic conditions and widely known for its capacity to 

immobilize metals (Huerta-Diaz and Morse, 1992; Lin and Morse, 1991; Machado et al., 2014; 

Nóbrega et al., 2013; Ye et al., 2010).  

Thus, the environmental conditions will determine both the type and intensity of the 

active biogeochemical processes  in wetland soils (Hedges, 1992; Megonigal and Neubauer, 

2018). Several studies have reported changes in the biogeochemical processes as a result of 

anthropic and natural impacts (Ahmed et al., 2017; Bao et al., 2013; Chowdhury et al., 2017; 

Kauffman et al., 2018; Duke et al., 2007; Lovelock et al., 2017; Sippo et al., 2020; Ward et al., 

2016). Among the main impacts are pollution (e.g., discharge of wastes), land-use change, 

deforestation, sea-level rise, extreme climatic events (heavy rainfall, windstorms, or 

tsunamis), changes in rainfall patterns, and severe droughts (Bao et al., 2013; Bindoff et al., 

2019; Borges et al., 2009; Doney et al., 2012; Lacerda et al., 2008; Sandilyan and Kathiresan, 

2014). These environmental impacts directly affect the well-functioning of diverse 

biogeochemical cycles (e.g., C, P, S, and heavy metals) which are closely associated with the 

Fe biogeochemical cycle (Cabrera et al., 1981; Jian et al., 2017; Nóbrega et al., 2014; Parsons 

et al., 2017) 

Therefore, the biogeochemical behavior of Fe in wetlands plays a key role in the 

dynamics, cycle, and fate of different chemical elements (e.g., S, C, P, heavy metals) (Buesseler 

and Andrews, 2004; Falkowski, 2000; Jickells, 2005). In this sense, the objectives of the present 

work were: (i) to study the Fe geochemistry in tropical estuarine soils affected by both 

anthropic and natural impacts and (ii) to assess the control of Fe geochemistry over the 

dynamic of other elements, such as trace metals, P, S, and C.  This study brings new insights 

regarding on the sensitivity and resilience of tropical estuarine ecosystems in the face of man-

produced and natural impacts. 

 

References 

Ahmed, N., Cheung, W.W.L., Thompson, S., Glaser, M., 2017. Solutions to blue carbon 

emissions: Shrimp cultivation, mangrove deforestation and climate change in coastal 

Bangladesh. Mar. Policy 82, 68–75. https://doi.org/10.1016/j.marpol.2017.05.007 

Alongi, D.M., 2020. Carbon Balance in Salt Marsh and Mangrove Ecosystems: A Global 

Synthesis. J. Mar. Sci. Eng. 8, 767. https://doi.org/10.3390/jmse8100767 



18 
 

Alongi, D.M., 2012. Carbon sequestration in mangrove forests. Carbon Manag. 3, 313–322. 

https://doi.org/10.4155/cmt.12.20 

Arai, Y., Sparks, D.L., 2001. ATR–FTIR Spectroscopic Investigation on Phosphate Adsorption 

Mechanisms at the Ferrihydrite–Water Interface. J. Colloid Interface Sci. 241, 317–326. 

https://doi.org/10.1006/jcis.2001.7773 

Arias, M., Da Silva-Carballal, J., García-Río, L., Mejuto, J., Núñez, A., 2006. Retention of 

phosphorus by iron and aluminum-oxides-coated quartz particles. J. Colloid Interface Sci. 

295, 65–70. https://doi.org/10.1016/j.jcis.2005.08.001 

Bao, H., Wu, Y., Unger, D., Du, J., Herbeck, L.S., Zhang, J., 2013. Impact of the conversion of 

mangroves into aquaculture ponds on the sedimentary organic matter composition in a 

tidal flat estuary (Hainan Island, China). Cont. Shelf Res. 57, 82–91. 

https://doi.org/10.1016/j.csr.2012.06.016 

Benjamin, M.M., Sletten, R.S., Bailey, R.P., Bennett, T., 1996. Sorption and filtration of metals 

using iron-oxide-coated sand. Water Res. 30, 2609–2620. 

https://doi.org/10.1016/S0043-1354(96)00161-3 

Bigham, J.M., Fitzpatrick, R.W., Schulze, D.G., 2002. Iron Oxides, in: Soil Mineralogy with 

Environmental Applications. Soil Science Society of America, Madison, Wisconsin, pp. 

323–366. https://doi.org/10.2136/sssabookser7.c10 

Bindoff, N.L., Cheung, W.W.L., Kairo, J.G., Arístegui, J., Guinder, V.A., Hallberg, R., Hilmi, N., 

Jiao, N., Karim, M.S., Levin, L., O’Donoghue, S., Cuicapusa, S.R.P., Rinkevich, B., Suga, T., 

Tagliabue, A., Williamson, P., 2019. Changing Ocean, Marine Ecosystems, and Dependent 
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2. CHANGES IN SOIL IRON BIOGEOCHEMISTRY IN RESPONSE TO EXTENSIVE 

MANGROVE MORTALITY 

Abstract 
Fe biogeochemistry is associated with important ecosystem services provided by mangrove 
forests, including carbon sequestration and the retention of potentially toxic elements. The 
biogeochemical processes controlling Fe fate in mangroves are naturally affected by the soil 
geochemical environment, which controls Fe dynamics. However, ongoing climate changes 
and the associated extreme weather events may drastically affect the biogeochemistry of this 
important micronutrient for both terrestrial and oceanic environments. Therefore, this study 
aimed to evaluate how massive mangrove mortality after an extreme weather event altered 
the Fe dynamics in mangrove soils. The results show a significant decrease in soil carbon stock 
in the dead mangrove forests (24.9 Kg m‒2), as compared with the undisturbed forests (37.0 
Kg m‒2). In addition, we observed a substantial Fe loss (greater than 50% of soil Fe forms, i.e., 
17,000 mg kg‒1) in the dead mangrove soils, which was associated with pyrite (9,000 mg kg‒1) 
and low crystallinity Fe oxyhydroxides (2,400 mg kg‒1). These impacts led to a decrease in the 
pyritization in soils, which resulted in a loss of 170 tons of Fe from 500 ha of dead mangrove 
forests within one year. Thus, the pyritization process may critically compromise a mangrove 
forests' ability to immobilize pollutants (e.g., metals) and sequester carbon in the long term, 
thereby altering their ability to provide these ecosystem services. Overall, our results revealed 
that the Fe biogeochemical cycle of mangrove forests is very sensitive to future climate change 
scenarios and increased extreme weather events. 
 
Keywords: tropical mangroves, natural disaster, climate change, soil biogeochemistry. 
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2.1. Introduction 

In mangrove forests, Fe performs several vital roles as it is an essential nutrient for 

both plants (Alongi 2010) and marine plankton (Quéguiner 2013), and controls the cycle of 

crucial elements, including C, P, trace metals, and S (Sherman et al. 1998). The coupling of Fe 

and S cycles in estuarine soils directly affects the fate of potentially toxic elements (e.g., trace 

metals), which can be either immobilized in the soil or released into the environment (Huerta-

Diaz and Morse 1990; Machado et al. 2008; Andrade et al. 2012; Nóbrega et al. 2013). The 

coupling of these elements occurs via microbial iron and sulfate reduction pathways, which 

are the most common pathways for soil organic matter decomposition in mangrove soils 

(Alongi et al. 2000; Kristensen et al. 2008; Nóbrega et al. 2013). Thus, the intensity of Fe and 

sulfate reduction are controlled by soil properties (e.g., redox potential, pH, tidal frequency, 

and organic matter content; Ferreira et al., 2010; Kristensen et al., 2008; Marchand et al., 

2004; Nóbrega et al., 2016). 

As Fe oxyhydroxides have a strong affinity for trace metals and P (Du Laing et al., 2009; 

Miao et al., 2006; Queiroz et al., 2018a; Queiroz et al., 2021), their reductive dissolution may 

release these adsorbed elements into the pore water, potentially triggering water 

eutrophication (Rozan et al. 2002; Reef et al. 2010) and contamination. Conversely, the sulfate 

reduction process may act as a sink for trace metals, as the produced sulfides (e.g., 

mackinawite, greigite, pyrite, and other metallic sulfides) decrease the bioavailability of trace 

metals (Lin and Morse 1991; Huerta-Diaz and Morse 1992; Liamleam and Annachhatre 2007; 

Ye et al. 2010; Nóbrega et al. 2013) via co-precipitation. Additionally, Fe oxyhydroxides favor 

soil organic matter stabilization by enhancing organo-mineral interactions (Sun et al. 2019; 

Kida and Fujitake 2020), causing C sequestration in mangrove soils, which influences the ability 

of these ecosystems to act as blue carbon sinks (Rovai et al., 2018; Kauffman et al., 2018a). 

Estuarine soils may also represent a potential Fe source to the ocean, which plays a key role 

in a wide range of organism (e.g., bacteria, algae, and phytoplankton) and ocean 

biogeochemical cycles (Breitbarth et al. 2010; Boyd and Ellwood 2010; Taylor and Konhauser 

2011; Shaked and Lis 2012). Therefore, the regulation and maintenance of several ecosystem 

services provided by mangrove forests are largely dependent on the Fe biogeochemical cycle 

within mangrove soils (e.g., carbon sequestration, pollutant retention, and primary 

production; Blain et al., 2007; Lehtoranta et al., 2014; Twilley et al., 2019).  
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Although mangroves provide highly valuable ecosystem services (Int. approximately 

$47 trillion/year; Groot, 2021; Costanza et al., 2014), they are among the most threatened 

ecosystems worldwide (Friess et al. 2019). Mangrove forests are commonly affected by both 

natural and anthropogenic disturbances, such as hurricanes, deforestation, aquaculture, and 

climate change (Ahmed et al., 2017; Atwood et al., 2017; Bernardino et al., 2018; Kauffman et 

al., 2018b; Lovelock et al., 2011; Malik et al., 2015; Vo et al., 2012). Most of these disturbances 

reduce the ability of mangrove forests to provide a range of ecosystem services (e.g., 

biodiversity protection, supporting coastal food webs, and sequestering carbon and aquatic 

pollutants (Duke et al., 2007; Polidoro et al., 2010; Sippo et al., 2018). 

Moreover, climate change has directly impacted mangroves, lowering plant 

productivity, reducing forest cover, and causing mass mortality as a result of extreme weather 

events (Dam Roy and Krishnan 2005; Aung et al. 2013; Kauffman et al. 2014; Andreetta et al. 

2016; Duke et al. 2017; Gomes and Bernardino 2020; Gomes et al. 2021b). The loss of 

vegetation directly affects atmospheric CO2 uptake and aboveground carbon sequestration 

(Alongi 2012; Murdiyarso et al. 2015; Akhand et al. 2017; Lovelock et al. 2017). However, it is 

unknown how vegetation losses affect basic soil biogeochemical processes (i.e., Fe and sulfate 

reduction) in mangrove soils and how these losses impact the ecosystem services provided by 

mangroves. 

Therefore, this study aimed to evaluate how massive mangrove mortality alters the Fe 

biogeochemical dynamics of mangrove soils. We hypothesized that mangrove forest loss 

would significantly alter Fe biogeochemistry and the performance of ecosystem services by 

tropical mangrove forests. 
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2.2. Material and Methods 

2.2.1. Studied sites and soil sampling 

The Piraquê-Açú-Mirim estuary located in southeast Brazil has a Y-shaped morphology 

with 1746 ha of mangrove forests (Fig. 1) formed by the Piraquê-mirim (PM) and Piraquê-Açú 

(PA) rivers. The estuary is part of the eastern Brazil Marine Ecoregion, which has dry winters 

(April to September) and wet summers (October to March). Its climate is classified as a tropical 

wet and dry climate (Aw) according to the Köppen-Geiger climate classification (Alvares et al. 

2013; Bernardino et al. 2015). The area is located within a Marine Protected Area, with nearly 

1,600 ha of pristine mangrove forests (Bissoli and Bernardino 2018; Hadlich et al. 2018). This 

estuary experienced a severe drought after the 2015 El Niño (Gomes and Bernardino 2020), 

and massive mangrove mortality occurred in association with a severe hailstorm in June 2016, 

leading to a 24% (500 ha) loss of its forests (Servino et al. 2018).  

In August 2017, 14 months after the extreme weather events, the soils at four different 

mangrove forests were sampled in both the PM and PA (Fig. 1). Specifically, the samples were 

taken from two non-impacted mangrove forests (natural or preserved mangroves) (N-PM and 

N-PA) and two impacted mangrove forests (I-PM and I-PA) (i.e., dead mangrove forests). 
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Fig. 1. (A) Sampled sites in the Piraquê-açú (PA) and Piraquê-mirim (PM) rivers on the Espírito 
Santo coast (Brazil). The dashed lines indicate the dead mangrove forests in both rivers. 
Photographs of the (B) non-impacted mangrove forest at the PA river and (C) the impacted 
mangrove forest at PM. The satellite images were obtained from Google EarthTM. 

 

Five cores of undisturbed soil samples were collected using a polyvinyl chloride tube 

(0.05 m diameter and 0.5 m length) coupled to a sampler for waterlogged soils. The redox 

potential (Eh) and pH values were measured in the field using platinum and glass electrodes, 

respectively. The final Eh readings were adjusted by adding a reference calomel electrode 

value of +244 mV. The pH measurements were performed with a calibrated glass electrode 

(standardized solutions of pH = 4.0 and 7.0).  

Immediately after soil collection, all the samples were refrigerated at 4 °C. In the 

laboratory, soil cores were sectioned into five different depth intervals (0 ‒ 5 cm, 5 ‒ 10 cm, 

10 ‒ 15 cm, 15 ‒ 30 cm, and 30 ‒ 50 cm). Note that one of the undisturbed soil cores was used 
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to obtain the soil bulk density (ρ = mass of the soil solids/total soil volume) in order to calculate 

the soil carbon stocks (SCSs). 

 

2.2.2. Determination of soil organic carbon and soil carbon stocks 

In the laboratory, soil samples were acidified using 1 mol L‒1 hydrochloric acid to 

remove carbonates (Howard et al. 2014). Subsequently, the soil samples were dried at 45 °C 

until a constant weight was achieved, and then weighed. The content of soil organic carbon 

(SOC) was determined using a Flash Elemental Analyzer coupled to a Thermo Fisher Delta V 

isotope ratio mass spectrometer (analytical precision, C = 0.1%). The SCS for each site was 

quantified to a depth of 50 cm using the ρ and SOC content (SCS = SOC × ρ × 50 cm; McKenzie 

et al., 2000). 

 

2.2.3. Fe sequential extractions 

Solid-phase Fe fractionation was performed using a sequential extraction procedure 

following the methods of Ferreira et al. (2007) and Otero et al. (2009), which allows the 

differentiation of six operationally defined fractions, as follows: 

Exchangeable and soluble Fe (FeEX): extracted with 30 mL of a 1 mol L‒1 magnesium 

chloride solution at a pH adjusted to 7. The samples were agitated for 30 min and then 

centrifuged at 10,000 rpm for 30 min. 

Fe bound to carbonates (FeCA): extracted with 30 mL of 1 mol L‒1 sodium acetate 

solution at a pH of 5. The samples were agitated for 5 h and then centrifuged at 10,000 rpm 

for 30 min. 

Fe associated with ferrihydrite (FeFR): extracted with 30 mL of 0.04 mol L‒1 

hydroxylamine + acetic acid 25% (v/v) solution. The samples were agitated for 6 h at 30 °C and 

then centrifuged at 10,000 rpm for 30 min. 

Fe associated with lepidocrocite (FeLP): extracted with 30 mL of 0.04 mol L‒1 

hydroxylamine + acetic acid 25% (v/v) solution. Samples were agitated for 6 h at 96 °C and 

then centrifuged at 10,000 rpm for 30 min. 

Fe associated with crystalline Fe oxyhydroxides (goethite and hematite) (FeCR): 

extracted with 20 mL of 0.25 mol L‒1 sodium citrate + 0.11 mol L‒1 sodium bicarbonate solution 
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with 3 g of sodium dithionite. The samples were agitated for 30 min at 75 °C and centrifuged 

at 10,000 rpm for 30 min. 

Fe associated with pyrite (FePY) was extracted with 10 mL of concentrated nitric acid. 

The samples were agitated for 2 h then washed with 15 mL of ultrapure water. 

Before extracting the FePY, the samples were treated with 10 mol L‒1 hydrofluoric acid 

for 16 h under agitation to eliminate sheet silicates. Then, concentrated sulfuric acid was 

added to eliminate the Fe associated with organic matter (for further details, see Huerta-Diaz 

and Morse, 1990). 

Between each extraction procedure, the samples were washed with 20 mL of ultrapure 

water and then centrifuged to remove it. The Fe concentration in each extract was determined 

using inductively coupled plasma optical emission spectroscopy. 

The degree of Fe pyritization (DOP) was quantified based on the content of each 

fraction. The DOP determines the percentage of reactive Fe (ΣFeEX → FeCR) incorporated into 

pyrite (FePY) (Berner, 1970), and was calculated as follows: 

 

𝐷𝑂𝑃 =  [
𝐹𝑒𝑃𝑌

(𝐹𝑒𝑟𝑒𝑎𝑐𝑡𝑖𝑣𝑒  + 𝐹𝑒𝑃𝑌)
] × 100. 

 

In addition, the pseudo-total Fe content was calculated using the sum of all the Fe 

fractions (pseudo-total Fe = ΣFeEX + FeCA + FeFR + FeLP + FeCR + FePY). 

 

2.2.4. Statistical analyses  

A non-parametric Kruskal–Wallis test with a significance level of p < 0.05 was 

conducted to assess differences between the Eh, pH, Fe mean content, and SCS between the 

non-impacted and impacted mangrove forests (Reimann et al., 2008; XLSTAT version 

2014.5.03). The soil variable correlations were determined using Spearman's correlation 

coefficients (r), as this method does not require a normal distribution. Meanwhile, the 

relationships between the soil variables and the studied mangroves were evaluated using a 

discriminant analysis with two components (Reimann et al. 2008).  
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2.3. Results 

2.3.1. Physicochemical conditions 

The soil Eh varied widely between the studied areas, ranging from −256 mV to +344 mV, while 
the pH ranged from 5.4 to 7.6 (Fig. 2). In addition, the Eh values were significantly different 
between the non-impacted and impacted mangrove forests (k= 29.89; p < 0.001; Fig. 2). In the 
non-impacted sites, the mean Eh values were +107 ± 31 mV in N-PM and −36 ± 56mV in N-PA 
(Fig. 2), whereas in the impacted forests, higher Eh values were recorded (mean: +212 ± 107 
mV in I-PM and +46 ± 145 mV in I-PA; Fig 2).  
 

 
Fig. 2. (A) Redox potential (Eh) and (B) and pH values for Piraquê-mirim (PM) river, and (C) Eh 
and (D) pH values for Piraquê-açú (PA) river. The blue area represents the Eh interval indicative 
of Fe reduction (+100 to 0 mV), whereas the brown area represents the Eh interval indicative 
of sulfate reduction (0 to −200 mV), both at near neutral pH conditions (Søndergaard 2009). 
The different lowercase letters indicate a significant difference between the values 
determined by the Kruskal-Wallis test at a 5% probability level. 
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2.3.2. Soil carbon stocks 

Mean SCS values were significantly higher (k= 16.487; p < 0.001) in the non-impacted 
mangrove forests (Fig. 3) than in the impacted forests. Specifically, in the non-impacted, the 
SCS values were 35.7 ± 5.2 Kg m−2 for N-PM and 38.3 ± 10.1 Kg m−2 for N-PA. Conversely, in 
the dead mangrove forests, the SCS values were 27.1 ± 5.5 Kg m−2 (I-PM) and 28.8 ± 1.7 Kg m−2 
(I-PA; Fig. 3). 
 

 
Fig. 3. Soil carbon stocks (SCSs) for the studied mangrove forests at the (A) Piraquê-mirim (PM) 
and (B) Piraquê-açú (PA) rivers. Bars labeled with the same lowercase letters indicate the 
absence of significant differences according to the Kruskal–Wallis test at a 5% probability level. 
N-PM: non-impacted site at PM river; I-PM: impacted site at PM river; N-PA: non-impacted 
site at PA river; I-PM: impacted site at PA river. 

 

2.3.3. Fe sequential extraction and degree of Fe pyritization 

The sequential extraction data revealed clear differences between the non-impacted 

and impacted (i.e., dead) mangrove forests (Fig. 4). Regardless of the estuary, in the impacted 

forests, the pseudo-total Fe content was approximately 50% lower (i.e., I-PM and I-PA; mean 

of pseudo-total Fe content, 17000 ± 6900 mg kg−1; Fig. 4), as compared with the non-impacted 

areas (i.e., N-PM and N-PA; mean of pseudo-total Fe content: 34000 ± 8400 mg kg−1; Fig. 4). 

In the non-impacted areas, FePY was the predominant fraction (mean values for all 

depths, N-PM: 11,400 ± 2,650 mg kg‒1 and N-PA: 22,650 ± 3,500 mg kg‒1). Further, the FePY 

contents in the non-impacted areas were, on average, 47% higher than those in the impacted 

areas (Fig. 4). The low-crystallinity Fe oxyhydroxide (FeFR + FeLP) fractions were the second 

dominant fractions and were also significantly higher (k= 11.57; p < 0.001) in the non-impacted 

areas (N-PM: 8600 ± 920 mg kg−1, N-PA: 11,500 ± 2,120 mg kg‒1). The mean FeCR contents in 
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N-PM and N-PA were 5,250 ± 780 mg kg‒1 and 4650 ± 1260 mg kg‒1, respectively (Fig. 4). In 

contrast, FeEX in the non-impacted areas contributed only 5% of the pseudo-total Fe (mean 

value for all depths: N-PM: 2,000 ± 720 mg kg‒1 and N-PA: 1100 ± 140 mg kg‒1), and FeCA 

represented less than 1% of pseudo-total Fe (Fig. 4). 

Similarly, in the impacted areas, FePY was the predominant fraction (mean value for 

all depths, I-PM: 7,100 ± 3,900 mg kg‒1 and I-PA: 8,900 ± 7,500 mg kg‒1), followed by the low-

crystallinity Fe oxyhydroxides (i.e., FeFR + FeLP; mean value for all depths, I-PM: 4,300 ± 2,400 

mg kg‒1 and I-PA: 6,200 ± 5,190 mg kg‒1) and high crystallinity Fe oxyhydroxides (i.e., FeCR; I-

PM: 3,150 ± 1,500 mg kg‒1 and I-PA: 6,200 ± 5,190 mg kg‒1). The FeEX and FeCA fractions in 

the impacted areas accounted for only a small fraction of the pseudo-total Fe, representing 

less than 1% (Fig. 4). 
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Fig. 4. Fe solid-phase fractionation and degree of Fe pyritization (DOP, %) for the (A) non-
impacted mangrove forest at the Piraquê-mirim river (N-PM), (B) impacted site at the Piraquê-
mirim river (I-PM), (C) non-impacted site at the Piraquê-açú river (I-PA), and (D) impacted site 
at the Piraquê-açú river (I-PA). 

 

No significant differences were observed between the non-impacted and impacted 

forests regarding their DOP values. On average, the DOP values were 41% and 47% at N-PM 

and I-PA, respectively, and 55% and 46% at N-PA and I-PA, respectively (Fig. 4). 
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2.4. Discussion 

2.4.1. Biogeochemical changes upon magrove mortality 

The physicochemical results (Fig. 2) showed that the non-impacted mangroves were 

suboxic (+120 < Eh < +414 mV) to anoxic (Eh < 120 mV), whereas the dead mangrove forests 

were marked by a dominant suboxic environment (Essington 2015). Under this suboxic 

geochemical environment (Fig. 2), microbial Fe reduction is the main pathway for soil organic 

matter decomposition (Canfield et al. 1993; Reddy and DeLaune 2008). In this case, Fe-

reducing bacteria use Fe oxyhydroxides as electron acceptors for soil organic matter 

decomposition, leading to the production of Fe2+ (Lovley 1991). Moreover, under suboxic 

conditions, pyrite and other reduced sulfur compounds may also act as electron donors for 

the reduction of Fe3+, resulting in the anaerobic oxidation of pyrite (see Reactions 1 and 2; 

Moses et al., 1987; Moses and Herman, 1991; Reddy and DeLaune, 2008). 

 

𝐹𝑒𝑆2 + 14𝐹𝑒3+ + 8𝐻2𝑂 → 15𝐹𝑒2+  + 2𝑆𝑂4
2− + 16𝐻+, (Reaction 1) 

𝐹𝑒𝑆 + 𝐹𝑒3+ + 4𝐻2𝑂 → 2𝐹𝑒2+  + 𝑆𝑂4
2− + 4𝐻+, (Reaction 2) 

𝐹𝑒2+ +  3𝐻2𝑂 + 1
2⁄ 𝑂2(𝑎𝑞) → 2𝐹𝑒𝑂𝑂𝐻 +  𝐻+. (Reaction 3) 

 

However, the Fe2+ resulting from either the Fe3+ microbial decomposition pathway or 

the anaerobic pyrite oxidation may have different fates (Cuadros et al. 2017). Specifically, it 

may be washed out of the estuary during ebb tides, resulting in Fe losses (Yu et al. 2007; 

Chaudry and Zwolsman 2008; Frohne et al. 2011), or it may be re-oxidized to Fe3+, forming 

poorly crystalline Fe oxyhydroxides (Straub et al. 2001; Karimian et al. 2018), which will further 

feed both processes (i.e., Fe reduction and anaerobic pyrite oxidation; see Reaction 3; Rose 

and Waite, 2003; von Gunten and Schneider, 1991). 

The coupling of these processes may have been responsible for approximately 50% of 

the Fe loss from the dead mangrove soils (Fig. 4). In particular, the mean values of pseudo-

total Fe, FeEX, FeFR + FeLP, and pyrite in the dead forests were significantly lower than those 

in the non-impacted forests (Fig. 5). Moreover, the losses in the impacted mangrove forests 

may be enhanced by the runoff and erosion of smaller particles (e.g., clay, silt, and organic 

matter) during ebb tides, as dead trees cannot retain finer particles (Grellier et al. 2017; Arias-
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Ortiz et al. 2020; Gomes et al. 2021b). Mangrove living roots have been reported to promote 

the trapping of fine particles, improving the structure and vertical accretion of mangrove soils 

(Cahoon and Lynch 1997). Thus, the absence of vegetation and living roots decreases soil 

structure and enhances soil erosion during ebb tides (Xiong et al. 2019). As Fe oxyhydroxides 

and pyrite are commonly found in soil fractions < 2 μm in size (Ding et al. 2014; Andrade et al. 

2018), these mineral fractions can be easily washed out during this process. 

 

 
Fig. 5. (A) Mean contents of exchangeable Fe (FeEX), (B) low crystallinity Fe oxyhydroxides 
(FeFR + FeLP), (C) pyritic Fe (FePY), and (D) pseudo-total Fe in the non-impacted and impacted 
mangrove forest soils. (E) Mean soil carbon stocks (SCS; upper 50 cm) in the non-impacted 
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and impacted mangrove forests. The different lowercase letters indicate a significant 
difference between the variables as determined by the Kruskal-Wallis test at a 5% probability 
level.  
 

The suboxic conditions observed in the impacted areas may also indicate the action of 

more energetic decomposition pathways (e.g., NO3
‒, MnO2, and Fe reduction), which increase 

organic matter decomposition rates and lead to lower SCSs. These highly efficient respiration 

pathways, along with erosive processes, were most likely responsible for the sharp decline in 

the SCS contents in the impacted areas. As compared with the non-impacted areas, the SCS 

decreased by 33% in the dead mangroves (Fig. 5E). In the long term, dead mangrove forests 

cannot offset their CO2 emissions from soil organic matter decomposition through 

photosynthesis (Castillo et al. 2017; Martinez and Ardón 2021). Thus, a constant decline in 

SCSs in impacted areas is expected over time. 

Meanwhile, non-impacted mangrove soils showed a commonly reported 

biogeochemical equilibrium, in which Fe and sulfate reduction are coupled (Lin and Morse 

1991; Nóbrega et al. 2013). Specifically, under suboxic/anoxic conditions, both microbial Fe 

and sulfate reduction are favored (Reddy and DeLaune 2008; Essington 2015). Under these 

physicochemical conditions, both acid-volatile sulfides and Fe sulfides (FeS and FeS2) are the 

major end products (Minuzzi et al. 2007; Otero et al. 2017; Queiroz et al. 2018b), which 

explains the higher FePY fraction recorded in the non-impacted mangrove forest soils (i.e., N-

PM and N-PA; Fig. 5C). In healthy mangrove forests, root exudates (i.e., labile dissolved organic 

carbon) stimulate sulfate-reducing bacteria and enhance pyritization (Alongi 2005; Kristensen 

and Alongi 2006). In addition, in pristine mangrove forests, soil fauna activity (e.g., crab 

burrowing) and root activity play key roles in Fe2+ oxidation, leading to Fe immobilization as 

low-crystallinity Fe oxyhydroxides (Kristensen and Alongi 2006; Araújo Júnior et al. 2012; 

Mokhtari et al. 2016).  

Therefore, the higher content of Fe oxyhydroxides observed in the non-impacted 

mangroves (Fig. 4) under suboxic/anoxic conditions may increase sulfate reduction because 

Fe oxyhydroxides are consumed during the formation of pyrite (Jakobsen and Postma, 1999; 

Machado et al., 2004; Queiroz et al., 2018b). Various studies have reported that an increase 

in sulfate reduction promotes an increase in pyritization in wetland soils with abundant 

reactive Fe forms (Luther 2005; Machado et al. 2008; Keene et al. 2011; Julian et al. 2017). In 

this study, the significant positive correlation between the DOP and low-crystallinity Fe 
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oxyhydroxides (r = 0.733; p = 0.0198; Fig. 6) corroborates the positive effect of higher Fe 

availability, especially low-crystallinity Fe (Nealson and Myers 1992; Patrick and Jugsujinda 

1992), on pyrite formation in the non-impacted mangrove forests. In contrast, the absence of 

the same correlation (r = −0.175; p = 0.6320; Fig. 6) in the dead mangroves corroborates the 

lack of these Fe immobilization mechanisms (i.e., pyritization and Fe2+ oxidation). 

 

 
Fig. 6. Spearman correlations between the mean contents of the low crystallinity Fe 
oxyhydroxides (i.e., FR and LP) and the degree of Fe pyritization (DOP) at non-impacted (N-
PM and N-PA) and impacted studied mangrove forests (I-PM and I-PA). PM: Piraquê-mirim; 
PA: Piraquê-açú. 
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2.4.2. Environmental consequences 

Our data revealed that one year after the extreme events that resulted in the 

mangrove death, the forests exhibited drastically different Fe biogeochemistries (Fig. 7). 

These changes (i.e., losses of Fe oxyhydroxides, FePY, and SCS; Fig. 5) suggest an imminent 

decline in the ecosystem services provided by the impacted mangrove forests, especially 

regarding carbon sequestration and contaminant immobilization. As Fe oxyhydroxides 

contribute to soil organic matter stabilization (Dicen et al. 2019; Sun et al. 2019; Kida and 

Fujitake 2020), the lower Fe content in the dead mangrove soils (Fig. 7) may affect this 

stabilization mechanism. In addition, more oxidizing conditions (Fig. 2) increase the soil 

organic carbon decomposition rates (Aller 1994; Kristensen et al. 2008; Kim et al. 2021). In 

particular, our results indicated a significant decrease in the SCSs (Fig. 5E) of the impacted 

mangroves within one year, which is likely because of the increase in organic matter 

decomposition and soil erosion (Gomes et al. 2021a).  

Moreover, the lower contents of reactive Fe and FePY in the impacted mangroves (Fig. 

7) directly affect the ability of these mangrove forests to control the bioavailability of trace 

metals. Several studies have highlighted pyrite as one of the most important sinks for metals 

in mangrove forests (Huerta-Diaz and Morse 1992; Otero and Macias 2003; Machado et al. 

2008; Ye et al. 2010; Nóbrega et al. 2013). Thus, with decreased pyritization, the dead 

mangrove forests acted as sources of metals for estuarine and oceanic waters. Further 

investigations regarding how mangrove mortality may affect trace metal availability could 

provide valuable information on this matter. Similarly, the significant Fe losses from the dead 

mangrove soils (50% of pseudo-total Fe; Fig. 5D) may represent an important source of Fe to 

the ocean.  

Fe is an essential nutrient for a wide range of organisms in the ocean, and several 

studies have reported positive effects of ocean Fe fertilization on phytoplankton growth and 

carbon sequestration (Buesseler and Andrews 2004; Blain et al. 2007; Powell 2008; Quéguiner 

2013). However, some studies have pointed out the risks of excessive Fe input from external 

sources to the ocean (Silver et al. 2010; Trick et al. 2010; Olesen et al. 2021), revealing that Fe 

enrichment in the ocean may stimulate the growth of the toxigenic diatom genus 

Pseudonitzschia and the production of the neurotoxin domoic acid, which impacts marine 

productivity. In this study, we estimated a potential loss of 170 tons of Fe/year by comparing 
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the sums of the pseudo-total Fe from the non-impacted areas (sum of pseudo-total Fe in N-

PM and N-PA, 67,800 mg kg‒1) and impacted areas (sum of pseudo-total Fe in I-PM and I-PA, 

33,950 mg kg‒1), and considering the areas with mangrove mortality (500 ha). 

  

 

Fig. 7. Spearman correlations between the mean contents of the low crystallinity Fe 
oxyhydroxides (i.e., FR and LP) and the degree of Fe pyritization (DOP) at non-impacted (N-
PM and N-PA) and impacted studied mangrove forests (I-PM and I-PA). PM: Piraquê-mirim; 
PA: Piraquê-açú. 

 

The drastic shift in the Fe biogeochemical dynamics in the dead mangrove forests 

reveals that these tropical ecosystems are highly sensitive to climate change. Therefore, 

future research should focus on providing broad estimates of how climate change will affect 

soil biogeochemical processes, and consequently, the ecosystem services provided by 
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mangrove forests (e.g., freshwater and nutrient cycles). The results of this study also confirm 

the need for concern regarding the impacts of extreme weather events in mangrove forests 

worldwide, especially in the face of a future climate change scenario where extreme weather 

events are expected to effect more locations with higher frequencies (Gilman et al. 2008; 

Godoy and Lacerda 2015; Sippo et al. 2018). 

2.5. Conclusions 

The findings of this study revealed that mangrove mortality significantly altered the 

soil biogeochemical conditions and established a suboxic environment. The new geochemical 

conditions favored more energetic soil organic matter decomposition pathways, which led to 

a 33% decline in the SCSs. In the dead mangrove forests, microbial Fe reduction coupled with 

anoxic pyrite oxidation were the main pathways for soil organic matter decomposition. The 

coupling of these mechanisms led to a 50% loss of Fe (i.e., approximately 170 tons of Fe) from 

the dead mangrove forests within one year. 

Our data suggest that the dynamics of other elements (e.g., S and C) are also affected 

by Fe biogeochemical changes. As a result, a decreased ability to provide carbon sequestration 

and immobilize potentially toxic elements (e.g., trace metals) is expected in the impacted 

mangrove forests.  

This study shows that mangrove forests, which are widely known for their potential to 

mitigate climate change, are especially sensitive to climate change effects (e.g., hailstorms, 

droughts, and windstorms), which causes them to lose their capacity to provide key ecosystem 

services (e.g., immobilization of contaminants and carbon sequestration). Furthermore, dead 

mangrove forests may act as Fe, P, and metal sources to estuarine and oceanic waters. 

Therefore, the restoration of dead mangrove forests is pivotal for preserving soil 

biogeochemical cycles, which are strongly associated with the ecosystem services provided by 

these tropical forests. 
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3. THE SAMARCO MINE TAILING DISASTER: A POSSIBLE TIME-BOMB FOR 

HEAVY METALS CONTAMINATION? 

Abstract 
In November 2015, the largest socio-environmental disaster in the history of Brazil 

occurred when approximately 50 million cubic meters of mine tailings were released into the 
Doce River (SE Brazil), during the greatest failure of a tailings dam worldwide. The mine tailings 
passed through the Doce River basin, reaching the ecologically important estuary 17 days 
later. On the arrival of the mine wastes to the coastal area, contamination levels in the 
estuarine soils were measured to determine the baseline level of contamination and to enable 
an environmental risk assessment. Soil and tailings samples were collected and analyzed to 
determine the redox potential (Eh), pH, grain size and mineralogical composition, total metal 
contents (Fe, Mn, Cr, Zn, Ni, Cu, Pb and Co) and organic matter content. The metals were 
fractionated to elucidate the mechanisms governing the trace metal dynamics. The mine 
tailings are mostly composed of Fe (mean values for Fe: 45,200 ± 2850; Mn: 433±110; Cr: 63.9 
± 15.1; Zn: 62.4 ± 28.4; Ni: 24.7 ± 10.4; Cu: 21.3 ± 4.6; Pb: 20.2 ± 4.6 and Co: 10.7 ± 4.8 mg kg-

1), consisting of Fe-oxyhydroxides (goethite, hematite); kaolinite and quartz. The metal 
contents of the estuarine soils, especially the surface layers, indicate trace metal enrichment 
caused by the tailings. However, the metal contents were below threshold levels reported in 
Brazilian environmental legislation. Despite the fact that only a small fraction (< 2%) of the 
metals identified are readily bioavailable (i.e., soluble and exchangeable fraction), trace 
metals associated with Fe oxyhydroxides contributed between 69.8 and 87.6 % of the total 
contents. Control of the trace metal dynamics by Fe oxyhydroxides can be ephemeral, 
especially in wetland soils in which the redox conditions oscillate widely. Indeed, the 
physicochemical conditions (Eh < 100 mV and circumneutral pH) of estuarine soils favor Fe 
reduction microbial pathways, which will probably increase the trace metal bioavailability and 
contamination risk. 

 
Keywords: Iron oxides; Fe reduction; Estuarine soils; Doce River; Environmental impact. 
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3.1. Introduction 

In November 2015, the collapse of the Fundão dam (Samarco mining company) in 

Brazil led to the spillage of more than 50 million cubic meters of mine tailings into the Doce 

River (Rio Doce, in Portuguese). The tailings were then transported 600 km downriver to the 

Regência estuary (Espirito Santo state, SE Brazil; Marta-Almeida et al., 2016). The incident 

represents one of the largest failures of a tailings dam ever recorded (Hatje et al., 2017) and 

caused extensive ecological and cultural damage (Carmo et al., 2017). The event led to the 

death of 19 people and thousands of fishes and invertebrates and is considered the largest 

socio-environmental disaster in the history of Brazil (Escobar, 2015; Fonseca and Fonseca, 

2016). 

Multidisciplinary studies have been conducted using different approaches to identify 

the ecological magnitude of the collapse and to investigate the impacts on the quality of the 

inland soils (Guerra et al., 2017; Silva et al., 2017), on estuarine benthic assemblages (Gomes 
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et al., 2017), macrophyte growth (Bottino et al., 2017) and water quality (e.g. concentrations 

of dissolved metals and suspended solid material) along the river (Hatje et al., 2017). Although 

the baseline level of contamination was determined and early impact assessment of metal 

contamination on the Doce River basin was carried out (Gomes et al., 2017), the local drivers 

of trace metal bioavailability in the soils are not yet known. Knowledge of these drivers is 

crucial to understanding the environmental risks associated with the incident.  

Estuarine wetland soils, which are very active ecological systems with a wide range of 

ecological functions and roles, are characterized as highly productive ecosystems (Barbier et 

al., 2011; Reed, 2005). Trace metal dynamics in these ecosystems are controlled by factors 

such as the frequency and duration of inundation, freshwater inputs, bioturbation and climatic 

variation, which control the redox potential (Eh), pH and organic matter content (OM) 

(Chapman and Wang, 2001; Ferreira et al., 2010; Laing et al., 2007; Machado et al., 2010). 

Because of the highly dynamic and variable characteristics of estuarine soils (Otero and 

Macias, 2002; Otero et al., 2017a, 2017b), sequential fractionation is a useful tool for 

environmental studies, providing valuable information about the association between 

elements and the solid phase and enabling  assessment of the environmental impacts (Bacon 

and Davidson, 2008; Clark et al., 2000).  

The objective of this study was to assess the contamination levels in the wetland soils 

affected by the tailing spillage in the Doce River estuary, thus providing baseline levels of 

contamination and identifying the drivers of the dynamics of the contaminants. This study also 

aims to contribute to assessing the potential effects that metal bioavailability may have on 

the impacted estuarine ecosystem. 

 

3.2. Materials and methods 

The study region is characterized by a humid tropical climate (Alvares et al., 2013), 

classified as Am according to the Köppen-Geiger Climate classification (Peel et al., 2007). There 

are two distinct seasons, a dry winter (April to September) and a wet summer (October to 

March); the mean annual temperature is 22 ºC and the maximum and minimum temperatures 

are 28-30 ºC and 15 ºC respectively (Albino et al., 2006; Bernardino et al., 2015). 

Soil samples were collected at 4 different sites in the Doce River estuary (Espírito Santo 

state, SE Brazil), 7 days after the arrival of the contamination plume (Figure 1). A sampler for 
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flooded soils was used to collect soil samples (n=6) in PVC tubes, which were hermetically 

sealed and transported in a vertical position (at approximately 4 °C) to the laboratory. During 

the sampling procedure, the Eh values were determined using a platinum electrode, corrected 

by adding the value for the calomel reference electrode potential (+244 mV); the pH readings 

were obtained with a calibrated glass electrode (calibrated with pH = 4.0 and 7.0 standard 

solutions). In the laboratory, the soil cores were cut into 0-3, 3-5, 5-10 and 15-30 cm sections.  

 

 
Figure 1. (A) Location of the Doce River basin and (B) the sites sampled. In detail: (C) the 
water in the Doce River after the tailings spillage and (D) deposition of the tailings along the 
coastal wetland soils.  
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Additional tailings samples were collected from the estuary (Figure 1D) and 

characterized according to their mineralogical composition by XRD analysis, by using Cu-Kα 

radiation, at 0.02° 2θ s-1 in the range of 3-60° 2θ as a non-oriented powder (Chen, 1977). Soil 

and tailings samples were analyzed for grain size composition and organic matter (OM) 

contents. The grain size composition was determined by sieving and was classified as follows: 

coarse sand (2000 to 200 µm), fine sand (200 to 50 µm), and mud (i.e., clay + silt; < 50 µm). 

The OM was determined by loss-on-ignition at 450º C (Goldin, 1987; Nóbrega et al., 2015).  

The total metal contents of the soils and tailings were determined after microwave-

assisted triacid digestion (HCl + HNO3 + HF; USEPA, 1996). Additionally, fractionation of the 

solid phase Fe, Mn, Cr, Zn, Cu, Ni, Pb, and Co was performed by a combination of the methods 

proposed by Tessier et al. (1979), Huerta-Diaz and Morse (1990) and Fortín et al. (1993), to 

obtain six operationally distinct fractions: the exchangeable and soluble fraction (EX); the 

fraction bound to carbonates (CA); the fraction associated with ferrihydrite (FR); the fraction 

associated with lepidocrocite (LP); the fraction associated with crystalline Fe oxy-hydroxides 

(CR) and the fraction associated with pyrite (PY). For further details, see Araújo Júnior et al. 

(2016), Machado et al. (2014) and Nóbrega et al. (2013). The trace metal concentrations in 

each extract were determined by ICP-OES. The degree of Fe and trace metal (Me) pyritization 

(DOP and DTMP, respectively) were calculated by considering the sum of FeEX to FeCR and MeEX 

to MeCR as the reactive phase (FeREACTIVE  = ΣFeEX → FeCR; and MeREACTIVE = ΣMeEX → MeCR; 

Ferreira et al., 2010). The DOP and DTMP were calculated as follows: 

 

DOP (%) = FePY/(FePY + FeREACTIVE) x 100 

DTMP (%) = MePY/(MePY + MeREACTIVE) x 100 

 

3.3. Results 

3.3.1. Analysis of tailings 

The tailings deposited in the estuary are characterized by a predominance of fine 

particles (e.g., mud + fine sand: 73.6%), with redox conditions ranging from anoxic to sub-oxic 

and a circumneutral pH (Table 1). 
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Table 1. Particle-size distribution, chemical properties and organic matter contents of the 
deposited mine tailings 

Variable  

Coarse sand (%) 26.5 
Fine sand (%) 31.9 
Mud (%) 41.7 
pH 6.5 ± 1.0 
Eh (mV) 76 ± 172 
Organic matter (%) 9.4 ± 0.9 

 

The XRD analysis indicates that tailings are mainly composed by hematite, goethite, 

kaolinite and quartz (Figure 2). The dominance of these minerals is associated with the 

characteristics of the mined ore (e.g. Itabirite rocks) (Silva et al., 2017). The tailings were 

characterized by the following metal contents (in decreasing order of content): mean Fe 

content, 45,200±2,850 mg kg-1; mean Mn content, 433±110 mg kg-1; mean Cr content,  

63.9±15.1 mg kg-1; mean Zn content: 62.4±28.4 mg kg-1; mean Ni content: 24.7±10.4 mg kg-1; 

mean Cu content: 21.3±5.5 mg kg-1; mean Pb content: 20.2±4.6 mg kg-1; and mean Co content: 

10.7±4.8 mg kg-1 (Table 2). 

 

 
Figure 2. XRD analysis of the non-oriented sample of deposited tailings: K (kaolinite), il (illite), 
Gb (Gibbsite), Qr (Quartz), Gt (Goethita), Hm (Hematite) 

 



64 
 

The fractionation indicates that 89.4±2.3 % of the Fe content of the tailings was 

associated with crystalline oxides, followed by poorly crystalline Fe oxyhydroxides (percentage 

of the total content for FeLP: 5.6±0.1 and FeFR: 4.3±0.0 %). On the other hand, the Fe content 

associated with exchangeable and carbonates accounted for approximately 1.0±0.1 %, 

representing a small contribution to the total content.  
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Table 2. Total contents and fractionation of Fe, Mn, Cr, Zn, Ni, Cu, Pb and Co associated with the tailings. 

 Fe Mn Cr Zn Ni Cu Pb Co 

-------------------------------------------------------------mg kg-1-------------------------------------------------------------- 

Total 

 45,000±2,850 433±110 63.9±15.1 62.4±28.4 24.7±10.4 21.3±5.5 20.2±4.6 10.7±4.8 

Fractions 

EX 11.2±5.6 1310±115 0.0±0.0 4.1±3.8 0.3±0.5 0.0±0.0 0.0±0.0 1.3±1.1 

CA 800±530 44.0±33.0 0.0±0.0 2.9±1.7 0.8±0.7 1.0±0.4 0.0±0.0 2.0±0.9 

FR 4,830±592 76.9±49.4 2.7±0.6 3.2±1.1 0.4±0.7 1.4±0.8 3.4±1.7 0.5±0.5 

LP 6,330±1,230 76.9±27.5 4.5±0.9 4.8±1.3 0.3±0.3 1.1±0.6 6.4±1.4 1.0±0.4 

CR 101,000±32,300 60.4±22.0 12±2.5 5.0±1.7 3.5±1.5 2.7±1.5 0.0±0.0 2.6±0.8 

PY 5.6±5.6 0.0±0.0 0.5±0.8 0.0±0.1 0.3±0.1 0.9±0.4 1.9±2.1 0.2±0.2 

DOP (%) 0.0 -  - - - - - 

DTMP (%) - 0.0 2.4 0.2 5.2 7.5 16.1 2.6 

Exchangeable and soluble – EX; associated with carbonates – CA; associated with ferrihydrite – FR; associated with lepidocrocite – LP; associated 

with crystalline Fe oxy-hydroxides - CR; and associated with pyrite – PY; Degree of Fe pyritization – DOP; Degree of trace metal pyritization 

(DTMP). 
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The Ni, Cr, Co, Cu, and Zn contents were mainly associated with forms of crystalline Fe 

oxyhydroxides (percentage of the total content: NiCR, 67.0±13.8; CrCR, 60.9±2.7; CoCR, 

37.0±20.6; CuCR, 36.4±8.4; and ZnCR, 25.7±9.5 %). Manganese mainly occurred as the soluble 

and exchangeable fraction (MnEX: 32.2±28.5 %) and associated with easily reducible Fe forms 

(MnFR: 21.0±15.2 and MnLP: 19.8±3.3 %), whereas Pb was mainly associated with easily 

reducible Fe oxyhydroxides (PbLP: 55.2±4.9 and PbFR: 29.2±11.8 %). The degree of trace metal 

pyritization (DTMP) was higher for Pb (PbDTMP = 15.6±14.3 %), Cu (CuDTMP: 14.9±10.5 %), Ni 

(NiDTMP: 6.0±2.3 %) Co (CoDTMP: 2.2±2.0 %), and Cr (CrDTMP = 1.9±3.2 %), whereas the degree of 

Fe and Mn pyritization was zero (Table 2). 

 

3.3.2 Soil properties and composition 

Regarding the soil physicochemical conditions, the Eh values indicate anoxic conditions 

(Eh <100 mV; Otero et al., 2009), with values ranging from +6 to +134 mV (Figure 3A). On the 

other hand, pH values were circumneutral, with a small variation in depth (values ranging 

between 6.9±0.6 and 7.0±0.5; Figure 3B). The particle size indicated a predominantly sandy 

texture (mean values for all depths: coarse sand: 52.5±16.1%; fine sand: 25.2±15.5%; mud: 

22.3±5.1%). However, higher contents of the finer fractions were observed in the surface soil 

layer (fine sand and mud, Figure 3C), resulting from deposition of the tailings. Furthermore, 

the OM varied greatly between the sampling sites, considered a characteristic feature of soils 

in sedimentary environments (Goñi et al., 2003), with values ranging between 2.7±2.3 and 

6.3±3.5 % (Figure 3D). 

 



68 
 

 
Figure 3. Characterization of estuarine soils: (A) Redox potential; (B) pH; (C) grain size 
composition; and (D) organic matter content 

 

3.3.3 Total contents and metal partitioning in soils 

Iron was found to be the most common metal in the soils (mean content 

34,900±17,731.8 mg kg-1), followed by Mn (mean content 586±500 mg kg-1), Cr (content 

51.3±32.4 mg kg-1), Zn (content 49.3±34.4 mg kg-1), Ni (content 20.4±15.1 mg kg-1), Cu (content  

17.9±13.7 mg kg-1), Pb (content 16.1±11.8 mg kg-1) and Co (content  9.9±6.3 mg kg-1; Figure 4).  
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Figure 4. Total trace metal contents in the studied soils. The black dashed line represents the 
metal contents at the soil surface (0-2 cm), 2 days before the accident (Gomes et al., 2017). 
The red dashed line represents threshold values according to Brazilian legislation (CONAMA, 
2009) 
 

The tailings were not homogeneously deposited along the estuary, owing to the 

hydrodynamic conditions of each sampling site. Thus, the deposition was thicker at some sites 

than others (see supplementary table and figure). However, for all metals studied, the highest 

contents were generally recorded in the 0-3 cm layer, indicating the influence of the tailings 

(Figure 4).  

The sequential extraction showed that the evaluated metals were mostly associated 

with Fe oxyhydroxides (FR + LP + CR; Figure 5). In fact, CR was the most important fraction for 

Fe (61,000±49,600 mg kg-1), Cr (7.4±5.1 mg kg-1), Zn (3.4±2.6 mg kg-1), Ni (2.0±1.5 mg kg-1), and 

Co (1.8±1.2 mg kg-1), at all depths, whereas Mn (352±419 mg kg-1) and Cu (1.8±1.9 mg kg-1) 

were mainly associated with ferrihydrite and Pb (3.4±3.0 mg kg-1) was mainly associated with 

lepidocrocite. Pyrite was a negligible fraction of all metals, representing less than 1%. 
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Figure 5. Solid-phase fractionation of the studied metals. Soluble and exchangeable fraction 
(EX), fraction bound to carbonates (CA), fraction associated with ferrihydrite-Fe and trace 
metals (FR); fraction associated with lepidocrocite and associated trace metals (LP); fraction 
associated with crystalline Fe oxides and associated trace metals (CR); and the fraction 
associated with pyrite (PY). 

 

3.4. Discussion 

The contents of all of the metals (except Ni and Cr) were below the threshold levels 

reported by Brazilian environmental law (CONAMA, 2009). However, despite being unevenly 

deposited, the tailings clearly affected the soil composition. Comparison of the mean metal 

contents recorded 2 days before the incident (Gomes et al., 2017) with those determined after 

the incident revealed that the latter values were at least 24 times higher (e.g. for Mn), and 

that the Zn and Cu contents were more than 200 times higher (Figure 4). In addition, the higher 

metal contents in the upper soil layers are consistent with the influence of the deposition of 

tailings on estuarine soil composition (e.g., mean Fe content in the 0-3 cm upper layer: 

46,500±16,600 mg kg-1 compared to the deepest layer, 29,700±20,800 mg kg-1; Figure 4). The 

highly significant correlation between Fe and the other metals considered supports the effects 

of tailings in trace metal deposition (Figure 6).  
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Figure 6. Correlation between total Fe and trace metal contents.   
 

Considering the environmental conditions affecting the estuarine soil, which are 

different from those in dryland areas, the threshold values may not represent the real 

environmental risk. Thus, the reduction of Fe3+ (i.e. insoluble oxyhydroxides) to Fe2+ via the 
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microbial pathway (i.e. microbial reduction of iron: MRFe), through organic matter 

degradation processes inherent in coastal wetlands, has an important effect on metal 

bioavailability (Araújo Júnior et al., 2016; Bonneville et al., 2009, 2004; Lovley et al., 2004).  

Iron oxyhydroxides are known to affect the bioavailability of trace metals and nutrients 

due to their high surface area and reactivity (Appelo and Postma, 2005; Rozan et al., 2002) 

and their ability to form complexes with metallic cations and anions (Zachara et al., 2001). 

However, redox fluctuations caused by flooding events in estuaries lead to sub-oxic 

conditions, which govern organic matter decomposition by MRFe (Lovley and Phillips, 1986; 

Zachara et al., 2001). Thus, the role of Fe oxyhydroxides in controlling trace metal 

bioavailability in the Doce River estuary may be transitory, as the Fe reduction leads to release 

of the associated trace metals and thus increasing their bioavailability (Zachara et al., 2001). 

Indeed, measurement of the physicochemical conditions in the studied soils indicated that the 

Fe oxyhydroxides may be solubilized and thus release the associated metals (Figure 7). 

Expansion of the riparian vegetation over the deposited mine tailings would increase the 

solubility of Fe oxyhydroxides via stimulation of MRFe activity by root exudates (Du Laing et 

al., 2009) or promoting the formation of organo-metallic complexes, which  would increase 

trace metal bioavailability (Jones, 1998). 
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Figure 7. Eh-pH diagram (system Fe-C-O-H) for the studied soils (adapted from Brookins, 
1988). 

 

The environmental risk resulting from the reduction of the ferric iron could be 

minimized by the precipitation of trace metals as sulfides, e.g. pyrite (FeS2), chalcocite (CuS2) 

and sphalerite (ZnS) (Andrade et al., 2012; Cooper and Morse, 1998; Ferreira et al., 2007; 

Machado et al., 2014). However, the Doce River estuary has a minor tidal influence with 

typically low salinity levels (< 5 practical salinity units; Gomes et al., 2017). Thus, the low 

sulfate concentration limits pyrite formation (Canfield et al., 1993; Postma and Jakobsen, 

1996), as indicated by the low Fe and metals degree of pyritization. Under more saline 

conditions, the formation of pyrite and sulfides may reduce the metal bioavailability, leading 

to the incorporation of soluble-bioavailable metals in more stable phases (Álvarez-Valero et 

al., 2009; Cooper et al., 1998; Otero et al., 2006) and reducing the associated environmental 

risks. 
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The conditions in the Doce River estuary contrast with those in most estuarine areas, 

as sulfate reduction is not favored. This increases the contamination risk of its biota if metals 

are released from Fe reduction. It is plausible to expect that Fe oxyhydroxides deposited on 

the estuarine soils in the Doce River may be solubilized (by MRFe and organic ligands), leading 

to a chronic trace metal contamination and potentially to the accumulation of trace metals in 

the biota (Figure 8). It is therefore likely that chronic impacts of tailings deposition in the 

estuary will last longer than expected, as the Fe redox cycle can trigger different 

biogeochemical processes. 
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Figure 8. Schematic summary of processes involving trace metal mobilization in the Doce River 
estuary. The rupture of the Fundão dam (Samarco mining company) led to the formation of a 
red layer containing Fe-oxide (and associated metals) in the estuary Although the Fe-oxides 
were enriched in trace metals, the bioavailable contents of the trace metals were low. 
However, an increase in organic matter content in the soil by plant activity (1) may stimulate 
the reduction of Fe oxides (3) and the consequent release of trace metals to the water body 
(aqueous phase). Additionally, increasing vegetation cover may intensify the release of 
organic ligands (2), which may favour the incorporation of trace metals into the plant biomass 
(phytoextraction) and/or also their mobilization towards the water body (4). 

 

3.5. Conclusions 

The Samarco mine disaster involved the spillage of millions of tons of Fe-enriched 

tailings into the Doce River estuary. The dominant crystalline iron forms that settled in the 

estuarine wetland soils are closely associated with potentially toxic metals. Despite the 

accumulation of trace metals, the iron forms are mainly associated with less bioavailable 
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fractions (e.g., Fe-oxyhydroxides). However, transitory/cyclic anoxic conditions (common in 

estuarine soils and associated with plant or animal activity) may solubilize the Fe 

oxyhydroxides, thus releasing the associated metals and possibly leading to chronic 

contamination. 
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Supplementary Material 

Table S1- Total metal contents (mg kg‒1) in sampled sites at the Doce river estuary. 

Site Location Depth (cm) 
Co Cr Cu Fe Mn Ni Pb Zn 

mg kg‒1 

 
415079.26 E 

7828772.83 S 

0-3 14 82 26 59696 1152 35 26 74 

1 
3-5 4 20 2 21944 201 5 3 12 

5-10 5 19 2 28234 213 4 3 14 
 15-30 8 40 10 22225 237 15 11 33 
           

 
415112.14 E 

7828756.19 S 

0-3 15 80 28 44743 552 35 25 89 

2 
3-5 17 87 29 45724 1004 38 27 90 

5-10 18 88 30 45967 1142 38 32 89 
 15-30 18 100 34 50923 1148 42 34 101 
           

 
415107.13 E 

7828896.06 S 

0-3 11 60 19 42646 336 25 17 65 

3 
3-5 15 76 25 41437 486 33 22 79 

5-10 15 79 26 43454 719 34 25 82 
 15-30 19 101 35 50939 1160 43 35 102 
           

 
414962.39 E 

7827762.19 S 

0-3 17 96 33 71063 1547 40 31 82 

4 
3-5 5 32 9 28522 295 15 6 20 

5-10 2 11 2 10093 109 4 2 8 
 15-30 2 9 1 4334 72 2 1 6 
           

 
414348.45 E 

7830429.01 S 

0-3 7 30 7 24824 574 13 7 34 

5 
3-5 10 40 10 32511 748 17 10 42 

5-10 12 61 19 50883 1155 27 17 56 
 15-30 17 72 22 45467 1669 27 26 76 
           

 
413376.99 E 

7827618.65 S 

0-3 5 35 21 36275 205 11 9 31 

6 
3-5 3 18 49 20130 92 2 15 18 

5-10 2 24 5 11906 51 3 1 14 
 15-30 5 25 6 39584 167 4 11 28 
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Fig. S1. Trace metals total contents for the site 1 sampled. At left, a soil profile. Black dashed 
line represents metal contents in soil surface (0-2 cm) 2 days before the accident (Gomes et 
al., 2017). Red dashed line represents prevention values according to Brazilian legislation 
(CONAMA, 2009) 
 

 
Fig. S2. Trace metals total contents for the site 2 sampled. At left, a soil profile. Black dashed 
line represents metal contents in soil surface (0-2 cm) 2 days before the accident (Gomes et 
al., 2017). Red dashed line represents prevention values according to Brazilian legislation 
(CONAMA, 2009) 
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Fig. S3. Trace metals total contents for the site 3 sampled. Black dashed line represents metal 
contents in soil surface (0-2 cm) 2 days before the accident (Gomes et al., 2017). Red dashed 
line represents prevention values according to Brazilian legislation (CONAMA, 2009) 
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Fig. S4. Trace metals total contents for the site 4 sampled. Black dashed line represents metal 
contents in soil surface (0-2 cm) 2 days before the accident (Gomes et al., 2017). Red dashed 
line represents prevention values according to Brazilian legislation (CONAMA, 2009) 
 

 
Fig. S5. Trace metals total contents for the site 5 sampled. At left, a soil profile. Black dashed 
line represents metal contents in soil surface (0-2 cm) 2 days before the accident (Gomes et 
al., 2017). Red dashed line represents prevention values according to Brazilian legislation 
(CONAMA, 2009) 
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Fig. S6. Trace metals total contents for the site 6 sampled. At left, a soil profile. Black dashed 
line represents metal contents in soil surface (0-2 cm) 2 days before the accident (Gomes et 
al., 2017). Red dashed line represents prevention values according to Brazilian legislation 
(CONAMA, 2009) 
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4. ROLE OF FE DYNAMIC IN RELEASE OF METALS AT RIO DOCE ESTUARY: 

UNFOLDING OF A MINING DISASTER 

Abstract 
The role of Fe oxyhydroxides dynamic on metal bioavailability was studied in the Rio 

Doce estuary after the largest mining disaster in the world. Soon after the disaster in 2015, 
metals were associated with Fe oxyhydroxides under a redox-active estuarine environment. 
Our results indicate that organic matter inputs from plant colonization on deposited tailings 
over estuarine soils led to a reductive dissolution of Fe oxyhydroxides within two years. Soil 
pseudo-total Fe content decreased by 70% between 2015 and 2017, while the total metal 
contents (Cr, Cu, Ni, Pb, and Zn) decreased by 79% in the soil. The losses of Fe and metals 
coupled to changes in Fe oxides crystallinity reveal a future ephemeral control of Fe 
oxyhydroxides over metal immobilization. Our results suggest a potential chronic 
contamination at the estuary and points to an aggravating scenario for the following years due 
to the increasing dominance of poorly crystalline Fe oxyhydroxides. 

 
Keywords: Samarco mining disaster, redox processes, trace metals, environmental 
contamination, Fe oxides 
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Following the world’s largest mining disaster in November 2015, the Doce River (i.e., 

Rio Doce) estuary was the final destination of approximately 50 million m3 of Fe ore mine 

tailings released after the Fundão dam rupture in Mariana, Minas Gerais State, Brazil (Escobar, 

2015; Marta-Almeida et al., 2016). The tailings travelled approximately 600 km towards the 

ocean killing 19 people and causing extensive ecological (Bernardino et al., 2019; Gabriel et 

al., 2020) and socioeconomic damages (Fernandes et al., 2016), reaching the estuary 16 days 

after the dam failure (Gomes et al., 2017; Queiroz et al., 2021). Since then, several 

multidisciplinary studies have been conducted in the estuarine region to assess the associated 

environmental, social, and economic damages (Fernandes et al., 2016; Gabriel et al., 2020).  

Several studies have found an increase in metal contents in the estuarine soil and 

sediments soon after the arrival of the Fe-rich tailings (Bernardino et al., 2019; Gabriel et al., 

2020; Gomes et al., 2017). Although the Fe-rich tailings were reported to be free of metals 

(Davila et al., 2020), their main constituent, Fe oxyhydroxides of varying crystallinity, are 

known for their high metal retention capacity (Cui et al., 2020; Kypritidou and Argyraki, 2020). 

Queiroz et al. (2018) found total contents of Ni and Cr in the Rio Doce estuarine soils to be 

significantly higher than the threshold levels for contaminated soil set under the Brazilian 

environmental laws (CONAMA, 2009). The authors also reported that 70–90% of the studied 

metals (Cr, Cu, Co, Mn, Ni, Pb, and Zn) were associated with Fe oxyhydroxides and anticipated 

a potential release of metals within the following years (Queiroz et al., 2018). Fe 

oxyhydroxides are prone to reductive dissolution under the geochemical environment 

normally found in estuarine soils (Canfield et al., 1993; Lovley et al., 2004; Nóbrega et al., 

2013). Due to the frequent flooding and presence of organic matter, the O2 concentration is 

usually low in estuarine soils and sediments, and microbial decomposition is mediated by 

anaerobic pathways by the reduction of NO3
-, Mn4+, Fe3+, and SO4

2- (Canfield et al., 1993; 

Holmboe et al., 2001; Kristensen et al., 2000). Thus, we hypothesized that upon the settlement 

of Fe-rich tailings in the estuarine environment, Fe oxyhydroxides may no longer control metal 

availability and become a source of these elements. Our objective was to evaluate the release 

of metals in the Rio Doce estuary within two years (2017) since the arrival of the tailings (in 

2015) and to assess potential risks of contamination.  

We sampled soils in two field campaigns at the Rio Doce estuary, which contrast with 

most estuarine areas due to low salinity resulting from high freshwater discharge (Bernardino 

et al., 2019; Oliveira and Quaresma, 2017). The samples were collected using PVC tubes 



91 
 

 

 

(previously washed with 10% HCl) attached to a soil auger. The first campaign was conducted 

in 2015, seven days after the deposition of mine tailings on the Rio Doce estuarine soils 

(Queiroz et al., 2018), and four sites were sampled (n = 21). The second campaign in 2017 was 

conducted in eight sites (n = 61), including the same sampled sites in 2015 and four more sites 

to achieve a more comprehensive representation of sites affected by the tailings (Fig. 1). After 

sampling, the PVC tubes were hermetically sealed, kept at 4 °C, and transported in an upright 

position to the laboratory. For the two field campaigns, samples were sectioned at different 

depth intervals in the laboratory: samples collected in 2015 were sectioned into 0–3, 3–5, 5–

10, and 15–30 cm, whereas those from 2017 were sectioned into 0–3, 3–5, 5–10, 10–15, 15–

20, 20–25, 25–30, and 30+ cm. Different depth intervals between the years were used to 

increase the resolution of the analysis over depth and to examine eventual changes 

throughout the soil profile. Soil redox potentials (Eh) and pH values were measured in the field 

using portable meters. The Eh values were obtained using a platinum electrode, and the final 

values were adjusted to a calomel reference electrode (adding +244 mV to the measured 

values). The pH values were recorded with a glass electrode previously calibrated with 

standard solutions (pH 4.0 and 7.0). The estuarine water salinity was measured in both 

campaigns using a portable refractometer (Model IPS-10T). 

 

 
Fig. 1. Sampled sites in 2015 and 2017, at Rio Doce estuary, Regência, Espirito Santo, Brazil. In 
detail, images from the first field campaign (2015) seven days after the mine tailings arrival in 
one of the eight sampled sites (A and B), and at the same place two years later (2017), 
evidencing a profuse plant growth over the deposited mine tailings (C and D). 
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The total metal contents (Cr, Cu, Ni, Pb, and Zn) in soils were determined using 

inductively coupled plasma-optical emission spectrometry (Thermo Scientific, iCAP 6200) after 

triacid digestion (HF + HCl + HNO3) (USEPA, 1996). Additionally, sequential Fe extraction was 

conducted using a combination of methods proposed by Ferreira et al. (2007a, 2007b). This 

combined method determines six operationally distinct fractions: exchangeable and soluble 

Fe (FeEX); Fe bound to carbonates (FeCA); Fe bound to poorly crystalline oxyhydroxides, i.e., 

ferrihydrite (FeFR) and lepidocrocite (FeLP); crystalline Fe oxyhydroxides (i.e., goethite and 

hematite, FeCR); and pyritic Fe (FePY). The sum of these fractions was used to determine the 

pseudo-total Fe. The contents of soil organic matter (SOM) were obtained via loss on ignition. 

Samples weighed after dried at 105 °C, then re-weighed after the heat at 450 °C for a period 

of 2 hours (Nóbrega et al., 2015). 

A batch experiment was conducted to evaluate the susceptibility of the Fe 

oxyhydroxides present in the mine tailings to be dissolved under anoxic conditions and with 

an input of soil organic matter. The batch experiment was conducted in a glove-bag (with an 

atmosphere of 95% N2:5% H2:0% O2) with field samples from the 0–3 cm depth collected in 

2015, the depth most affected by tailing deposition (a total of 18 replicates). The experiment 

consisted of two treatments run over 45 days: in treatment I, 40 mL of 15 mM sodium chloride 

was added to 500 mg of the tailings in falcon tubes to obtain a comparable aqueous phase 

with respect to ionic strength in both treatments; in treatment II, 40 mL of 15 mM sodium 

acetate was added to 500 mg of tailings to enhance the carbon source in the system and 

stimulate further biogeochemical reactions. All tubes were previously sterilized, and solutions 

were prepared using ultrapure water (>18 MΩ·cm) previously deoxygenated. The incubation 

ran over 45 days in order to guarantee maximum exposure to anoxic conditions and reach the 

peak of Fe2+ formation (Bhattacharyya et al., 2018; Ginn et al., 2017). The tubes were shaken 

periodically and incubated. After 45 days, the aqueous Fe2+ was quantified using the ferrozine 

assay (see Barcellos et al., 2018; Thompson et al., 2006).  

A non-parametric test to evaluate the significant differences between means was 

performed on the field samples (campaigns of 2015 and 2017) using pH, Eh, SOM, pseudo-

total Fe, and total metals and on the batch samples using Fe2+ data. The non-parametric 

Kruskal-Wallis test was performed at the 5% significance level using the XLSTAT version 

2014.5.03. Tests of correlations were performed between the pseudo-total Fe content and 

total metal content by calculating Spearman's correlation coefficient (r). 
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The batch experiment showed a two-fold increase in Fe2+ concentrations (k = 5.334; p 

= 0.02; Fig. 2) with the addition of OAc (0 to 15 mM), demonstrating a sharp increase in Fe 

oxyhydroxide dissolution within the mine tailings. The batch experiment validated the 

propensity of Fe oxyhydroxides from tailings to undergo dissimilatory FeIII reduction upon the 

input of labile organic matter (see Khan et al., 2019).  

 
Fig. 2. Concentration of Fe2+ released after 45 days of the batch experiment using the surface 
soil from 2015 (i.e., 0–3 cm layer, most affected by the deposited mine tailings). [OAc] = 
concentration of sodium acetate. The different lowercase letters indicate a significant 
difference between the concentrations as determined by the Kruskal-Wallis test at the 5% 
probability level. 

 

The batch experiment results also support the changes observed in the Fe fractionation 

between the 2015 and 2017 soil samples (Fig. 3). These data indicate an increase in the low-

crystallinity Fe phases from 2015 to 2017 (FeFR: 2015 = 6 % and 2017 = 13 %; FeLP: 2015 = 8% 

and 2017 = 21%) and a decrease in the highly crystalline Fe oxyhydroxide phases (FeCR in 2015 

= 85 % and 2017 = 65 %). The other fractions (i.e., EX, CA, and PY) represented approximately 

1% of the soils collected during 2015 and 2017 (Fig. 3). Moreover, a significant decrease of 

approximately 50,000 mg kg-1 in the pseudo-total Fe contents (k = 6.5324; p = 0.010; Table S1) 
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was observed in the studied estuarine soils two years after arrival of the mine tailings (2015 = 

71923 ± 67446 mg kg-1 and 2017 = 21466 ± 12086 mg kg-1) with a higher decrease at the 

surface layer (i.e., 0–3 cm). 

 

 

Fig. 3. Soil depth profiles showing the Fe fractionation and pseudo-total Fe changes at the Rio 
Doce estuarine soils from 2015 (n = 21) to 2017 (n = 61). Soluble and exchangeable Fe (EX), Fe 
bounded to carbonates (CA), Fe associated with ferrihydrite (FR); Fe associated with 
lepidocrocite (LP); Fe associated with crystalline Fe oxyhydroxides (CR); and Fe associated with 
pyrite (PY). 

 

The changes in Fe oxyhydroxide crystallinity coupled with the decrease in the pseudo-

total Fe content indicate a massive Fe reduction in the studied soils (Fig. 3), as demonstrated 

in the batch experiments (Fig. 2). The dissolutive reduction of Fe oxyhydroxides has been 

reported to occur within hours to weeks (Bonneville et al., 2004; Chen et al., 2019) in estuarine 

soils when Eh values remain below +100 mV (Søndergaard, 2009), and labile organic matter is 

present (Canfield et al., 1993). Our data showed marked changes in redox conditions between 

both years (Fig. 4). In 2015, the Eh and pH values measured in the field showed oxic conditions 

in the studied estuarine soils (Eh = +239 ± 113 mV; pH = 6.3 ± 1.1, Fig. 4), which would favor 

the stability of Fe oxyhydroxides (Reddy and DeLaune, 2008). However, in 2017, the near 

neutral pH values (6.4 ± 0.4; Fig. 4) were maintained at significantly lower Eh values (ranging 

between +174 and -197 mV; Fig. 4), indicating suboxic/anoxic conditions. 
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Fig. 4. Eh (A) and pH (B) values measured in the studied soils in 2015 (n = 21) and 2017 (n = 
21). The shaded area indicates the Eh interval indicative of Fe reduction (+100‒0 mV) at pH 
close to 7.0 (Søndergaard, 2009). The different lowercase letters indicate a significant 
difference between the concentrations as determined by the Kruskal-Wallis test at the 5% 
probability level. 

 

The significantly lower Eh values in 2017 are related to the fast colonization of the 

deposited tailings by the estuarine plants (Fig. 1). Several studies have demonstrated the role 

of estuarine plants in promoting high inputs of organic matter in the soil, which when coupled 

with constant flooding and O2 depletion enhance anaerobic processes inherent in estuarine 

regions (Anschutz et al., 2019; Mead et al., 2005; Ranjan et al., 2011; Vincent et al., 2017). 

Indeed, the soil organic matter (SOM) contents significantly increased from 2015 to 2017 (see 

Table S1) in response to fast plant colonization (Fig. 5). On average, the SOM contents in 2015 

were 4.0 ± 3.4% whereas in 2017 were 14.8 ± 5.6%. This soil organic matter enrichment 

increased the anaerobic microbial activity and decreased the soil redox potential (Fig. 4). 

Moreover, estuarine plants are known to release organic acids with low molecular weights, 

which favor Fe reduction (Kristensen et al., 2008; Kristensen and Alongi, 2006; Luo et al., 

2018). 
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Fig. 5. The soil organic matter (SOM) contents in the studied soils in 2015 (A) and 2017 (B) 

obtained via loss on ignition. The results indicate an expressive in SOM over time in response 

to plant colonization. 

  

The Fe losses under the anoxic/suboxic conditions observed in 2017 led to a decrease 

in the soil capacity to immobilize metals. Under oxic soil conditions, Fe oxyhydroxides 

decrease the bioavailability of metal contaminants because of their high surface area and 

reactivity (Buerge-Weirich et al., 2002; Herbert, 1996; Randall et al., 1999). Under oxic 

conditions, the retention of metals by Fe oxyhydroxides is rapid and virtually irreversible due 

to formation of stables complexes (Cornell and Schwertmann, 2003; Cui et al., 2020). For 

instance, goethite has a strong affinity for metals, and adsorption takes place over a wide pH 

range (3.0–8.5) forming monodentate surface hydroxy-complexes, followed by bi-nuclear 

internal complexes that are extremely stable (Rose and Bianchi-Mosquera, 1993; Trivedi and 

Axe, 2001). Poorly crystalline Fe oxyhydroxides (e.g., lepidocrocite and ferrihydrite) also have 

great potential for metal adsorption because of their characteristics (e.g., small size and high 

surface area) that enable high-affinity surface complexes at bi- and/or tri-dentate edge sharing 

sites (Manceau et al., 2000; Randall et al., 1999). However, in estuarine soils under 

anoxic/suboxic conditions and influenced by microbially mediated FeIII reduction (Adhikari et 

al., 2017; Hyun et al., 2017), the resulting Fe solubilization directly limits the soil capacity to 

immobilize metals (Zhang et al., 2014, 2012). Additionally, along with the marked Fe losses, 

we observed a significant decrease in metal contents in the Rio Doce estuarine soils from 2015 

to 2017 (Fig. 6; Table S1). The contents of Cr, Cu, Ni, Pb, and Zn decreased in the soil by 84%, 

85%, 86%, 74%, and 67%, respectively, within two years (Fig. 6).  
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Fig. 6. Total metal contents (Cr, Cu, Ni, Pb, and Zn) in the Rio Doce estuarine soils in 2015 (n = 
21) and 2017 (n= 61). 

 

Furthermore, the correlations between pseudo-total Fe and metal contents showed a 

decrease in the r-value in 2017, indicating a lower capacity of Fe oxyhydroxides to retain 

metals (Table 1), despite the positive correlation. The increase of poorly crystalline Fe 

oxyhydroxides in 2017, reaching 34% of the pseudo-total Fe forms (Fig. 3), also represents a 

loss in the capacity of the studied soils to immobilize metals. Owing to their higher 

susceptibility to dissolution, poorly crystalline Fe oxyhydroxides are prone to a continued 

metal release upon their reduction (Larsen and Postma, 2001; Schwertmann, 1991). 
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Table 1 – Spearman’s correlation coefficient (r) between pseudo-total Fe and total metal 
contents in both studied years. 

Year Variables 
Cr Cu Ni Pb Zn 

Spearman’s correlation coefficient (r) 

2015 Pseudo-total Fe 0.6325 0.4805 0.6338 0.6104 0.5442 

2017 Pseudo-total Fe 0.2281 0.4365 0.4486 0.5968 0.3303 

  p-values 

2015 Pseudo-total Fe 0.0026 0.0287 0.0025 0.0039 0.0118 

2017 Pseudo-total Fe 0.0747 0.0004 0.0003 0.0000 0.0090 

Values in bold indicate significant correlation a significance level alpha=0.05 

 

The fate of released metals may be the estuarine water (Bryan and Langston, 1992), 

plants (Madejón et al., 2009), and/or animals (Vicente-Martorell et al., 2009). A recent study 

in the Rio Doce estuary (Gabriel et al., 2020) revealed high concentrations of metals (e.g., Cr, 

Cu, Zn) in both liver and muscle tissues of fish species often consumed by the local estuarine 

population. Another recent study reported the chronic effects of trace metals in the benthic 

assemblage at the Rio Doce estuary, 1.7 years after the disaster, as a result of exposure to 

metals present in the mine tailings (Bernardino et al., 2019). 

Other mineral fractions that are more stable than Fe oxyhydroxides under the 

estuarine soil geochemical conditions (such as FeCA and FePY) could also have an important 

role in metal retention (Álvarez-Valero et al., 2009; Cooper and Morse, 1998; Otero et al., 

2009). However, in 2017, these fractions represented only 0.6% of the pseudo-total Fe in the 

estuarine soils, further limiting their potential for metal retention. As reported by Queiroz et 

al. (2018), sulfate reduction is not favored in the Rio Doce estuary due to the low salinity and 

SO4
2- concentration, which was corroborated by the low FePY content (Fig. 3). In fact, the 

recorded water salinity in both campaigns were very low, ranging from 1.30 ± 1.15 psu in 2015 

to 0.14 ± 0.16 psu in 2017 (see Table S2) which is associated with the strong streamflow of 

freshwater of the Rio Doce (Oliveira and Quaresma, 2017). Moreover, sulfate reduction is not 

favored in Fe-rich environments, where the dissimilatory FeIII reduction is the predominant 

anaerobic pathway (Chapelle and Lovley, 1992; Kumar et al., 2014). Carbonates (i.e., FeCA) 

could also be a stable fraction controlling the metal bioavailability (Sundaray et al., 2011). 

However, due to the high CO2 partial pressure promoted by plant roots and the circumneutral 

pH, the presence and formation of carbonates is likely limited in the Rio Doce estuarine soils 

(Albuquerque et al., 2014; Du Laing et al., 2009).  
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Therefore, two years after the arrival of mine tailings, the geochemical conditions in 

the estuarine soils indicate a potential chronic metal contamination at the Rio Doce estuary 

as a result of the dissimilatory FeIII reduction, which is both releasing metals and lowering the 

soil immobilization capacity. The increase in the poorly crystalline Fe oxyhydroxide phase 

leads to an ephemeral control of metal retention due to their higher susceptibility to 

dissolution in redox active environments (Liptzin and Silver, 2009; Zhang et al., 2012). 

Additionally, considering the huge amount of tailings deposited along the Rio Doce basin 

(Marta-Almeida et al., 2016), new events of Fe deposition are expected to occur in the Rio 

Doce estuary in the following years in response to seasonal floods, winds, and currents 

(Coimbra et al., 2019). These processes would further aggravate the chronic contamination 

scenario and ultimately compromise the estuary’s health. Thus, we conclude that there is an 

imminent environmental risk in the following years for flora, fauna, and possibly humans as a 

result of the continuous metal release in response to redox change assigned by Fe dynamics. 
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Supplamentary Material 

Table S1 – Means and Kruskal-Wallis non-parametric test summary for Eh and pH values, soil 
organic matter (SOM), Fe2+ contents, Total Fe, total contents of Cr, Cu, Mn, Ni, Pb, and Zn. 

Variable 
2015 2017 

p-value K (Observed value) 
Average ± SD 

Eh (mV) 239 ± 113 -11 ± 94 < 0.0001 25.7061 

pH 6.3 ± 1.1 6.4 ± 0.4 0.5376 0.3801 

SOM (%) 4.0 ± 3.4 14.8 ± 5.6 < 0.0001 29.8137 

Total Fe (mg kg-1) 71923 ± 67446 21466 ± 12086 0.0106 6.5324 

Cr (mg kg-1) 44 ± 30 7 ± 4 < 0.0001 37.6779 

Cu (mg kg-1) 16 ± 13 2 ± 2 < 0.0001 15.2654 

Mn (mg kg-1) 547 ± 498 145 ± 95 < 0.0001 17.4677 

Ni (mg kg-1) 17 ± 14 2 ± 2 < 0.0001 31.7582 

Pb (mg kg-1) 14 ± 10 4 ± 2 0.0002 13.7974 

Zn (mg kg-1) 41 ± 30 14 ± 7 0.0002 13.5178 

 [OAc] = 0 [OAc] = 15 mM   

Fe2+ (mg kg-1) 6.6 ± 6.0 14.1 ± 16.1 0.0209 5.3343 

SD: standard deviation; K = Kruskal-Wallis test where K values above of K-critical (3.8415) indicate significant 
differences among the years at the 5% probability level. Bold p-values indicate significant differences at level 
alpha=0.05. [OAc] = acetate concentration. 

 

Table S2 – Average (± SD) salinity values of estuarine water in sampling campaigns of 2015 and 
2017. 

Year Salinity (PSU) 

2015 1.30 ± 1.15 
2017 0.14 ± 0.16  

 

Table S3 – Detection limits and quality assurance and quality control used in the ICP-OES for 
total content and iron fractionating analyses. 

Quality assurance Fe Cr Cu Mn Ni Pb Zn 

Detection limit (ppm) 0.01 0.01 0.01 0.01 0.01 0.01 0.01 

Measured value 9.026 0.961 1.012 9.769 0.991 0.992 0.999 

Certified value 
(NIST-1643f) 

10.0 1.0 1.0 10.0 1.0 1.0 1.0 

Recovery (%) 90.3 96.1 101.2 97.7 99.1 99.2 99.9 

NIST-1643F: Certified standard reference material for trace elements in water used on Mn and 
Fe determinations from extracts of total contents and iron fractionating analyses. 
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5. MANGANESE: THE OVERLOOKED CONTAMINANT IN THE WORLD LARGEST 

MINE TAILINGS DAM COLLAPSE 

Abstract 
Manganese (Mn) is an abundant element in terrestrial and coastal ecosystems and an 

essential micronutrient in the metabolic processes of plants and animals. Mn is generally not 
considered a potentially toxic element due to its low content in both soil and water. However, 
in coastal ecosystems, the Mn dynamic (commonly associated with the Fe cycle) is mostly 
controlled by redox processes. Here, we assessed the potential contamination of the Rio Doce 
estuary (SE Brazil) by Mn after the world’s largest mine tailings dam collapse, potentially 
resulting in chronic exposure to local wildlife and humans. Estuarine soils, water, and fish were 
collected and analyzed seven days after the arrival of the tailings in 2015 and again two years 
after the dam collapse in 2017. Using a suite of solid-phase analyses including X-ray absorption 
spectroscopy and sequential extractions, our results indicated that a large quantity of MnII 
arrived in the estuary in 2015 bound to Fe oxyhydroxides. Over time, dissolved Mn and Fe 
were released from soils when FeIII oxyhydroxides underwent reductive dissolution. Due to 
seasonal redox oscillations, both Fe and Mn were then re-oxidized to FeIII, MnIII, and MnIV 
and re-precipitated as poorly crystalline Fe oxyhydroxides and poorly crystalline Mn oxides. In 
2017, redox conditions (Eh: -47 ± 83 mV; pH: 6.7 ± 0.5) favorable to both Fe and Mn reduction 
led to an increase (~880%) of dissolved Mn (average for 2015: 66 ± 130 µg L-1; 2017: 582 ± 626 
µg L-1) in water and a decrease (~75%, 2015: 547 ± 498 mg kg-1; 2017: 135 ± 80 mg kg-1) in the 
total Mn content in soils. The crystalline Fe oxyhydroxides content significantly decreased 
while the fraction of poorly ordered Fe oxides increased in the soils limiting the role of Fe in 
Mn retention. The high concentration of dissolved Mn found within the estuary two years 
after the arrival of mine tailings indicates a possible chronic contamination scenario, which is 
supported by the high levels of Mn in two species of fish living in the estuary. Our work 
suggests a high risk to estuarine biota and human health due to the rapid Fe and Mn 
biogeochemical dynamic within the impacted estuary. 

 
Keywords: estuarine soils, manganese contamination, iron oxides, redox processes, toxicity 
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5.1. Introduction 

Manganese (Mn) is a widely distributed element in terrestrial and coastal ecosystems 

but usually occurs as trace amounts in most organisms (Levy and Nassetta, 2003; Pinsino et 

al., 2012). It is found in rocks (e.g., Mn content in Basalt: 1300 mg kg-1; Gneiss: 600 mg kg-1; 

Limestone: 550 mg kg-1; Graham et al., 1988), associated with different primary soil minerals 

(Mn content in amphiboles: 400-7000 mg kg-1; olivines: 100-6500 mg kg-1; pyroxenes: 600-

8000 mg kg-1; Graham et al., 1988), and dissolved in natural waters (e.g., dissolved Mn in 

oceanic water ranges from 0.2 to 5.0 nmol kg-1; Graham et al., 1988), exhibiting unique redox 

dynamics (as MnII, MnIII, and MnIV) with MnIV being the most abundant form found in minerals 

(Burdige, 1993; Fischel et al., 2015). 

For all living organisms, Mn is required in small amounts playing important roles in the 

maintenance of different biological functions and life (Arndt et al., 2014; Baly, 1989; Pinsino 

et al., 2012). For instance, in plants, Mn plays a key role in enzymatic activities and cell division 

(Broadley et al., 2012), while in humans and animals Mn acts as a protein transporter, is 

involved in neurological functions, and can also affect enzymatic activities (Fitsanakis et al., 

2010). The required trace amounts of Mn considered beneficial to life are variable. In plants, 

such as soybean and corn, the critical quantity of Mn to reach toxic levels is 200 mg Mn kg-1 

leaf dry weight (El‐Jaoual and Cox, 1998). For humans, the World Health Organization, (WHO, 

2011) set adequate intake levels for Mn at 2‒3 mg day-1.  

The many physiological roles of Mn have often masked the perception of its potential 

toxicity, hence studies are rare that focus on the severe toxic effects produced by this element 

in different environments such as water, soil, and air (Finkelstein and Jerrett, 2007; Huang et 

al., 2016; Li et al., 2007). Thus, Mn often remains unnoticed as a contaminant due to its role 

as a micronutrient for plants and animals and to its ubiquity in the environment (Pinsino et 

al., 2012; Sigel and Sigel, 2000). However, consumption of high Mn concentrations may cause 

severe adverse health effects such as a neurodegenerative disorder (Levy and Nassetta, 2003; 

Sandilyan and Kathiresan, 2014; Singh et al., 2010), cardiovascular toxicity (Jiang and Zheng, 

2005), and liver damage (O’Neal and Zheng, 2015).  In marine coastal ecosystems such as 

estuaries, few studies reported Mn as a potentially toxic element since the concentrations are 

generally low in these ecosystems (Hadlich et al., 2018; McKinley et al., 2019). However, 

recent studies worldwide, motivated by increasingly large inputs of Mn from human activities, 
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such as mining activity, mining waste, and urban waste, have reported  Mn as a potential 

contaminant for several aquatic species and, thus, its toxicity (Gabriel et al., 2020a; Harford et 

al., 2015; McKinley et al., 2019; Squadrone et al., 2016; Summer et al., 2019).  

The risks associated with Mn are dynamic within estuaries since its bioavailability is 

driven by oscillating redox and acid-base conditions, leading to many possible fates (e.g., 

precipitation, adsorption, solubilization) and interactions with other mineral phases 

(carbonates, oxides, sulfates, and sulfides) (Du Laing et al., 2009b; Namgung et al., 2020; Otero 

et al., 2009; Thamdrup et al., 1994). Previous studies reported the precipitation of Mn with 

carbonates under anoxic conditions (Rhodochrosite; Lee et al., 2011; Zachara et al., 1991); at 

the same time, manganese sulfides (MnS), despite the restricted range of geochemical 

conditions favorable for their formation and stability, have also been reported under anoxic 

conditions (Lee et al., 2011; Stumm and Morgan, 1996). The oscillating redox conditions 

common in estuarine soils may also lead to Mn interactions with Fe oxyhydroxides (Mn 

associated with Fe; Burdige, 1993; Thamdrup et al., 1994) and formation of Mn oxides (e.g., 

birnessite; (Postma, 1985; Jacobsite;  Burdige, 1993) during oxidizing periods. Thus, the Mn 

biogeochemical cycle is widely reported as closely associated with the Fe biogeochemical cycle 

(Burdige, 1993; Lewis and Landing, 1991; Slobodian and Badoz, 2019; Van Cappellen et al., 

1998). In fact, these elements are involved in a wide spectrum of biogeochemical pathways 

such as mineral dissolution, microbial processes, flux-control of trace metals, the formation of 

a wide array of highly reactive solid phases (Fe and Mn oxy-hydroxides), and the 

biogeochemical cycles of other major elements (e.g.  carbon, sulfur, and phosphorus; Borch 

et al., 2010; Duckworth et al., 2009). Therefore, coupled studies of Fe-Mn are crucial to 

advancing our understanding of a wide range of elemental cycles coupled with mechanisms 

that contribute to environmental contamination, particularly by manganese.  

In 2015, a large-scale mine tailings dam disaster occurred in Brazil releasing 43 million 

m3 of Fe-rich tailings into the Rio Doce, one of the country’s largest river basins. The tailings 

were transported  approximately 600 km downstream and reached the estuary and the ocean 

16 d after the dam collapse (Gomes et al., 2017; Queiroz et al., 2021). The disaster represents 

one of the largest failures of a tailings dam ever recorded and the largest environmental 

disaster in Brazil’s mining history (Carmo et al., 2017), also killing 19 people and causing 

extensive ecological (e.g., soil and water pollution; Bernardino et al., 2019; Gabriel et al., 

2020b; Queiroz et al., 2018), economic, social and cultural damages (Fernandes et al., 2016).  
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In addition to the high content of Fe, previous studies have reported the presence of 

trace metals (e.g, Cu, Cr, Ni, and Zn) in the estuarine soils following the mine tailing 

contamination (Gomes et al., 2017; Queiroz et al., 2018). These metals arrived in the Rio Doce 

estuary associated with mine tailings, which are predominantly composed of Fe oxyhydroxides 

that have strong affinity with metals (Gabriel et al., 2020a; Queiroz et al., 2018). Among the 

reported elements, Mn does not have a threshold for soil quality according to Brazilian 

legislation for contaminated soil (CONAMA, 2009), but may pose different risks to the 

estuarine environment due to its naturally high affinity to Fe and its fast dynamics in redox 

active environments (Andreji and Stráňai, 2007; Gabriel et al., 2020b; Kennish, 2002; McKinley 

et al., 2019). 

It is not surprising that Mn has not yet been reported as a contaminant in the Rio Doce 

estuary since Mn contamination in estuarine ecosystems is often overlooked (McKinley et al., 

2019; Pinsino et al., 2012). We hypothesize that due to the redox environment in the Rio Doce 

estuarine soils, the Fe oxyhydroxides will act as sources of Mn leading to a potential risk of Mn 

contamination. Accordingly, the objective of this study was to evaluate the potential risk of 

Mn contamination in the Rio Doce estuary two years after the tailings arrival. We assessed the 

geochemical mechanisms controlling Mn bioavailability coupled to Fe dynamics in a redox 

active environment with Fe enrichment, to serve as a basis for public policies in coastal 

wetlands with potential risk of Mn contamination. Thus, the Rio Doce estuary offers a unique 

framework to evaluate the role of Fe oxyhydroxides controlling the Mn cycle and the 

environmental health in estuarine ecosystems. 

 

5.2. Material and Methods 

5.2.1. Site description 

The Rio Doce estuary ( 19°37’51.45”S,  39°48’54.62”W) is located in SE-Brazil with a 

humid tropical climate classified as Am, according to the Köppen-Geiger climate classification 

system, presenting two distinct seasons including dry winters (from April to September) and 

wet summers (from October to March; Alvares et al., 2013; Bernardino et al., 2015). Eleocharis 

acutangular, Typha domingensis, and Hibiscus tiliaceus are the dominant local plant species. 

The Rio Doce basin is within the Brazilian Iron Quadrangle, a region rich in rocks such as 
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itabirites with highly concentrated ores of Fe, Mn, and Al and where mining activity (e.g., iron, 

gold, bauxite, and manganese) is of great economic importance (ANA, 2020; Rodrigues et al., 

2014; Silva et al., 2017). In 2015, the Rio Doce estuary was the final destination of the Fe-rich 

mine tailings that were dumped into the river basin after the Mariana mining dam collapse 

(Gomes et al., 2017).  

 

5.2.2. Sample collection 

The estuarine soils were sampled in 2 periods: (i) in 2015, seven days after the arrival 

of the tailings to the estuary (for more details see Queiroz et al., 2018); and (ii) two years after 

the dam collapse, in 2017, to evaluate possible temporal variations. Samplings were 

performed during the same season in both campaigns (i.e., the wet season). Soil cores were 

collected using PVC tubes attached to a flooded soil sampler at four different sites in 2015. In 

2017, cores were collected from eight sites, including the four sites sampled in 2015, to 

achieve a more comprehensive representation of sites affected by tailings deposition (Fig. 1). 

Additionally, a mine tailings sample collected inside the dam at the site of rupture located at 

Bento Rodrigues City, Minas Gerais, was donated by the Brazilian National Mining Agency 

(Agência Nacional de Mineração – ANM) and analyzed to determine the total Mn contents. 

After sampling, cores were hermetically sealed and transported upright to the 

laboratory. In the laboratory, cores were sectioned at different depths depending on the year 

they were collected. In 2015 the samples were sectioned into 0–3, 3–5, 5–10, and 15–30 cm 

sections, totaling 21 samples (n = 21); whereas the samples collected in 2017 were sectioned 

into 0–3, 3–5, 5–10, 10–15, 15–20, 20–25, 25–30, and 30–35 cm intervals (total of 60 samples), 

to obtain a higher resolution of changes along the soil profiles.  

Redox potential (Eh) and pH values of soils were determined in the field using portable 

meters and an electrode system using samples collected with a semi-open cylindrical soil 

auger. The pH meter was calibrated at pH 4.0 and 7.0 with standard solutions and the Eh meter 

measurements used a calomel reference electrode (+244 mV S.H.E.).  

Water samples were collected in both years (n=10 and n=20 for the years 2015 and 

2017, respectively), filtered (pore size 0.45 µm), and acidified with 0.45 mol L-1 HCl (trace metal 

grade) for the determination of dissolved Mn concentration. Water samples were collected 

from boreholes made with PVC tubes during soil core collection representing the pore water 
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from the saturated soil zone that naturally drains towards the river. The total Mn content in 

all water samples was determined using ICP-OES (Thermo Scientific – iCAP 6200). 

 

 
Fig. 1. Location of soil sampling sites in 2015 and 2017 in the Rio Doce Estuary, Regência, 
Espírito Santo, Brazil. 

 

5.2.3. Total contents and Sequential Extraction of Fe and Mn 

The total contents of Fe were obtained from estuarine soil samples and total Mn 

contents were obtained from both estuarine soil and mine tailings from inside the dam. The 
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total contents were determined using ICP-OES (Thermo Scientific iCAP 6200) after tri-acid 

digestion in a microwave (HF+HCl+HNO3; USEPA, 1996). 

Sequential extraction of Fe and Mn was performed on soil samples using a combination 

of methods proposed by Tessier et al. (1979), Huerta-Diaz and Morse (1990), and Fortin et al. 

(1993) to determine 6 operationally distinct fractions: 

1. Exchangeable and soluble Fe and Mn (EX): extracted with 30 mL of 1 mol L-1 

MgCl2 solution at pH 7.0 at 4 °C, agitated continuously for 30 min. 

2. Fe and Mn bound to carbonates (CA): obtained with 30 mL of 1 mol L-1 NaOAc 

at pH 5.0, agitated for 5 h. 

3. Fe and Mn bound to ferrihydrite (FR): extracted with 30 mL of 0.04 mol L-1 

hydroxylamine + acetic acid (25% v/v) solution by shaking for 6 h at 30 °C. 

4. Fe and Mn bound to lepidocrocite (LP): extracted with 30 mL of 0.04 mol L-1 

hydroxylamine + acetic acid (25% v/v) solution by shaking for 6 h at 96 °C. 

5. Fe and Mn bound to crystalline Fe oxyhydroxides (mainly goethite; CR): 

extracted with 20 mL of 0.25 mol L-1 sodium citrate + 0.11 mol L-1 sodium 

bicarbonate with 3 g sodium dithionite, agitated for 30 minutes at 75 °C. 

6. Fe and Mn associated with pyrite (PY): extracted with concentrated HNO3 (2 h 

agitation) previously treated with 10 mol L-1 HF for silicates removal. 

 

5.2.4. X-ray Absorption Spectroscopy 

X-ray absorption spectra from the five most representative estuarine soil samples were 

obtained using beamline 7-3 at the Stanford Synchrotron Radiation Lightsource. Spectra were 

collected at the Mn K-edge using a Si (220) crystal set with orientation φ=90°, with the beam 

detuned by 50% at 7500 eV. Soil samples had been previously dried in a 95% N2: 5% H2 

atmosphere before being ground using a mortar and pestle. Samples were packed into 

aluminum sample holders and sealed with 0.5 mil Kapton tape prior to XAS analysis under 

ambient conditions. For each sample, two replicate scans were obtained, and beam damage 

was avoided by moving fresh sample into the beam path. An in-line Mn foil was used as a 

reference for all scans.  

Calibration, normalization, and merging of replicate scans was performed using the 

Demeter package (version 9.26) (Ravel and Newville, 2005) with Larch running as a backend 
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(Newville, 2013) on Windows 10. The average Mn oxidation number (AMON) of the Mn in 

each sample was obtained through linear combination fitting analysis of the Mn X-ray 

absorption near-edge structure (XANES) spectra and was performed in Athena (Ravel and 

Newville, 2005) using the Combo method of Manceau et al. (2012).  In all cases, reference 

spectra from 12 pure-valent Mn species were used to perform unconstrained linear fits. Any 

reference yielding a negative loading was progressively removed on a per-sample basis and 

re-added to the reference list before fitting the next sample.  

The fraction of MnII, MnIII, and MnIV and AMON were calculated from the fits according 

to Manceau et al. (2012). A paired-sample t-test was used to assess the difference between 

the means of the AMON data corresponding to soil samples. For the assessment of the relative 

fraction of Mn distributed between adsorbed MnII and Mn oxide phases, linear combination 

fitting of EXAFS was used. For this technique, three MnII standards, 6 MnIII,IV oxides, and 2 Mn 

oxides containing MnII were used to fit the spectra. EXAFS references were a mixture of 

spectra collected in-house and those obtained by Santelli et al. (2011). The fractional weights 

for all oxide phases were combined and compared to the combined weight of the MnII 

standards prior to comparison of means through a paired-sample t-test. Fits were conducted 

between K=3 and K=11. XANES and EXAFS data from the standards used in all linear 

combination fitting, as well as the XANES linear combination fittings and data are available in 

the SI. 

 

5.2.5. Diffuse reflectance spectroscopy 

Diffuse reflectance spectroscopy (DRS) was used for the mineralogical characterization 

of soil samples. DRS spectra were measured from 300 to 800 nm at 1 nm increments with a 

110 mm integrating sphere using a Varian Cary 5 Spectrophotometer. The results were 

transformed using the Kubelka Munk function to calculate the second derivative. Spectra from 

surface soil samples (0–3 cm, from 2015 and 2017) and subsurface samples (30–40 cm, depth 

with lower tailings deposition influence) from 2017 were obtained to compare the estuarine 

soil composition after tailings deposition as well as mineralogical changes over time. 
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5.2.6. Fish collection and analyses of metal contents in tissues 

To assess the risk of Mn contamination to local wildlife, two fish species were collected 

in 2017 using a bottom Otter Trawl, at random locations in proximity to the soil sampling sites 

(Fig. 1). Cathorops spixii (Agassiz, 1829) (Madamango sea catfish; n= 15) and Genidens 

genidens (Valenciennes, 1839) (Guri sea catfish; n=18) are estuarine species which spend their 

entire life cycle associated with bottom sediment. In addition, these species have been used 

previously as bioindicators of pollution and are an important food resources for the local 

population (Azevedo et al., 2009; Pinheiro and Joyeux, 2007).  

After collection, fish were immediately frozen until dissection in the laboratory. Fish 

liver and axial muscle tissues were dissected and stored at −80 °C until quantification of total 

metal contents. The total contents of Mn and Fe were determined using approximately 100 

mg of dried sample (muscle or liver) weighed in sterile polypropylene tubes, followed by the 

addition of 1.0 mL of double-distilled HNO3. The blanks containing only 1.0 mL of double-

distilled HNO3 were prepared in triplicate. The DORM-4 (Dogfish muscle – National Research 

Council, Canada) Certified Reference Material (CRM) was used for quality control. The 

samples, blanks, and CRM were left in contact with HNO3 for approximately 12 hours 

overnight then heated for digestions the following morning on a digester block for 4 hours at 

approximately 100 °C. The closed tubes were monitored hourly with manual pressure relief 

when necessary. After heating, the samples, CRM, and blanks were left to cool until room 

temperature and made up to appropriate volumes with ultra-pure water (resistivity > 18.2 

MΩ). The Mn and Fe quantification were performed by ICP-MS using an ICP-MS ELAN DRC II 

(Perkin-Elmer Sciex, Norwalk, CT, USA). 103Rh was used as the internal standard at 20 µg L-1. 

 

5.2.7. Contamination factor determination 

The contamination factor (Cf) was used to evaluate the Mn contamination at Rio Doce 

estuary, using as a background value the total Mn contents in the soils 11 d before the tailings 

arrival reported by Gomes et al., (2017). The Cf is a ratio between the content of an element 

in a soil sample and the background content of the same element at the studied site 

(Hakanson, 1980), following the equation Cf = Cs / Cb, 
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where Cs is the soil content of Mn in 2017 and Cb is the Mn background value. 

According to Hakanson (1980), the following interpretations are suggested for the Cf value: Cf 

< 1, low; 1 to < 3, moderate; 3 to < 6, considerable; and > 6, high contamination. 

 

5.2.8. Statistical analyses 

The Fe and Mn total contents in soil and water samples were assessed with a non-

parametric Kruskal–Wallis (p < 0.05) test to assess differences between 2015 and 2017, 

whereas the Fe and Mn contents in fish muscles and livers were analyzed with a non-

parametric Friedman test at the 5% significance level with multiple pairwise comparisons 

(Reimann et al., 2008; XLSTAT version 2014.5.03). Non-parametric statistical tests are 

appropriate for non-normal distributions and rely on fewer assumptions, which make them 

more robust for environmental data (Reimann et al., 2008). The correlations between the total 

of Fe and Mn in soil were determined by calculating Spearman's correlation coefficients (r) as 

this method does not assume a normal distribution. 

 

5.3. Results 

5.3.1. Physicochemical conditions, Fe and Mn total contents and fractionating  

The Eh and pH values in 2015 were on average +218 ± 116 mV and 6.2 ± 1.3, 

respectively. In 2017, the pH remained close to neutral (average 6.7 ± 0.5) but the Eh values 

decreased considerably with a mean of -47 ± 83 mV (Fig. 2). 
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Fig. 2. Eh-pH diagram (system Mn-C-S-O-H) with the data for the studied soils in both years. 
The gray dashed line indicates the Fe2+ stability field on the system Fe-C-O-H. The Eh-pH 
diagram was adapted from Brookins (1988). 

 

The total Mn content in mine tailings from inside the Fundão Dam was on average 644 

± 241 mg kg-1 whereas in the estuarine soil, in 2015, higher total Fe (47,133 ± 16,538 mg kg-1) 

and Mn (704 ± 529 mg kg-1) contents were measured in the surface soil layers (0–3 cm), the 

soil layer most affected by tailings deposition (Fig. 3).  Two years later, the mean total Fe and 

Mn concentrations decreased by 75% and 74% respectively across all soil depths. In 2017, the 

highest Fe and Mn contents were still found in the upper 0–3 cm (11,997 ± 8,239 mg kg-1 and 

186 ± 120 mg kg-1 respectively), followed by a decrease of both elements with soil depth 

(depths > 3 cm; Fig. 3). The contamination factor (Cf) using the Mn content in the 0-3 soil layer 

just after the tailing arrival (in 2015) was 3.2 indicating considerable contamination levels, 

whereas in 2017 the Cf decreased to 0.84 indicating low contamination. 
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Fig. 3. Total Fe and Mn contents of Rio Doce estuarine soils collected in 2015 and 2017. The 
black dashed line indicates the contents of the total Mn in tailings from inside the Fundão 
dam. The green dashed line indicates the Mn contents in Rio Doce estuarine soil, prior to mine 
tailings arrival according to Gomes et al., (2017). 
 

Solid-phase Fe and Mn fractionation of soils collected in 2015 (Fig. 4) shows Fe mostly 

held in crystalline Fe oxyhydroxides representing 88% of total Fe (on average: 64,154 ± 45,104 

mg kg-1), whereas poorly crystalline Fe oxyhydroxides represented only 11% (i.e., average: LP: 

4,632 ± 3,635 mg kg-1 equivalent to 6%; and FR: 3,645 ± 3,573 mg kg-1 equivalent to 5%; Fig. 

4). The sum of EX, CA, and PY fractions were approximately 1% of the total Fe.   

In contrast, Mn was mainly associated (78%) with poorly crystalline Fe oxyhydroxides 

(FR: 286 ± 352 mg kg-1; LP: 134 ± 171 mg kg-1) and to a lesser degree (9%) with the crystalline 
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(CR) fraction (46 ± 27 mg kg-1). Soluble and exchangeable (EX) fractions represented 9% (50 ± 

78 mg kg-1) and Mn associated with carbonates (CA: 25 ± 37 mg kg-1) and pyrite (PY: 25 ± 37 

mg kg-1) represented about 5%.  

In 2017, Fe showed a contrasting distribution to that of 2015, with a marked decrease 

in CR (14,326 ± 2,507 mg kg-1; equivalent to 65%) followed by a significant increase in LP (4,493 

± 732 mg kg-1; equivalent to 20%), and FR (3,042 ± 1,051 mg kg-1; equivalent to 20%). On 

average, the crystalline Fe oxyhydroxide contents decreased 49,828 mg kg-1 when compared 

to 2015 (Fig. 4). The other fractions (i.e., EX, CA, and PY) remained close to 1% of the sum of 

all Fe fractions. Similar to 2015, in 2017 Mn was mostly associated with poorly crystalline Fe 

oxyhydroxides (FR: 241 ± 67 mg kg-1; equivalent to 65%; LP:  68 ± 10 mg kg-1; equivalent to 

18%) and to a lesser extent (11%) associated with crystalline Fe oxyhydroxide phases (CR: 39 

± 8 mg kg-1; Fig. 4). In contrast, the soluble and exchangeable Mn fraction decreased 

considerably (EX: 9 ± 4 mg kg-1; equivalent to 2% of total Mn) and Mn associated with 

carbonates and pyrite represented the less important Mn fractions found in the solid-phase 

in that year (14 ± 3 mg kg-1and 0.4 ± 0.1 mg kg-1 , respectively; representing about 4% of Mn). 
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Fig. 4. Fe and Mn solid-phase fractionation from Rio Doce estuarine soils in 2015 and 2017. 
EX: Soluble and exchangeable Fe and Mn; CA: Fe and Mn associated with carbonates; FR: Fe 
and Mn associated with ferrihydrite; LP: Fe and Mn associated with lepidocrocite; CR: Fe and 
Mn associated with crystalline oxides; PY: Fe and Mn associated with pyrite. 

 

5.3.2. Spectral reflectance characteristics  

The DRS spectra corroborated the solid-phase fractionation and indicated a greater 

presence of both high- and low- crystallinity Fe oxyhydroxides in the surface soil layers (i.e., 

0–3 cm) in both years. Deeper soil layers (30–35 cm) were less influenced by mine tailings with 

much smaller quantities of Fe oxyhydroxides (Fig. 5) as seen by the lower intensity of bands 

of iron oxides (Ji et al., 2002). It is noteworthy that band intensities changed over time, with a 
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lower intensity of bands in 2017 corroborating a loss in Fe oxides (Figures 3 and 4). In fact, the 

shift in the intensity of bands between 485 and 490 nm indicates a decrease of both 

lepidocrocite and goethite (absorption band at 488 nm) with time. The same patterns are 

observed for the absorption bands of ferrihydrite (seen between 484 and 499 nm; Scheinost, 

1998) and hematite (absorption band shown at 533–588 nm; Hu et al., 2016). The Fe 

fractionation analyses (Fig. 4) can aid in distinguishing the relative contributions of the 

different iron forms to the DSR bands (Scheinost et al., 2001; Schwertmann and Taylor, 1989).  

 

 
Fig. 5. Second-derivative spectra of surface (0–3 cm depth from 2015 and 2017) and sub-
superficial soil samples (30–40 cm depth from 2017). Range of crystal field band position for 
lepidocrocite (Lp) and goethite (Gt) (488 nm), ferrihydrite (Fr; 484-499 nm), and hematite (Hm; 
533-588 nm). 

 

5.3.3. XANES and EXAFS Characterization  

While Mn fractionation and acid digestions can quantify the total and relative mass of 

Mn in samples, X-ray absorption analyses including XANES and EXAFS provide Mn oxidation 

state and coordination information. Mn K-edge XANES showed that more than half of the Mn 
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in the soil solid phase was reduced (52 %; Table 1) in the soil surface samples (0–3 cm) from 

2015 which represents the readily exchangeable or adsorbed Mn fractions (Tebo et al., 2004), 

while the abundance of MnIII and MnIV were 32 % and 16 %, respectively (Table 1). 

 

Table 1 – The relative abundance of solid-phase MnII, MnIII, and MnIV within soil samples 
collected from multiple depths in 2017 and from the 0-3 cm depth in 2015 as determined by 
Mn K-edge XANES.  

Sample 

Mn K-edge XANES   

MnII MnIII MnIV 
AMON 

rel. abundance (%)* 

2015 (0–3 cm) 52 32 16 2.626 

2017 (0–3 cm) – R1 34 33 33 2.992 

2017 (0–3 cm) – R2 36 48 15 2.789 

2017 (30–35 cm) – R1 55 24 21 2.668 

2017 (30–35 cm) – R2 77 17 6 2.290 

AMON = Average Mn oxidation number; R1: Replicate 1; R2: Replicate 2. *Relative abundances 
determined using linear combination fitting. 

 

In 2017, Mn EXAFS analysis shows that surface soil samples (0–3 cm) had a higher 

concentration of MnIII and MnIV than soils from 2015, where these oxidized forms of Mn were 

present as phyllo- and tectomanganates (Fig. 6). In contrast, the corresponding subsurface 

(i.e., 30–35 cm) soils showed greater concentrations of the MnII (Table 1). 
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Fig. 6. Mn K-edge EXAFS of soil samples from 2015 and 2017 collected at two depths (0–3 cm 
and 30–35 cm). (A) Shaded area highlights the characteristic “staircase” feature of the EXAFS 
indicative of phyllomanganate presence; the vertical dashed lines mark the shoulder feature 
at 6.5 Å-1 and the antinodes at 8.2 and 9 Å-1. (B) Pseudo-radial structure functions of the Mn 
EXAFS; vertical lines mark features at 2 Å, 3 Å and 5 Å; the arrows point to the nearest Mn-O 
and Mn-Mn shells. (C) A comparison of the Mn XANES from 2017 soil samples with the soil 
surface sample from 2015. Data is shown in black, model generated from linear combination 
fitting is shown in red. 

 

Mn K-edge EXAFS of the surface soil samples from 2017 displayed the characteristic 

phyllomanganate (e.g. birnessite; δ-MnO2) “staircase” feature between 4 and 6 Å-1 (Fig. 6). 

Extensive corner-sharing cation octahedra dispersed in the interlayer region (i.e. MnII, MnIII, 
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Zn, Ni) give rise to the shoulder development along the rising edge of the antinode at 6.4 Å-1 

(Fig. 5); the corresponding peak at ~3 Å is also indicative of the presence of MnIII or MnIV 

(Manceau et al., 2002; Marcus et al., 2004; Toner et al., 2006). In addition, the absence of a 

defined antinode at 8.1 Å-1 in any of the samples suggests the presence of tectomanganates, 

such as pyrolusite (MnO2), as well as MnIII-rich octahedral sheets in the phyllosilicate minerals 

present in the 0–3 cm soil layer soil from 2017 (Marcus et al., 2004; Webb, 2005; Zhu et al., 

2010).  

 

5.3.4. Mn in water and in fish tissues  

The mean total dissolved Mn concentration in water samples collected in 2015 was 66 

± 130 µg L-1, whereas in 2017 the average concentration increased 9-fold to 582 ± 626 µg L-1 

(Fig. 7). The 2017 concentrations are 5 times higher than the threshold outlined by the 

Brazilian water quality guidelines for brackish waters (100 µg L-1 for inorganic constituents in 

brackish waters without chronic toxic effects on organisms; CONAMA, 2005). In comparison, 

the concentration of dissolved Mn in 2017 was higher than the threshold for chronic 

contamination in marine water according to the National Oceanic and Atmospheric 

Administration, USA (100 µg L-1; NOAA, 2008). 
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Fig. 7. Total concentration of dissolved Mn in the Rio Doce estuary water sampled in 2015 and 
2017. The red dashed line indicates the threshold according to the Brazilian water quality 
guidelines for brackish water (100 µg L-1; CONAMA, 2005). The different lowercase letters 
indicate a significant difference between the variables as determined by the Kruskal-Wallis 
test at the 5% probability level. 
 

The Fe and Mn contents in fish liver and muscle tissues were significantly different, but 

did not differ between species (Fig. 8). Higher concentrations of Fe and Mn were observed in 

the liver than in the muscle (Fig. 8). The mean Fe content in the liver was 830.1 ± 638.0 mg kg-

1 and 1,541.4 ± 1,725 mg kg-1 respectively in Cathoropus spixii and Genidens genidens, whereas 

the mean Mn contents were 3.2 ± 1.7 mg kg-1 and 2.1 ± 1.9 mg kg-1. In the muscle, Fe and Mn 

concentrations in Cathoropus spixii were 26.8 ± 26.4 mg kg-1 and 1.0 ± 1.0 mg kg-1, respectively; 

whereas in Genidens genidens mean Fe and Mn contents in muscles were 17.4 ± 11.4 mg kg-1 

and 0.5 ± 0.2 mg kg-1, respectively (Fig. 8). There is no contamination threshold for either Mn 

or Fe for both studied fish species. 
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Fig. 8. Total contents of Fe (A) and Mn (B) in the liver and muscle of Cathoropus spixii and 
Genidens genidens from Rio Doce. Labelled bars with uppercase letters (A and B) indicate 
groups between which statistical differences among species or tissues exist at the 5% 
probability level using the non-parametric Friedman test. 
 

5.4. Discussion 

5.4.1. Mining tailing disaster and its impacts on Mn geochemistry  

In 2015, because of the Fundão dam rupture, Fe-rich tailings were dumped into the 

Rio Doce basin and traveled 688 km downriver toward the estuary (Gomes et al., 2017). The 

tailings were made mostly of crystalline Fe oxyhydroxides which have high metal retention 

capacity (Cornell and Schwertmann, 2003; Queiroz et al., 2018). Therefore, we hypothesized 

the tailings may have acted as a Mn sink until its ultimate deposition in the estuary.  In addition 

to the high content of Mn (644 ± 241 mg kg-1) in the original tailings from inside the dam (Fig. 

3), agricultural activities and pollution from large cities and villages along the basin may have 

acted as additional Mn sources to the mine tailings transported in the Rio Doce river on its 

way to the estuary (Queiroz et al., 2021). In the past, studies prior to the Mariana disaster also 

reported Mn contents ranging from 660 to 2,280 mg kg-1 in mine tailings from Samarco’s dams 

located in the same mining complex as Fundão dam (Pereira et al., 2008). Indeed, the Mn 

contents in the surface soil layers (0–3 cm) from 2015 (704 ± 529 mg kg-1), were on average 3-

fold higher than Mn contents 11 d before the disaster (222 ± 13 mg kg-1) reported by Gomes 

et al., (2017) indicating the tailings deposition effects. In this sense, the Cf calculated (3.2) 

indicates a Mn enrichment in the soil soon after the disaster and considerable contamination. 
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Moreover, the significant positive correlation between Fe and Mn (Fig. 9) in samples collected 

from 2015 support the arrival of Mn to the estuary in association with the Fe-rich mine-tailings 

(i.e., adsorbed to Fe oxyhydroxides).  

 

 
Fig. 9. Spearman correlations between total Fe and Total Mn in 2015 and 2017. The right panel 
shows in detail the spearman correlation between total Fe and total Mn content from 2017 
highlighting the loss of correlation with time. 

 

The interaction of Mn with Fe oxyhydroxides in soils has been widely reported due to 

the energetic favorability of Mn forming mono- and bi-nuclear inner-sphere complexes 

through reacting with excess structural OH- groups on the Fe oxyhydroxide surface (Ugwu and 

Igbokwe, 2019; Zhu et al., 2020).  In general, Fe oxyhydroxides uptake the MnII forming 

virtually irreversible complexes (Coughlin and Stone, 1995; Namgung et al., 2020). Indeed, the 

EXAFS results showed higher abundance of MnII in the 0–3 cm depth range from 2015 (Table 

1), as well as in the Fe fractionation, which indicates that Mn was mostly associated with Fe 

oxyhydroxides (FR: 53%; LP: 25%; and CR: 9%). In addition, circumneutral pH and Eh values 

above +100 mV recorded in 2015 (Fig. 2) indicate suboxic conditions that are favorable to Fe 

oxyhydroxide formation (Reddy and DeLaune, 2008).  

Once the Fe-rich tailings arrived and were deposited on the soils of the Rio Doce 

estuary, the tailings were then exposed to redox oscillating conditions caused by tidal flooding 

and plant activity (Bianchi, 2007; Du Laing et al., 2009a). By 2017, a sharp decrease in Eh (-46 
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± 83 mV, on average) was observed compared to measurements in 2015 (+218 ± 116 mV, on 

average) indicating increasingly anoxic conditions (Fig. 2) (Reddy and DeLaune, 2008; 

Søndergaard, 2009). The marked decrease in Eh over time is likely due to estuarine plants (i.e., 

Eleocharis acutangula, Typha domingensis, and Hibiscus tiliaceus) that serve as direct inputs 

of organic matter (e.g. via dead leaves and roots) while also efficiently trapping particulate 

organic matter (OM) that is transported downstream. These plants contributing OM inputs 

coupled with tidal flooding stimulate anaerobic OM degradation and FeIII reduction 

(Badarudeen et al., 1996; Kristensen et al., 1995; Marín-Muñiz et al., 2014). Additionally, the 

plant growth enhances the maintenance of settled tailings since plant stems reduce the 

turbulence kinetics that could lead to physical tailings removal (Jay et al., 2007; Mudd et al., 

2010).   

Thus, Fe oxyhydroxides from the tailings were subjected to a biogeochemical 

environment highly favorable towards FeIII reduction to FeII and its subsequent solubilization 

(Cummings et al., 2000; Xia et al., 2019). In estuaries, the fate of solubilized FeII following 

dissimilatory Fe reduction may vary, for instance as precipitation of poorly crystalline Fe 

oxyhydroxide, uptake by plants, or removal from the estuary into the ocean (Canfield et al., 

2005; Johnston et al., 2011; Richard et al., 2020). The significant decrease in total Fe in soils 

collected in 2017 (r <0.001; Fig. 10), mainly at the soil surface, which was the soil layer most 

affected by tailings deposition, clearly corroborates a massive loss of total Fe through 

reduction (i.e., reductive dissolution). Additionally, the total Fe loss reflected the significant 

loss of the CR Fe fraction (Fig. 4) which was also supported by a clear decrease in the goethite 

and hematite bands of the DRS spectra likely due to their dissolution (Canfield et al., 1993; 

Lovley et al., 2004). 

The total Mn content in the soil from 2017 also showed a significant decrease (p-value 

<0.001; about 75%) when compared to 2015 data (Fig. 10). Furthermore, the solid-phase 

fractionation showed that Mn associated with both high and low crystallinity Fe oxyhydroxides 

decreased on average 25% in 2017 (Fig. 4). Likely, the decrease of soil Mn contents was 

associated with its release as MnII in response to Fe oxyhydroxides dissolution. In fact, the 

association of Mn with high and low crystallinity Fe oxyhydroxides was clearly shown by the 

Mn K-edge XANES data (Table 1).  
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Fig. 10. Mean Fe (A) and Mn (B) total soil contents from 2015 and 2017. The different 
lowercase letters indicate significant differences among the variables using the Kruskal-Wallis 
test at the 5% probability level. 

 

Following release and diffusion out of soils, dissolved MnII had a number of possible 

fates: 1) be transported further downstream and washed out from the estuary (particularly 

during the rainy season); 2) be retained on Fe oxyhydroxides; or 3) undergo oxidation followed 

by precipitation as Mn oxides (Chaudry and Zwolsman, 2008; Otero et al., 2009; Sundby et al., 

2003). XANES analysis of soil samples from 2017 (Table 1) shows that a high proportion of Mn 

had been oxidized (i.e., MnIII and MnIV) in the soil surface layers (i.e. 0–3 cm) corresponding to 

EXAFS spectra with characteristics attributable to phyllo- and tectomanganates (i.e., Mn 

oxides; Fig. 5). According to Oldham et al. (2019) MnII can be quickly oxidized to Mn oxides in 

estuarine surface soils because O2 diffusion in the surface layers is more rapid than at depth.  

It is likely during the first two years (2015 to 2017) after the arrival of the tailings that 

the prevailing conditions in the estuarine soils favored the release of MnII through reduction 

of Fe oxyhydroxides, with subsequent transformation of MnII into poorly crystalline Mn oxides 

due to redox fluctuations (Fig. 2). Previous studies reported that both dissolved Mn and Fe 

may re-oxidize or co-precipitate with a variety of different soil minerals (e.g. oxides, 

carbonates, sulfides) (Du Laing et al., 2009b; Otero et al., 2009). However, by 2017, the redox 

potential observed in Rio Doce estuarine soils indicated geochemical conditions (i.e., Eh and 

pH) had become favorable for anaerobic processes including both Fe and Mn dissimilatory 

reduction (Fig. 2) (Canfield et al., 1993; Lovley et al., 2004). It is widely known that anaerobic 

microorganisms through microbial reduction of both Fe and Mn may use MnIII, MnIV, and FeIII 
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present on minerals as electron acceptors for anaerobic respiration under anoxic conditions 

(Otero et al., 2009; Patrick and Jugsujinda, 1992). Thus, our results indicate that Mn released 

during 2017 onwards might have occurred through reduction of both Fe oxyhydroxides and 

poorly crystalline Mn oxides (Lovley et al., 2004; Postma and Appelo, 2000).  

Therefore, an increase in dissolved Mn concentrations is expected given that MnII is 

generally more stable against abiotic oxidation by O2 than FeII, which can be rapidly oxidized 

under Eh conditions above +100 mV and circumneutral pH (Burdige, 1993; Frohne et al., 2011). 

Although Mn oxides have been formed due to O2 diffusion in surface layers, the Mn oxides 

required very strong oxic conditions (approximately +900 to +1000 mV at pH 5) to reach 

stability against reductive processes (Frohne et al., 2011). In our study, the highest Eh value 

measured in 2017 was +174 mV. The FeII oxidation, however,  occurred rapidly according to 

the Eh measured in samples from 2017, leading to the formation of poorly crystalline Fe 

oxyhydroxides such as ferrihydrite and lepidocrocite (Frohne et al., 2011; Yu et al., 2007), both 

of which increased in 2017 representing 40% of Fe minerals (Fig. 4). Contrarily long-term the 

contents of FeCR will mostly decrease since its formation is very low in environments with 

redox oscillations (Winkler et al., 2018). It should be noted, however, that poorly crystalline 

Fe minerals (i.e., FeLP and FeFR) phases are more susceptible to reduction within redox-

oscillating environments (Nealson and Myers, 1992; Patrick and Jugsujinda, 1992; Reddy and 

DeLaune, 2008). 

Thus, results showing the significant loss of Fe in the tailings-affected estuarine soils 

and the higher susceptibility of poorly crystallinity Fe oxyhydroxides to undergo reductive 

dissolution under transitory/cyclic anoxic conditions both point toward a decreasing capacity 

of poorly crystalline Fe minerals to control future Mn retention. The decrease in the 

significance of the Spearman correlation coefficient between total Fe and Mn in 2017 

reinforces a less marked capacity of Fe oxyhydroxides in Mn retention (Fig. 9). 

 

5.4.2. Environmental Consequences 

Metals can be absorbed into fish tissues through direct contact (i.e. through gills, skin 

or ingestion) such as with metals dissolved in the water column and associated with bottom 

sediments (Olsson et al., 1998; Weber et al., 2013). While the Cf in 2017 indicates low 

contamination levels of Mn in the soil at the studied site, high concentrations of Mn and other 
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trace metals in the Rio Doce estuary suggested a high ecological risk for marine life 

(Bernardino et al., 2019; Gabriel et al., 2020a). Thus, the high contents of Mn in fish livers is 

indicative of chronic or acute exposure given the liver’s role in storage, redistribution, and 

metabolism of contaminants (Al-Yousuf et al., 2000). For these reasons, metal concentrations 

in the liver are useful indicators of bioaccumulation and are a bioindicator of Mn exposure in 

the Rio Doce estuary (Azevedo et al., 2009; Hauser-Davis et al., 2014). In fact, a recent study 

in the Rio Doce estuary indicated bioaccumulation of metals, including Mn, in tissues of 

Cathoropus spixii and Genidens genidens resulting in physiological effects due to chronic 

exposure to metal contaminants (Gabriel et al., 2020b). 

The presence of Mn in fish muscle tissue poses a high risk to human health for the local 

community because the fish muscles are consumed by humans (Gabriel et al., 2020b; Gusso-

Choueri et al., 2018). According to Gusso-Choueri et al. (2018), the consumption of metal-

contaminated fish is one of the main routes of exposure for riverside communities. In most 

cases, the health risk is aggravated for those who depend on fish from the estuary to meet 

their daily dietary needs, which is the case for many people living near the Rio Doce estuary 

(Gabriel et al., 2020a).  

According to the World Health Organization (WHO, 2011), food consumption is the 

primary route of exposure to Mn for humans, with the average concentration of Mn in staple 

protein sources such as beef, poultry, and fish ranging from 0.10-3.99 mg kg-1. Estimates for 

adequate daily consumption of Mn varies from 2-3 mg day-1 for adults (WHO, 2011). 

Therefore, according to the average Mn content found in fish muscles and the adequate daily 

consumption of Mn, the daily threshold consumption of C. spixii and G. genidens for an adult 

would be 2.5 kg and 5 kg, respectively, which may pose a real risk to the local population over 

the long-term due to presence of other sources of Mn exposure, such as drinking water, dust, 

fruit, vegetables, and dairy (Jolly et al., 2013; O’Neal and Zheng, 2015).  

High concentrations of dissolved Mn measured in 2017 resulting from reducing 

conditions in the estuary is likely to have caused Mn accumulation in the tissues of the studied 

fishes (Arndt et al., 2014; Gabriel et al., 2020b; Pinsino et al., 2012). Our results from fish 

muscle and liver analyses show that Mn content in local fish species selected for this study are 

higher than Mn concentrations measured in other economically important fish species 

collected from areas that have also reported high concentrations of dissolved Mn (Table 2). 
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Our findings suggest that fish living in the Rio Doce estuary may pose a chronic health risk for 

humans due to the elevated levels of tissue-bound Mn.  

 

Table 2 – Mean values of Fe and Mn in liver and muscle for Cathoropus spixii and Genidens 
genidens collected 2017 from the Rio Doce estuary and for different commercial fish species 
worldwide. 

Species 

Total Fe Total Mn 

Reference Liver Muscle Liver Muscle 

mg kg-1 

Cathoropus 
spixii 

830 ± 638 26.75 ± 26.35 3.2 ± 1.78 1.0 ± 1.0 This study 

Genidens 
genidens 

1,541 ± 1,725 17.36 ± 11.4 2.1 ± 1.9 0.5 ± 0.2 This study 

Silurus 
triostegus 

35.3 ± 6.6 n.d n.d n.d 
Karadede et al. 

(2004) 

Lethrinus 
lentjan 

n.d n.d 1.4 ± 0.2 0.1 ± 0.0 
Al-Yousuf et al. 

(2000) 

Genidens 
barbus 

181 ± 100 3.87 ± 0.82 n.d n.d 
Avigliano et al. 

(2019) 

Chiloscyllium 
plagiosum 

n.d n.d 0.2 ± 0.1 0.1 ± 0.0 
Cornish et al. 

(2007) 

Mullus barbatus 161.00 ± 25.30  29.20 ± 7.96 0.9 ± 0.2 0.4 ± 0.1 
Tepe et al. 

(2008) 

Merlangius 
merlangus 

49.90 ± 7.16 21.90 ± 3.26 1.6 ± 0.2 0.4 ± 0.0 
Tepe et al. 

(2008) 

Silurus glanis 54.48 ± 17.59 10.17 ± 4.66 1.1 ± 1.4 0.5 ± 0.3 
Andreji and 

Stráňai, (2007) 

n.d: not determined 

 

It is likely that the continued release of Mn from the estuarine soils will lead to Mn 

accumulation in other species of fish (Rather et al., 2019), crabs (Zhang et al., 2019), plants 

(Intawongse and Dean, 2006), and oysters (Silva et al., 2003), all of which are likely important 

food sources for the local population. The risks of Mn within the food chain are often 

overlooked in estuarine  ecosystems because information on the toxic effect of Mn in aquatic 

organisms from these ecosystems is poorly studied despite recent studies that have suggested 

Mn induces oxidative stress, damage to tissues, inflammation and neurodegeneration in fish 
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and crabs (Barrio-Parra et al., 2018; Vieira et al., 2012). Thus, this unnoticed toxicity of Mn 

increases the risk of bioaccumulation for the local population.  

Moreover, a constant uptake of Mn trough food with high Mn concentrations a long-

term may expose to local population to adverse human health effects promoted by high Mn 

accumulation as neurodegenerative disorder (Levy and Nassetta, 2003), cardiovascular 

toxicities (Jiang and Zheng, 2005), and liver damage (O’Neal and Zheng, 2015). In this sense, 

additional in vitro bio accessibility tests may be beneficial to provide toxicological issues that 

were not reported so far (Luo et al., 2012). 

The continued downstream transport of the mine tailings accumulated along the Rio 

Doce basin will serve as a long-term source of Mn and other trace metals, and potentially 

maintain the continued bioaccumulation risks of Mn into the estuary. Therefore, chronic Mn 

contamination is expected to persist along with other trace metals, as a result of 

biogeochemical soil conditions that favor seasonal Fe and Mn oxide reduction, and the 

absence of other mineral fractions that can retain and immobilize Mn (except for poorly 

crystallinity Fe oxyhydroxides which exert ephemeral control; Fig. 11).  
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Fig. 11. Schematic summary of the sequence of processes (order provided in yellow circles) 
leading to Fe and Mn mobilization in the Doce River estuary. The deposited mine tailings in 
2015 from the Fundão dam rupture (Samarco mining company) led to an Fe oxyhydroxide and 
Mn enrichment in the estuary. Initially, Mn that arrived was predominantly immobilized on Fe 
oxyhydroxides (1). Between 2015 to 2017, plant growth promoted organic matter input to 
estuarine soils which stimulated the reduction of Fe oxyhydroxides (2) and subsequent release 
of dissolved Fe and Mn to estuarine waters, exposing fish and other wildlife to high 
concentrations of the metals (3). Redox oscillations caused by seasonal changes in 
precipitation and water levels, tidal flooding, plant activity, and fauna, has favored 
precipitation of poorly crystalline Fe oxyhydroxides and poorly crystalline Mn oxides (4). Mn 
oxides are easily reducible (5) which can contribute to an increase of Mn in estuarine water 
(6). Poorly crystalline Fe oxyhydroxides are also susceptible to reduction limiting their role in 
Mn retention in the future. 

 

5.5. Conclusions 

The Fe-rich mine tailings deposited from the Samarco disaster in the Rio Doce 

estuarine soils largely increased Mn concentrations in soil, water, and fish. The Fe minerals 

exert a temporary control on Mn bioavailability because crystalline Fe oxyhydroxides are 

gradually solubilized and replaced by poorly crystalline Fe oxides which can be easily reduced. 

Although the Mn released from Fe minerals may be reoxidized into poorly crystalline Mn 

oxides over time, the redox conditions in the Rio Doce estuary are highly conducive to 

reductive dissolution of MnIII and MnIV containing poorly crystalline oxides, such as 
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phyllomanganate and tectomanganates, which then ultimately leads to the continued 

increase in dissolved Mn. 

Although Mn is considered an important micronutrient for all flora and fauna, the 

concentration of Mn found in the pore waters of the impacted estuary drastically exceeds the 

concentrations necessary for biological function leading to chronic Mn exposure. In this study, 

we found elevated Mn concentrations in liver and muscle tissues of multiple fish species that 

are regularly consumed by the local population. This discovery demonstrates that Mn sourced 

from the mine tailings can ultimately be impacting human health through long-term 

ecosystem contamination. Moreover, other animals and plants that are also consumed by the 

local population may accumulate Mn, worsening the risk to human health in the area. 
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Supplementary material 

Calibration, normalization and merging of replicate scans was done using the Demeter package 

(Ravel and Newville, 2005), version 9.26 with Larch running as a backend (Newville, 2013), and using a 

PC running Windows 10. The average Mn valence (AMV) of the Mn in each sample was obtained 

through linear combination fitting analysis of the Mn X-ray absorption near edge structure (XANES) 

spectra was done in Athena (Ravel and Newville, 2005) using the Combo method of Manceau et al. 

(2012).  In all cases, the 17 reference spectra from Manceau et al. (2012) with the addition of two MnII 

standards (Mn-Oxalate and MnCl2) from the XAS standards repository in Demeter: 

(https://github.com/bruceravel/demeter/tree/master/lib/Demeter/share/standards/data)  were 

used to perform unconstrained linear fits. Any reference yielding a negative loading was progressively 

removed on a per-sample basis and re-added to the reference list before fitting the next sample.  

 

 
Fig. S1. Manganese standards used in the linear combination fitting analysis of the Mn K-edge XANES. 
Standards obtained from Manceau et al. (2012) and from the Demeter XAS standard repository. * 
designates standards obtained from the Demeter XAS repository. 
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Fig. S2. An overview of Rio Doce estuary in 2015 (A and B) showing the predominant 
vegetations in the Rio Doce estuary: Typha domingensis (A; courtesy of Xosé L. Otero), and 
Eleocharis acutangula (C; courtesy of Hermano M. Queiroz). In 2017 (C and D) an overview of 
the same areas showing the expansion of the surface occupied by macrophytes. 
 

 
Fig. S3. Location of soil sampling sites affected by tailings deposition in 2015 and 2017 in the Rio Doce 
Estuary, Regência, Espírito Santo, Brazil highlighting the permanent islands using satellite images from 
2014, 2015, and 2017. 
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Table S1 – Description of solid-phase fractionation analysis of iron and manganese according 
to Tessier et al. (1979), Huerta-Diaz and Morse (1990), and Fortin et al. (1993). 

Fraction Abbreviation Chemical Extractor/Procedure 

Exchangeable and solube EX 
Extracted with a 1 mol L-1 MgCl2 solution at pH 

adjusted to 7 

Fe and Mn associated with 
carbonates 

CA 
Extracted with a 1 mol L-1 NaOAc (sodium acetate) 

solution at pH 5 

Fe and Mn associated with 
ferrihydrite and 

lepidocrocite, i.e, low 
crystallinity Fe phases 

LC 
Extracted with a 0.04 mol L-1 hydroxylamine + acetic 

acid 25 % (v/v) solution at 30 °C (ferrihydrite) and 
96 °C (lepidocrocite) 

Fe and Mn associated with 
hematite and goethite, i.e, 
high crystallinity Fe phases 

CR 
Extracted with a 0.25 mol L-1 sodium citrate + 0.11 

mol L-1 sodium bicarbonate solution and 3 g of 
sodium dithionite at 75 °C 

Fe and Mn associated to 
pyrite 

PY 

Extracted with concentrated HNO3. Before 
extraction the samples were subjected to treatment 
with 10 mol L-1 HF to remove phyllosilicates Fe, and 
concentrated H2SO4 was then added to remove Fe 

associated with organic matter 

 

Table S2 – Detection limits and quality assurance and quality control used in the ICP-OES for 

total content and iron fractionating analyses. 

Quality assurance Fe Mn 

Detection limit 0.01 0.01 

Measured value 9.026 9.769 

Certified value 
(NIST-1643f) 

10 10 

Recovery (%) 90.3 97.7 

NIST-1643F: Certified standard reference material for trace elements in water used on Mn and 
Fe determinations from extracts of total contents and iron fractionating analyses. 
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6. FROM SINKS TO SOURCES: THE ROLE OF FE OXYHYDROXIDE 

TRANSFORMATIONS ON PHOSPHORUS DYNAMICS IN ESTUARINE SOILS 

Abstract 
The availability of phosphorus (P) in estuarine ecosystems is ultimately controlled by the 
nature of interactions between dissolved P and the soil components (e.g., soil minerals), 
especially iron (Fe) oxyhydroxides. P retention on Fe oxyhydroxides and its subsequent 
availability depends on mineral crystallinity and susceptibility to dissolution. However, in 
estuarine soils, geochemical conditions (e.g., redox oscillation and high soil organic matter 
content) may alter the fate of P and decrease the environmental quality of estuarine waters. 
The large input of Fe-rich tailings into the Rio Doce Estuary in Brazil in 2015 after a rupture of 
a Fe ore tailings dam (i.e., “Mariana mine disaster”) offers a unique framework to evaluate the 
Fe oxyhydroxides role in P availability in estuarine soils, their potential effects on the cycling 
of P and eutrophication. We observed a significant correlation between Fe minerals and the P 
content in the estuary soils, suggesting that P enrichment was promoted by the deposited Fe-
rich tailings. Adsorption isotherm curves indicated that mine tailings had a strong affinity for 
P due to presence of crystalline Fe oxyhydroxides in the tailings. Significant losses of Fe (62%) 
and P (56%) from the estuarine soil was observed two years after the initial impact and in 
response to redox conditions oscillations. Additionally, the content of high crystallinity Fe 
oxyhydroxides decreased significantly, whereas that of low crystallinity Fe oxyhydroxides 
showed an increase over time. These changes were associated with the dissimilatory Fe 
reduction, which led an increase in the concentrations of readily available P (2015: 2.30 ± 0.41 
mg·kg−1; 2017: 3.83 ± 1.82 mg·kg−1; p < 0.001) in the studied soils. Moreover, in 2017, the 
dissolved P content exceeded the recommended environmental safety limits by five times. 
Our results indicate that Fe oxyhydroxides are a continuous source of dissolved P for the 
ecosystem, and Fe-rich tailings deposited in the estuarine ecosystem may be linked to a 
potential eutrophication. 
 
Keywords: Fe oxides, crystallinity, eutrophication, pollution, redox processes, Samarco 
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6.1. Introduction 

Phosphorus (P) is considered a limiting nutrient for all living organisms in terrestrial, 

marine, and coastal ecosystems (Elser et al., 2007; Vitousek et al., 2010). Considered an 

essential nutrient for plants, animals, and microorganisms, P modulates primary productivity 

in many terrestrial ecosystems (Ceulemans et al., 2017; Reinhard et al., 2017). The most 

abundant terrestrial P reservoirs are crustal rocks, soils and shallow marine sediments (0.27–

1.3 Tmol P), the deep sea (2,810 Tmol P), and P mines (323–645  Tmol P) (Ruttenberg, 2001). 

Therefore, the P cycle involves living and non-living processes and various biogeochemical 

routes, including mineral formation (Paytan and McLaughlin, 2007), weathering (Filippelli and 

Delaney, 1994), mining (Ruttenberg, 2001) and microbial activity (Richardson and Simpson, 

2011).  

Queiroz, H.M., Ferreira, T.O., Barcellos, D., Nóbrega, G.N., Antelo, J., Otero, X.L., Bernardino, A.F., 2021. From sinks 
to sources: The role of Fe oxyhydroxide transformations on phosphorus dynamics in estuarine soils. J. Environ. 
Manage. 278, 111575. https://doi.org/10.1016/j.jenvman.2020.111575 
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In soils, P availability is especially controlled by interactions with soil organic matter 

and different soil minerals (Holtan et al., 1988; Otero et al., 2018). Among these minerals, iron 

(Fe) oxyhydroxides are known to form especially strong surface complexes with P, limiting its 

availability to the environment (Arias et al., 2006; Cornell and Schwertmann, 2003). These Fe–

P interactions are crucial for P retention and immobilization in most soils and thus limit the 

availability of P for virtually all terrestrial ecosystems (Cui et al., 2011; Fink et al., 2016). In fact, 

Fe–P interactions are among the most important mechanisms regulating P fluxes from soils to 

other reservoirs, such as oceans and lakes (Fink et al., 2016; Werner and Ami, 2014).  

The P adsorption–desorption on Fe oxyhydroxides depends on the latter’s crystallinity, 

specific surface area, isomorphic substitution, concentration of hydroxyl (OH) groups on the 

surface of the Fe minerals, and type of ligands (Cornell and Schwertmann, 2003; Fink et al., 

2016). Among the different Fe oxides, goethite is known to be more efficient for P adsorption 

than hematite due to a higher concentration of OH groups and specific types of ligands called 

inner-sphere complexes (Antelo et al., 2005; Torrent et al., 1992). Moreover, the overall soil 

biogeochemical conditions can govern P availability by controlling parameters such as pH, 

redox potential, microbial activity, and organic matter decomposition (Antelo et al., 2005; 

Charana Walpola, 2012; Parsons et al., 2017).  

In estuarine soils, for instance, redox processes may overrule the control of Fe on P 

availability because anaerobic pathways of organic matter decomposition (e.g., when NO3
−, 

Mn(IV), Fe(III), and SO4
2− serve as the electron acceptors) predominate in these redox 

oscillating environments (Jiménez-Cárceles and Álvarez-Rogel, 2008; Nóbrega et al., 2014). 

Thus, since Fe oxyhydroxides are redox-sensitive minerals (Larsen and Postma, 2001; Zachara 

et al., 2001), their strong control over P availability in estuarine ecosystems as well as the P 

biogeochemical cycle may be drastically affected. In fact, this process is largely overlooked in 

estuarine ecosystems, and only a few researchers have studied this aspect (Ekholm and 

Lehtoranta, 2012).  

Although large inputs of bioavailable P are known to decrease the environmental 

quality of coastal ecosystems such as estuarine environments (Barcellos et al., 2019; Schendel 

et al., 2004; Wang et al., 2011), P is still considered a limiting element for primary production 

in these ecosystems (Elser et al., 2007; Kraal et al., 2015). In this sense, understanding the Fe–

C–P coupling in estuarine soils is of key importance not only to assess and interpret P 
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availability (Cui et al., 2011; Liptzin and Silver, 2009; Otero et al., 2015), but also to predict and 

control the risk of coastal water eutrophication (Coelho et al., 2004; Kraal et al., 2015). 

Here, we report a detailed study of the biogeochemical processes controlling P 

dynamics in estuarine soils that received a large input of mine tailings enriched in Fe 

oxyhydroxides (Queiroz et al., 2018) released after the world’s largest mining disaster to date, 

the Mariana mine disaster in Brazil (Escobar, 2015). This disaster occurred in November 2015 

after the rupture of a Fe ore tailings dam from Samarco Company, killing 19 people and 

destroying many villages, natural reserves and dumped into the Doce River (i.e., Rio Doce) 

approximately 50 million m3 of Fe-enriched mine tailings (Escobar, 2015; Gabriel et al., 2020). 

A huge wave of a Fe-enriched material traveled hundreds of kilometers downstream  reaching 

the estuary 16 d after the failure (Lima et al., 2020; Queiroz et al., 2018). Thus, the Samarco 

Dam failure offers a unique framework to study the coupled biogeochemical dynamics of Fe 

and P in an estuarine environment marked by soils under redox oscillating conditions. The 

study site also offers an important opportunity to evaluate the changes in the composition of 

Fe oxyhydroxides over time and their effects on the cycling of P in coastal ecosystems. 

Accordingly, we hypothesized that (i) the Fe tailings may have acted as a P carrier to 

the Rio Doce Estuary and (ii) the active redox environment in these estuarine soils would affect 

the ability of Fe oxides to control P bioavailability. Thus, the objective of this study was to 

evaluate the role of Fe oxyhydroxides on the dynamic and bioavailability of P in a Fe-rich 

estuarine soil and to assess the potential environmental implications, especially with regard 

to a eutrophication risk using the Rio Doce estuary as a framework due to impacts of the 

inadvertent Fe-rich mine tailings disposal after Mariana's disaster. 

 

6.2. Material and Methods 

6.2.1. Site description, sampling, and in-situ measurements 

The Rio Doce is a major river in southeastern Brazil. Its basin covers an area of 84,000 

km2, and it supplies water to approximately 3 million people (Medeiros et al., 2012; Pires et 

al., 2017). The basin has been modified by several decades of human activities, such as waste 

discharge, industrial activity, agriculture, and aquaculture in over 300 municipal districts 

located within its borders (Marques and Barbosa, 2001; Medeiros et al., 2012; Santolin et al., 
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2015). In November 2015, a large amount of Fe-enriched mine tailings mostly composed by 

highly crystalline Fe oxyhydroxides (e.g., hematite and goethite) were dumped into Rio Doce 

Basin after the Fundão Dam collapse, reaching the Rio Doce Estuary in the Eastern Marine 

Ecoregion of Brazil (19°38′–19°45′S and 39°45′–39°55′W) (Gomes et al., 2017; Queiroz et al., 

2018) and, ultimately, the ocean, where they dispersed over hundreds of kilometers (Marta-

Almeida et al., 2016). 

For the present study, soil samples were collected from the estuary during two field 

campaigns, the first in 2015 (a few days after initial mine tailings arrival) and the second in 

2017. Both samplings were performed at the same sites (Fig. 1). The soils were sampled using 

polyvinyl chloride tubes attached to a sampler used for flooded soils (Howard et al., 2014; 

LaForce et al., 2000; Otero et al., 2009). The soil sampling was performed in areas close to the 

dominant vegetation (i.e., Eleocharis acutangula, Typha domingensis, and Hibiscus tiliaceus) 

to avoid vegetation bias and better assess the estuarine conditions. In addition, mine tailings 

samples from inside the Fundão Dam located in Bento Rodrigues City, Minas Gerais, were 

donated by the National Mining Agency and also analyzed. 

After soil collection, the samples were hermetically sealed, maintained at a 

temperature of approximately 4°C in order to avoid extra microbial activities and chemical 

shifts, and transported in the vertical position to the laboratory (Barcellos et al., 2019; Howard 

et al., 2014; LaForce et al., 2000; Nóbrega et al., 2014). Thereafter, they were sectioned to 

depths of 0–3, 3–5, 5–10, and 15–30 cm, representing the depths most affected by tailings 

deposition. Soil redox potentials (Eh) were measured during sample collection using a Pt 

electrode, with the Eh values adjusted to a calomel reference electrode by adding +244 mV. 

Soil pH values were recorded with a glass electrode, previously calibrated with standard 

solutions of pH 4.0 and 7.0.  

Water samples were also collected (2015: n = 10; 2017: n = 20) from the river channel 

close to the soil sampling sites. The water samples were collected in amber glass bottles, 

filtered (pore size = 3 µm), and acidified for quantification of total dissolved P. 
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Fig. 1. (A) The Rio Doce Estuary soon after the arrival of the Fe mine tailings (November 2015). 
Note the red color of the water due to the fine particles of Fe oxyhydroxides in suspension, 
(B) locations of the soil sampling sites at the Rio Doce Estuary (Regência, Espírito Santo State, 
southeast Brazil), and (C) a close-up of the deposited Fe-rich mine tailings on the surface of 
the estuarine soil in November 2015, highlighting its fine composition and reddish color in 
comparison with the original estuarine soil. 

 

6.2.2. Chemical and mineralogical analyses of the soil and water samples  

The total P contents in the soil samples and mine tailings from Fundão Dam were 

determined by inductively coupled plasma-optical emission spectrometry (ICP-OES, iCAP 

6200, Thermo Scientific) after a triacid (HF + HCl + HNO3) digestion (USEPA, 1996). The 

dissolved P concentrations in the water samples were quantified via ICP-OES. To determine 
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the P bioavailability in the estuary soils, the exchangeable P content (Exch-P) was also 

determined after extraction with a 0.34 mol·L−1 NaCl solution (Paludan and Morris, 1999). 

To assess the different forms of Fe (Fe oxyhydroxides and other Fe fractions) in the soil 

samples, Fe fractionation was performed using a combination of methods proposed by Tessier 

et al. (1979), Huerta-Diaz and Morse (1990), and Fortin et al. (1993). As a result, the following 

five operationally distinct fractions were assessed (for further details, see Table S1 and 

Queiroz et al., 2018): (i) exchangeable Fe (EX), (ii) Fe associated with carbonates (CA), (iii) Fe 

associated with ferrihydrite and lepidocrocite (i.e., low crystallinity Fe phases (LC)), (iv) Fe 

associated with hematite and goethite (i.e., high crystallinity Fe phases (CR)), and (v) Fe 

associated with pyrite (PY). The pseudo-total Fe was calculated using the sum of these five 

fractions (pseudo-total Fe = ∑EX + CA + LC + CR + PY). 

A mineralogical characterization of the estuarine soils was performed using X-ray 

diffraction (XRD) with Cu Kα radiation at 0.02° 2θ s−1 in the range of 3–60° 2θ after treatment 

using NaClO to remove organic matter. The XRD analysis was carried out using soil samples 

from the superficial soil layers collected in 2015 and 2017 to evaluate the changes in the Fe 

oxyhydroxides over time. The analysis was performed in the clay fraction after a 

preconcentration step to remove kaolinite and gibbsite with 5 mol·L−1 NaOH and to 

concentrate the oxides (Kämpf and Schwertmann, 1982). The samples were washed with 0.5 

mol·L−1 HCl to avoid sodalite peaks (Singh and Gilkes, 1991). 

 

6.2.3. The Freundlich and Langmuir adsorption isotherms 

To evaluate the P adsorption in the mine tailings and assess the maximum adsorbing 

capacity, two isotherm experiments were carried out using the mine tailings samples collected 

in 2015 as the adsorbent. Suspensions were prepared with a 0.01 M NaCl solution as an inert 

electrolyte at a solid/solution ratio of 2 g·L−1. The total P concentration in the suspensions 

ranged between 0.1 and 10 mg·L−1. The pH values of the suspensions were then adjusted to 

either pH 4.0 or 7.0 by the addition of either 0.1 or 1.0 mol·L−1 HNO3 or NaOH solutions, 

respectively. During the 24 h equilibration period, the suspensions were continuously shaken, 

and the pH was periodically measured and readjusted if necessary. The suspensions were then 

centrifuged and filtered through 0.45 μm filters. The P concentrations in the solution were 

determined following the molybdenum blue method (Murphy and Riley, 1962), and the 
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concentrations of adsorbed P were determined by the difference between the total added 

amount and the final amount remaining in solution. The isotherm results were computed with 

the Freundlich and Langmuir isotherm models and nonlinear least squares regression 

(Boeykens et al., 2017; Xue et al., 2018). 

 

6.2.4. Statistical analyses  

The total P, pseudo-total Fe, Exch-P, and dissolved P in water were subjected to the 

non-parametric Kruskal–Wallis test to assess differences between 2015 and 2017 at the 5% 

significance level (software XLSTAT version 2014.5.03) (Reimann et al., 2008). The non-

parametric test was selected because it depends on fewer assumptions and is more robust for 

environmental analysis (Reimann et al., 2008). Additionally, the collected data did not show a 

normal distribution, which favors the use of non-parametric statistics. Spearman correlations 

were also calculated to compute interactions between the variables, and the r and p values 

were reported. 

 

6.3. Results 

6.3.1. Iron fractionating and total contents of iron and phosphorus  

The surface soil samples from 2015, which represent the soil layer most affected by 

the deposition of the mine tailings, showed the highest pseudo-total Fe content (depth = 0–3 

cm; total Fe = 129,000 ± 88,000 mg·kg−1; Fig. 2a). Similarly, the highest total P content was 

recorded in the surface soils (depth = 0–3 cm) from 2015 (soon after the mine tailings arrival; 

430 ± 200 mg·kg−1; Fig. 2c, and exchangeable P = 3.04 ± 0.35 mg·kg−1; Fig. 3e). On the other 

hand, the total P content of the original mine tailings from inside the Fundão Dam was, on 

average, 1.5 times lower (mean = 288 ± 67 mg·kg−1; Fig. 2c) than that of the mine tailings 

deposited on the estuary soil. In 2017, the total Fe contents decreased significantly (average 

26,726 ± 14,849 mg·kg−1; k = 5.400; p = 0.0201; Fig. 2b and Table S2) as well the total P contents 

(average: 136 ± 78 mg·kg−1; k = 4.4611; p = 0.0347; Fig. 2d)  
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Fig. 2. Fe fractionations (A and B), total P (C and D), and Exch-P (E and F) for the soil samples 
collected in 2015 and 2017 (mean values, with error bars indicating a ±1 standard deviation 
(SD). The black solid line indicates the mean total P content (±SD; shaded area) of tailings from 
inside the Fundão Dam. The Kruskal–Wallis test at the 5% probability level was carried out to 
evaluate statistical differences between 2015 and 2017. k values above the critical k (3.84) 
indicate statistical differences.  
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The Fe solid-phase fractionation from 2015 indicates that most of the Fe present in the 

estuarine soils impacted by the mine tailings was associated with high crystallinity oxides such 

as hematite and goethite (FeCR = 89.3%), followed by low crystallinity oxides (FeLC = 10.3%), 

while the remaining Fe fractions (FeEX, FeCA, and FePY) represented less than 1% of the 

pseudo-total Fe (Fig. 2). In 2017, the Fe associated with FeCR decreased by 25% (FeCR in 2017: 

63.5%; Fig. 2), followed by a significant increase by 26 % in Fe associated with FeLC whereas 

the Fe associated with FeEX, FeCA and FePY remained representing less than 1% of the 

pseudo-total Fe. 

 

6.3.2. Fe-rich mine tailings mineralogical characteristics 

The XRD results (Fig. 3) from the clay samples concentrated in Fe oxides from 

superficial soil layer (depth = 0–3 cm) collected in 2015 and 2017, which represents the 

deposited mine tailings on the estuarine soil indicate the prevalence of Fe oxyhydroxides of 

high crystallinity, such as goethite (d-spacing values = 4.18 and 21.33° 2θ) and hematite (d-

spacing values = 3.67 and 24.37° 2θ), especially in 2015.  
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Fig. 3. Results of the XRD analysis of clay samples concentrated in Fe oxides from superficial 
soil (depth = 0–3 cm) collected in 2015 and 2017, representing the deposited mine tailings on 
the estuary soil. Gt (Goethite); Hm (Hematite). 

 

6.3.3. Sorption isotherms  

The Langmuir and Freundlich isotherms were performed for mine tailings samples 

collected in 2015 and Fig. 4 shows the effects of pH on P adsorption. The Langmuir and 

Freundlich isotherms curves showed similar characteristics, indicating an initial and higher P 

adsorption by the mine tailings at P concentration < 2.0 mg·L-1 and lower adsorption at P 

concentration > 2.0 mg·L-1 so that the plateau of slopes indicates no difference between the P 

concentrations of 4.0 and 10.0 mg·L−1.  
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Fig. 4. Isotherm adsorption curves for mine tailings samples collected in 2015 at pH 4.0 (blue 
points) and 7.0 (black points), adjusted for the Langmuir (solid lines) and Freundlich (dashed 
lines) models. 
 

6.3.4. Dissolved P contents in estuary water  

Regarding  the dissolved P in the estuary water, no significant differences were 

observed between 2015 (on average: 0.920 ± 0.412 mg·L−1) in 2017 (on average: 0.626 ± 0.473 

mg·L−1; Fig. 5), however, these values were above the threshold allowed according to Brazilian 

legislation (0.124 mg·L−1; CONAMA, 2005) and higher than reported in previous studies at the 

same place by Petrucio et al. (2005) and Venturoti et al. (2015) which found dissolved P 

contents of 0.128 ± 0.127 mg·L−1 and 0.04 ± 0.03 mg·L−1 respectively (Fig. 5). 
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Fig. 5. Total dissolved P in the Rio Doce Estuary water. The red dashed line indicates the total 
P threshold (0.124 mg·L−1) for water according to Brazilian legislation (CONAMA, 2005). The 
gray area indicates total P concentration in the estuary water before the mine tailings arrival, 
whereas the white area indicates the values after the tailings arrival. The same lowercase 
letters indicate no significant differences among the variables as per the Kruskal–Wallis test 
at the 5% probability level. 
 

6.4. Discussion 

6.4.1. The phosphorus in the Rio Doce estuary: contents and sources 

The higher total P content in the estuarine soil soon after the tailings arrival compared 

to the initial total P content in the tailings from inside the dam suggests that the Fe-rich mine 

tailings may have, in fact, acted as a carrier of P to the Rio Doce Estuary. Additionally, the 

strong positive significant correlation (r = 0.936; p < 0.001) between pseudo-total Fe and total 

P (Fig. 6) corroborates the role of the Fe-rich tailings in transporting P to the estuary soon after 

the dam collapse.  
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Fig. 6. Spearman correlations between pseudo-total Fe and total P contents in soils for the 
samples collected in 2015 (solid line) and 2017 (dashed line). p values < 0.05 indicate 
significant correlation. 

 

These mine tailings required 16 d to reach the estuary (Escobar, 2015), traversing 688 

km downriver and crossing agricultural farms, cities, and villages throughout the Rio Doce 

Basin, which covers an area of approximately 84,000 km2, drains 209 municipalities, and is 

inhabited by approximately 3.6 million people (BBC, 2016; Phillips, 2016; Pires et al., 2017). In 

this sense, studies prior to the disaster reported that P sources in the Rio Doce basin upstream 

from the estuary, are associated with agricultural fertilizers, urban wastes, and sewage which 

are daily discharged into the Rio Doce basin (Figueiredo et al., 2014; Jardim et al., 2014) which 

were carried by the wave of tailings towards the estuary, after the Fundão dam rupture. Which 
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was supported by high contents of dissolved P in 2015 soon after the Fe-rich tailings arrival to 

the estuary in comparison to values reported in previous studies for the same region (Fig. 8). 

In addition, the Fe oxyhydroxides presents in the mine tailings, are known for retaining 

P, predominantly through the ligand exchange mechanism, as binuclear and bidentate surface 

complexes, replacing OH groups for P to form bridging, binuclear surface complexes (Cornell 

and Schwertmann, 2003; Guzman et al., 1994; Queiroz et al., 2018). For instance, Strauss et 

al. (1997) reported higher and rapid P adsorption rates in poorly crystallized goethite due to 

its higher charge on external surfaces as a result of the higher surface area compared to 

hydrothermally treated (i.e., high crystallinity) goethite, leading to strong and partly 

irreversible P retention. Several studies also reported the role of low crystallinity Fe 

oxyhydroxides (e.g., ferrihydrite and lepidocrocite) in P adsorption by the formation of 

bidentate complexes and diffusion into micropores or into aggregates of particles (Kim et al., 

2011; Rhoton and Bigham, 2005; Wang et al., 2013a; Wilson et al., 2004). Indeed, we observed 

significantly positive correlations between both FeLC (r = 0.664; Fig. 7a) and FeCR (r = 0.841; 

Fig. 7b) and total P in 2015, corroborating P adsorption in both types of Fe oxyhydroxides and 

thus their participation in controlling the fate of P in the estuarine soils. 
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Fig. 7. Spearman correlations between total P and both low (A and C) and high crystallinity (B 
and D) Fe oxyhydroxides in 2015 and 2017. 
 

Moreover, the affinity of P to the Fe-rich mine tailings was further corroborated by the 

high slopes of the isotherm curves of adsorption shown in Fig. 4. The sharp initial slope 

confirms the strong ability of the Fe tailings to adsorb P as result of inner-sphere complexes 

presence (Ajmal et al., 2018; Chung et al., 2015). The Freundlich isotherm, on the other hand, 

assumes a nonuniform P adsorption at the mineral surfaces (Fig. 6), indicating the 

heterogeneity of surface complexes (e.g., the outer-sphere complexes along the mineral 

surface) (Trazzi et al., 2016; Zhang et al., 2019). In fact, previous studies have reported the 

role of outer-sphere complexes in P retention on the Fe oxyhydroxide surfaces (Boukemara 

and Boukhalfa, 2012; Yan et al., 2016). In addition, the isotherms indicated the amount of P 

retained in the mine tailings varied according to pH, and higher P adsorption took place at pH 
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4.0 in both isotherm curves. The pH effect is associated with the point of zero charge (PZC) of 

the Fe oxyhydroxides (for goethite and hematite, the PZC equals approximately 9.0 and 7.4, 

respectively; Zhu et al., 2019). Here, anions that form inner-sphere complexes, such as PO4
3−, 

show higher adsorption at pH < 8.3 due to higher presence OH groups on the surface minerals 

and form covalent ligands (Antelo et al., 2005; Arroyave et al., 2018; Cornell and 

Schwertmann, 2003). Conversely, the plateau in the curves from 4.0 and 10.0 mg·L−1 P might 

indicate saturation of the OH groups, especially Fe oxyhydroxides, on the mineral surfaces 

(Lalley et al., 2016). This result points to the maximum capacity of P adsorption in the mine 

tailings, which can lead to increased P bioavailability due to the absence of, or the reduction 

in, the number of adsorption sites. 

 

6.4.2. Changes in P availability over time 

A comparison of the soil physico–chemical conditions observed in 2017 (mean Eh = 

−114 mV; mean pH = 7.03) and 2015 (mean Eh = 64 mV; mean pH = 6.98) suggests that Fe 

oxyhydroxides underwent the dissimilatory Fe(III) reduction process, leading to reductive 

dissolution (see Fig. 8) (Bonneville et al., 2009; Pan et al., 2016). The riparian vegetation at the 

Rio Doce Estuary (Figure S1) was dominated by Eleocharis acutangula, Typha domingensis, 

and Hibiscus tiliaceus, which may have triggered this anaerobic process by promoting 

continuous organic matter input to the soils coupled with constant flooding by tides which 

promoting continuous O2 depletion (Kristensen et al., 2008; Xu et al., 2020; Zhao et al., 2020), 

may have resulted in decreasing Eh values and the observed suboxic conditions in 2017. 
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Fig. 8. Eh–pH diagram for the 2015 and 2017 samplings at the Rio Doce Estuary (adapted from 
Brookins (1988). 

 

In fact, organic matter decomposition in estuarine soils occurs mainly via anaerobic 

pathways (Canfield et al., 1993). Fe(III) typically serves as the electron acceptor (undergoing 

dissimilatory Fe(III) reduction), leading to the dissolution of Fe oxyhydroxides at pH values 

close to neutrality and Eh values below +100 mV (Bücking et al., 2013; Levar et al., 2017; Lovley 

et al., 2004). Additionally, the generation of organic matter (i.e., electron donor compounds) 

from plant decay and constant tidal flooding is expected, and the dissolution of Fe 

oxyhydroxides through dissimilatory Fe reduction is hastened as the redox potential decreases 

(Du Laing et al., 2009a, 2009b). As a result, the formed Fe2+ may be removed from the system 

by tidal activity since previous studies reported rapid rates of Fe oxyhydroxide dissolution 

(within hours to weeks), mediated by both biotic and abiotic factors (Davranche et al., 2013; 

Larsen and Postma, 2001; Weiss et al., 2004). 
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Indeed, we observed a significantly sharp decrease in the pseudo-total Fe content from 

2015 to 2017 (k = 5.400; p = 0.0201; Fig. 2b and Table S2), mostly in the surface layers (0–3 

cm), which corroborates the Fe oxyhydroxide reductive dissolution. Also, the XRD spectra 

indicated a decrease in the peak intensities from 2015 to 2017 of both goethite (d-spacing 

values = 4.18 and 21.47° 2θ) and hematite (d-spacing values = 3.67 and 24.45° 2θ) (Fig. 3). 

According to some authors (Velde and Peck, 2002; Wang et al., 2015), this decrease is 

associated with either changes in mineral abundances or losses of mineral phases (i.e., Fe 

oxyhydroxides).  

The solid-phase fractionation indicated that in addition to Fe losses, the contents of 

FeCR decreased by 25% from 2015 to 2017 (FeCR: 89.3% to 63.5%; Fig. 2), followed by a 

significant increase in the percentages of Fe associated with FeLC (2015: 10.3%; 2017: 36.2%; 

Fig. 2). The dissimilatory Fe reduction process in estuarine soils can dissolve both high and low 

crystallinity Fe oxyhydroxides (Karimian et al., 2018; Nóbrega et al., 2013; Straub et al., 2000). 

However, due to the redox oscillations promoted by tidal fluctuations (Keene et al., 2014), 

plants (Tai et al., 2018), and faunal activity (Araújo Júnior et al., 2016), the solubilized Fe2+ may 

be re-precipitated, leading to newly formed low crystallinity Fe oxyhydroxides (Barcellos et 

al., 2018; Chen et al., 2018). In these redox oscillating events, especially at the soil–water 

interface, the dissolved Fe2+ in contact with the dissolved O2 undergoes rapid oxidation and 

subsequent precipitation, particularly as low crystallinity Fe oxyhydroxides (Charette et al., 

2005; Chen et al., 2018). 

These Fe transformations are followed by shifts in the crystallinity as well as surface 

areas and thus the reactivity of the Fe oxyhydroxides toward P, deeply affecting its dynamics 

(Strauss et al., 1997; Wang et al., 2013b; Yan et al., 2016). Despite the significant losses of Fe, 

the Fe oxyhydroxides continued to play an important role in P retention in 2017 (Fig. 6), both 

in the FeLC (r = 0.648; Fig. 7c) and the FeCR (r = 0.937; Fig. 7d) phases.  

However, note that FeCR decreased significantly in 2017 (Fig. 2), representing the loss 

of the Fe fraction most efficient at adsorbing P (Krumina et al., 2016; Luengo et al., 2006). On 

the other hand, the simultaneous increase in FeLC may have led to a gradual increase in P 

availability and thus to a more ephemeral control over its dynamics. This interpretation is 

supported by the higher susceptibility of poorly crystalline Fe oxides to dissolution under 

redox oscillating environments due to their higher surface areas and amorphous crystal 

structures (Bhattacharyya et al., 2018; Burdige and Komada, 2020). Thus, as a result of the 
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significant losses of FeCR (Fig. 2) and the higher instability of FeLC in redox oscillating 

environments, the role of Fe oxyhydroxides in P retention clearly becomes more ephemeral 

with time, pointing to the possible release of P to the estuarine waters.  

Corroborating this potential P release from the studied estuarine soils, our data 

showed that the average Exch-P increased significantly from 2015 (2.30 ± 0.41 mg·kg−1; Fig. 

2e) to 2017 (3.83 ± 1.82 mg·kg−1; Fig. 2f), indicating an increase in P bioavailability over time. 

Moreover, Petrucio et al. (2005) and Venturoti et al. (2015) conducted studies in the same 

area before the disaster and reported total P dissolved values of 0.128 ± 0.127 mg·L−1 and 0.04 

± 0.03 mg·L−1, respectively (Fig. 5), which were in accordance with the Brazilian environmental 

guidelines for water quality (0.124 mg·L−1; CONAMA, 2005). On the other hand, in 2015, soon 

after the deposition of the mine tailings, the dissolved P in the Rio Doce Estuary surpassed this 

environmental threshold by at least seven times. These results suggest a real risk of 

eutrophication associated with the mine tailings arrival in the estuary. 

In this sense, the riparian vegetation at the Rio Doce Estuary could act on P absorption 

(Yu et al., 2019), however, the absence of significant differences of dissolved P between 2015 

and 2017 (Fig. 5), indicates an ineffective ability of riparian vegetation to uptake P and 

decrease the values in water. Indeed, Eleocharis acutangula and Typha domingensis, which 

are the plants that predominate at Rio Doce estuary, are poorly efficient to absorb P, lowering 

its role as biofilters (Esteves and Suzuki, 2013; Rejmánková, 2001). 

Thus, the similar values of total dissolved P in the estuary water in 2015 and 2017 (Fig. 

5) are closely linked to limited capacity of the Fe oxyhydroxides to continue acting as effective 

sinks for P upon arriving in the estuarine environment (Fig. 5). This finding is related both to 

the Fe losses by reductive dissolution (mostly of the thermodynamically more stable Fe 

mineral fraction or FeCR) and the increase in the less stable Fe fraction (i.e., FeLC). 

 

6.4.3. Risks of eutrophication in the estuarine soils of Rio Doce  

The high values of dissolved P in the Rio Doce Estuary in 2017 (Fig. 8) and the significant 

increase in Exch-P from 2015 to 2017 (Fig. 2) suggest a continuous and ongoing eutrophication 

process at the Rio Doce Estuary, linked to deposited Fe-rich mine tailings which are a 

continuous and significant source of P loads. The total P content observed in 2015 at Rio Doce 

estuarine soil was as high as those reported for other urban heavily polluted estuarine soils 
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worldwide with imminent risk of eutrophication or eutrophicated indeed (Table 1). However, 

in the reported studies the P sources were anthropic activities known to produce wastes with 

high P loads such as shrimp farming, agriculture, and sewage discharge (Table 1), which led to 

a soil enrichment of P labile.  

 

Table 1 - Total P content in the surface soil (depth = 0–3 cm) from the Rio Doce Estuary (2015), 
and the eutrophication risk in other estuaries worldwide according to the respective total P 
contents in the soils. 

Site 
Total P soil  
(mg·kg−1) 

P source 
Eutrophication 

risk‡ 
Reference 

This study (2015)† 430 ± 200 Mariana disaster - - 

Yangtze River Estuary, 
China 

721 ± 105 
Natural water and 

solid discharge 
High Jin et al. (2013) 

Mai Po Marshes, China 1546 ± 550 Shrimp farming Eutrophicated 
Lai and Lam, 

(2008) 

Lake Pontchartrain, USA 455 ± 47 Seasonal runoff High Roy et al. (2012) 

Yellow River Delta, China 594 ± 56 
Agricultural, 

industrial, and urban 
sewage 

High Sun et al. (2012) 

Bronx River, USA 583 ± 628 
Industrial and urban 

sewage 
High 

Wang and Pant, 
(2010) 

Han River, South Korea 480 ± 151 
Agricultural, fish 

farming, and seasonal 
runoff 

High Kim et al. (2003) 

† Mean ± Standard Deviation for P contents for 0–3 cm depth, representing deposition of mining tailings. ‡ 
According to the respective authors. 

 

On another hand, our results suggest that P may be continually added to the estuarine 

soils via adsorption by Fe oxyhydroxides and gradually released into the estuary waters in 

response to the rapid geochemical transformations of the Fe forms in environments with Fe 

enrichments. Additionally, geochemical Fe transformations and its subsequent effect on P 

availability may vary with seasons (Li et al., 2017; Thibault de Chanvalon et al., 2016). For 

instance, previous studies reported higher organic carbon, Fe, and P loads during wet seasons 

as a result of river floods leading to anoxic conditions, enhancing of iron reduction process 

and P availability (McKee et al., 2000; Monbet et al., 2009; Zwolsman, 1994).  

Understanding the P contents and the risks of eutrophication obtained from this study 

could be applied to other redox-dynamic environments (such as estuaries, lakes, streams, 

wetlands, and coastal humid areas) receiving large amounts of Fe-rich material associated 
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with P. Thus, the concerns raised in this study go beyond the Rio Doce estuarine system, since 

many other cases involving large amounts of Fe-rich tailings discharged into redox-dynamic 

environments such as rivers and lakes have occurred in other parts of the world e.g., the Shag 

River in New Zealand where at least 85,000 tons of mine tailings were dumped into the river 

(Black et al., 2004), the Tinto and Odiel rivers in Spain with large runoff of dissolved Fe into 

the estuaries (Braungardt et al., 2003), Doñana Park in Spain where a massive amounts of Fe-

rich mud was spilled from the accident in Aznalcollar (Grimalt et al., 1999), the Bøkfjorden 

Estuary in Norway affected by tailing discharges from an Fe ore mine  (Brooks et al., 2015), 

and the Brumadinho Disaster in Brazil which in 2019, approximately 12 million cubic meters 

of Fe ore tailing were discharged into the Paraopeba River after the Brumadinho dam rupture 

(Rotta et al., 2020; Thompson et al., 2020).  

Thus, for estuaries with Fe enrichment from disaster or from natural flows (e.g., 

sediment transport) linked to P loads from anthropogenic activities as sewage discharge, 

agricultural fertilizers, urban waste, or natural sources, leads to changes to P-cycling 

mechanisms, with soils from estuaries switching from P sinks to sources of P (Jarvie et al., 

2005). 

 

6.5. Conclusions 

Our study showed that although Fe oxyhydroxides have been widely reported as the 

key mineral phases for the immobilization of P in soils, they can trigger a rapid release of P in 

estuarine soils. Our results proved that the high P loads associated with the Fe mine tailings 

arising from the world’s biggest mining disaster to date (i.e., the Mariana disaster in Brazil) 

mainly constituted highly crystalline Fe oxyhydroxides (goethite and hematite). The redox 

oscillating conditions in the estuarine soils caused rapid Fe transformations, leading to a large 

P release in both the soil and water of the estuary. The loss of Fe oxides through this reductive 

dissolution was followed by a loss of Fe oxide crystallinity, which further increased P 

availability. Accordingly, a significant release of bioavailable P likely degraded the health of 

the ecosystem and raised the risk of eutrophication in the Rio Doce Estuary. Thus, long-term 

monitoring to evaluate the trophic state in the Rio Doce estuary is required as well as 

strategies for its remediation. 
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Supplementary Material 

 
Fig. S1. An overview of predominant vegetations in the Rio Doce estuary: Typha domingensis 
(A; courtesy of Xosé L. Otero), Hibiscus tiliaceus (B; courtesy of Hermano M. Queiroz), and 
Eleocharis acutangula (C; courtesy of Youjun Deng). 
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Table S1 – Description of solid-phase fractionation analysis of iron (Fe) according to Tessier et 
al. (1979), Huerta-Diaz and Morse (1990), and Fortin et al. (1993). 

Iron fraction Abbreviation Chemical Extractor/Procedure 

Exchangeable and solube 
Fe 

EX 
Extracted with a 1 mol L‒1 MgCl2 solution at pH 

adjusted to 7 

Fe associated with 
carbonates 

CA 
Extracted with a 1 mol L‒1 NaOAc (sodium acetate) 

solution at pH 5 

Fe associated with 
ferrihydrite and 

lepidocrocite, i.e, low 
crystallinity Fe phases 

LC 
Extracted with a 0.04 mol L‒1 hydroxylamine + acetic 
acid 25 % (v/v) solution at 30 °C (ferrihydrite) and 96 

°C (lepidocrocite) 

Fe associated with 
hematite and goethite, 
i.e, high crystallinity Fe 

phases 

CR 
Extracted with a 0.25 mol L‒1 sodium citrate + 0.11 

mol L‒1 sodium bicarbonate solution and 3 g of 
sodium dithionite at 75 °C 

Fe associated to pyrite PY 

Extracted with concentrated HNO3. Before extraction 
the samples were subjected to treatment with 10 mol 
L‒1 HF to remove phyllosilicates Fe, and concentrated 
H2SO4 was then added to remove Fe associated with 

organic matter 

 
Table S2 – Kruskal-Wallis non-parametric test summary for Total-P, Total-Fe, and Exch-P 
variables. 

Variable 
Average ± SD (mg·kg‒1)       

2015 2017 p value k (Critical value) K (Observed value) 

Total P 289 ± 201 136 ± 78 0.0347 3.8415 4.4611 

Pseudo-total Fe 74892 ± 66577 26726 ± 14849 0.0201 3.8415 5.4000 

Exch-P 2.3 ± 0.4 3.8 ± 1.8 < 0.0001 3.8415 35.8311 

SD: standard deviation; Exch-P= Exchangeable P; K = Kruskal-Wallis test;  
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7. IRON-RICH TAILINGS UNDER A REDOX ACTIVE ENVIRONMENT: 

MINERALOGICAL CHANGES AND POTENTIAL ENVIRONMENTAL 

CONSEQUENCES 

Abstract 
Iron (Fe) oxyhydroxides provide many functions in soils especially due to their high surface 
area and high surface charge density. However, much of the actual reactivity of Fe 
oxyhydroxides depends on their mineralogical characteristics (e.g., degree of crystallinity, 
isomorphic substitution, and crystal size). Detailed studies regarding the mineralogical 
characteristics of Fe oxyhydroxides are essential in predicting their stability and reactivity 
within the soils and sediments environment. The present study aimed to evaluate the 
mineralogical changes of an Fe-rich tailing and its potential environmental implications after 
the world’s largest mining disaster. The mineralogical characteristics of the tailings were 
studied in four different years to assess how an active redox environment affects Fe 
oxyhydroxides and within which timeframe significant mineralogical changes may occur. Our 
results indicate an expressive crystallinity decrease in Fe oxyhydroxides which were initially 
composed (92.6 %) of high crystallinity Fe oxyhydroxides (i.e., goethite and hematite). Within 
4 years the mineralogy shifted and poorly crystallinity Fe oxyhydroxides (i.e., lepidocrocite and 
ferrihydrite) represented 47% of Fe forms in 2019. In addition, SEM micrographs and mean 
crystal size evidenced a decrease in particle size from 109 nm to 49 nm for goethite at d111 
plan.  The changes in mean crystal size increases the reactivity of Fe oxyhydroxides resulting 
in a higher interaction with cationic and anionic species. The decreased crystallinity and 
increased reactivity led to higher susceptibility to reductive dissolution. Overall, our study 
evidence that the decrease in crystallinity coupled to the higher susceptibility to reductive 
dissolution of Fe oxyhydroxides can affect the fate of environmentally detrimental elements 
(e.g., phosphorus and metals) and, thus, increase the concentration of these pollutants in 
estuarine soils and waters. 
 
Keywords: Samarco, iron oxyhydroxides, crystallinity, Fe minerals 
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7.1. Introduction 

Iron (Fe) ore production is one the most important mining activities worldwide with a 

production of approximately 3000 Mt a year (Lu 2015). However, Fe mining produces tons of 

tailings a year which usually are stored in dams (Zheng et al. 2011; Glombitza and Reichel 

2014; Lu 2015). These produced tailings are mainly composed of fine particles rich in Fe oxides 

and hydroxides (e.g., hematite, goethite, maghemite, and magnetite) and minors quantities 

of quartz, kaolinite, gibbsite, and pyrite (Zhang et al. 2006; Lu 2015; Botha and Soares 2015; 

Silva et al. 2020). 

Fe oxyhydroxides occur commonly as nanoparticles in soils and sediments (Fontes and 

Weed 1991; Faivre and Frankel 2016). Due to their small particle size (as small as 1 or 2 

nanometers), large specific surface area (up to 600 m2 g−1), high structural defects, they are 

among the most reactive minerals in terrestrial  environments (Schwertmann 1988; Cornell 

and Schwertmann 2003).  

Several Fe oxyhydroxides have been recognized; most of them commonly occur in 

natural environments (Bigham et al. 2002; Faivre and Frankel 2016). However, only eight are 

frequently found in soils and sediments e.g., hematite, maghemite, magnetite, ferrihydrite, 
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green rust, goethite, lepidocrocite, and schwertmannite (Bigham et al. 2002). The structure of 

Fe oxyhydroxides consists of close-packed arrays of anions, commonly forming three-

dimension arrangements such as the octahedral and/or tetrahedral packings (Schwertmann 

and Taylor 1989). Their high specific surface areas, often > 100 m2 g‒1, and the variability of 

minerals is a result of the arrangement of Fe(O/OH)6, FeO6, or FeO4 (Bigham et al. 2002; 

Cornell and Schwertmann 2003). 

In soils, Fe oxyhydroxides play numerous important functions such as providing 

sorption sites for nutrients (e.g., phosphorus; Fink et al. 2016), promoting organo-mineral 

interactions which increase soil organic matter stabilization (Wang et al. 2019), and 

attenuating the contamination of potentially toxic elements (e.g., metals; Herbert 1996; 

Rutten and de Lange 2003; Sherameti and Varma 2015). Within the soil environment, Fe 

oxyhydroxides are poorly soluble in a wide pH range (4‒10) and in the absence of complexing 

(e.g., organic compounds) or reducing environments (e.g., anaerobic media). Under these 

common soil conditions Fe oxyhydroxides exhibit high stability within most terrestrial soils 

(Benjamin et al. 1996; Cornell and Schwertmann 2003; Hartley et al. 2004).  

Contrastingly, in wetland soils and sediments, the stability of Fe oxyhydroxides 

experience a stability loss in response to the redox oscillating environment (Schwertmann 

1991; Cummings et al. 2000). Under suboxic and/or anoxic soil conditions the reductive 

dissolution of Fe oxyhydroxides may take place (Lovley 1991; Reddy and DeLaune 2008). This 

is a conspicuous process in estuarine soils and sediments where these redox conditions are 

likely attended (Reddy and DeLaune 2008). The reducing of Fe oxyhydroxides promote, not 

only the mineral dissolution but, the release of the adsorbed cations and anions (Bonneville 

et al. 2004; Lovley et al. 2004).  

In addition to the soil geochemical environment, some intrinsic properties of the 

different iron oxyhydroxides may affect its dissolution; e.g.,  surface area, degree of 

crystallinity, and isomorphic Al-substitution (Fontes and Weed 1991; Cornell and 

Schwertmann 2003). These characteristics are interrelated and their effects on mineral 

dissolution are associated with the structural disorder, crystal defects (e.g., vacancies), higher 

surface interactions resulting in a weakening of the Fe-O bonds and, ultimately, higher 

susceptibility to dissolution (Ruan and Gilkes 1995; Strauss et al. 1997; Larsen and Postma 

2001). 
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Therefore, detailed studies regarding the mineralogical characteristics of Fe 

oxyhydroxides are essential in predicting, not only their  stability and reactivity in soils and 

sediments environment, but also, the potential release of associated elements, such as 

potentially toxic elements (Buekers et al. 2008; Pereira et al. 2008; Harford et al. 2015; Gomes 

et al. 2017; Cui et al. 2020).  

The present study aimed to assess the mineralogical changes in a Fe oxide-rich mine 

tailing deposited at the Doce River estuarine soils in 2015 after the world’s largest mining 

disaster (Escobar 2015; Carmo et al. 2017). We performed a detailed mineralogical 

assessment in different years (2015, 2017 and 2020) using X-ray diffraction (XRD), attenuated 

total reflectance fourier transform infrared (ATR-FTIR), and scanning electron microscopy 

(SEM) in addition to different chemical analysis, such as total contents and sequential 

extraction procedures.  

The Doce River estuary provides a unique field case to assess how an active redox 

environment affects iron oxides and within which timeframe significant mineralogical changes 

may occur. Additionally,  previous studies have reported the presence of potentially toxic 

elements and phosphorus associated with the mine tailings Fe oxyhydroxides (Queiroz et al. 

2018; Gabriel et al. 2020a). Thus, the present study is pivotal to determine the actual role of 

Fe oxyhydroxides in the fate of these environmentally detrimental elements  (Queiroz et al. 

2018, 2021a; Bernardino et al. 2019). 

 

7.2. Materials and methods 

7.2.1. Study site and sampling  

The study site is located at the Doce River estuary, SE Brazil (19°38’–19°45’S and 

39°45′–39°55′W; Fig. 1) which, in 2015, after the Fundão dam failure, received a large quantity 

of fine textured Fe-rich mining tailings (Gomes et al. 2017; Queiroz et al. 2018). The estuarine 

region is characterized by two distinct climate seasons: a dry season from April to September 

and a wet season from October to March marked by river flooding peaks (Mello et al. 2012; 

Gabriel et al. 2020a). 
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Fig. 1. Location of the studied site at the Doce River estuary, in the municipality of Regência, 
Espírito Santo state, Brazil (A). In detail, the freshly deposited iron tailings on the estuarine 
soils in 2015 (B) the ~ 5cm layer of the iron-rich fine textured tailing deposited on the estuary 
(C). 

 

For the present study four sampling procedures were performed. Firstly, a tailing 

sample was collected from inside the Fundão dam. This sample was donated by the Brazilian 

National Mining Agency. At the estuary, three samplings were performed in different field 

campaigns. The first campaign was performed in 2015, seven days after the tailings' arrival at 

the estuary. The other two field campaigns were performed in 2017 in 2019; two and four 

years after the disaster, respectively. The estuarine samples were collected using polyvinyl 

chloride tubes attached to a waterlogged soil sampler (LaForce et al. 2000; Otero et al. 2009; 

Howard et al. 2014). All samplings were performed at the same locations to revisit the same 

sites over time. After collection, the samples were hermetically sealed and transported in the 

vertical position at a temperature of approximately 4 °C (LaForce et al. 2000; Howard et al. 

2014; Nóbrega et al. 2014; Barcellos et al. 2019). In the laboratory the samples were sectioned 

and collected in the depth of 0‒15 cm, which represents the depth most representative of the 

deposited tailings. 

The pH and redox potential (Eh) values from all samples were obtained using portable 

meters. The pH was obtained using a glass electrode previously calibrated with standard 
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solutions (pH 4.0 and 7.0). The Eh values were recorded using a platinum electrode and values 

were adjusted by adding the value for the calomel reference electrode (+244 mV S.H.E.). 

 

7.2.2. X-ray Diffraction and calculating of mean crystal size (MCS)  

X-Ray Diffraction of the clay fraction (<2 µm) was obtained in a Rigaku Miniflex II device 

with CuKα radiation. The samples were scanned from 20‒60° 2θ, step size of 0.02° 2θ and 

counting time of 5s step‒1. The samples were previously treated using sodium hypochlorite 

9% to remove organic matter followed by sand removal by a wet sieving after the dispersion 

of the suspension with 0.01 mg L−1 Na2CO3. Clay separation from the silt fraction was 

performed by the sedimentation method (Stoke’s law; Jackson 2005). 

The mean crystal size (MCS) was calculated from the width of the half-height of the 

reflexes for Goethite (d110 and d111) and Hematite (d104 and d110) using the Scherrer formula 

(Klug and Alexander 1974) and after correcting the width at half-height using NaCl as an 

internal standard (Singh and Gilkes 1992). 

 

7.2.3. Attenuated total reflectance Fourier transform infrared (ATR-FTIR)  

ATR–FTIR data collection was obtained in PerkinElmer Two FT-IR spectrometer 

equipped with an N2 purge gas. A diamond crystal was used for the spectra acquisition (45° 

angle of incidence). Previously to data collection the samples were macerated in an agate mill. 

The samples were arranged covering the entire crystal and then were pressed to a constant 

force of 115 N. The spectra were obtained in a spectral range from 400 cm−1 to 4000 cm−1. A 

total of 50 coadded spectra were obtained for each spectrum with a resolution of 4 cm−1 and 

adjusted using attenuated total reflectance (ATR) method. 

 

7.2.4. Scanning electron microscopy – SEM analysis  

Scanning electron microscopy photomicrographs of the samples were obtained using 

a SU8010 cold field emission scanning electron microscope (FESEM, Hitachi, Japan). The 

Elemental analysis was carried out using an energy-dispersive X-ray spectroscopy (EDS, 
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AMETEK-EDAX, USA) attached at the scanning electron microscope. Previously to analysis, the 

samples were anchored tightly on the surface of the conducting tape after coating with a thin 

layer (0.5‒15 nm) of gold and then transferred directly into the microscope. 

 

7.2.5. Fe sequential chemical extraction  

A sequential extraction of Fe was carried out using a combination of methods 

proposed by Tessier et al. (1979), Huerta-Diaz and Morse (1990), and Fortin et al. (1993). The 

method enables the determination of six distinct fractions operationally defined as: 

exchangeable and soluble Fe (EX); Fe bounded to carbonates (FeCA); Fe bounded ferrihydrite 

(FR), lepidocrocite (LP), crystalline Fe oxyhydroxides (i.e., goethite and hematite, CR); and 

pyritic Fe (PY).  

 

7.3. Results 

7.3.1. Physicochemical conditions  

The tailing sample from inside the Fundão dam showed Eh (+360 mV) and pH (6.0) 

values characteristic of oxidizing conditions (> +300 mV; Reddy and DeLaune 2008) (Fig. 2). At 

the estuary, in 2015 immediately after the disaster, the Eh and pH values were +64 mV and 

7.0, respectively, indicating moderately reducing conditions (0 to +300 mV; Fig. 2). In 2017 the 

Eh (‒114 mV) and pH (7.0) values indicated reduced conditions (Eh values < 0 mV; Fig. 2). In 

2019, four years after the tailings’ arrival, moderately reducing conditions were registered 

(Eh= 44 mV; pH= 6.0; Fig. 2). 
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Fig. 2. Eh-pH diagram with the data of the tailing sample from Fundão dam and the samples 
collected at Doce River estuary in 2015, 2017, and 2019. The Eh-pH diagram and redox 
condition classification (i.e., highly reduced, reduced, moderately reduced, and oxidized) were 
adapted from Reddy and DeLaune (2008). 
 

7.3.2. X-ray diffraction and mean crystal size results (MCS)  

The clay XRD patterns of the tailing sample showed the presence of goethite (0.160, 

0.258, 0.245, 0.338, and 0.418 nm; Fig. 3), hematite (0.169, 0.184, 0.252, and 0.371nm), and 

kaolinite (0.234, 0.358 nm). In the estuary samples from 2015, 2017, and 2019 the clay XRD 

patterns showed a similar mineralogical assemblage also with the presence of goethite (0.157, 

0.258, 0.245, 0.338, and 0.418 nm; Fig. 3), hematite (0.169, 0.184, 0.252 nm), and kaolinite 

(0.234, 0.358 nm) (Fig. 3). 

In addition, sharper goethite (0.245, 0.269, and 0.418 nm) peaks were observed in the 

tailing sample and the sharpness gradually decreased in the estuary samples from 2015, 2017, 

and 2019. For hematite, it was also observed sharper peaks (0.371, 0.296, 0.252, and 0.184 

nm; Fig. 3) in the tailing sample, which decreased gradually in the estuary samples from 2015, 

2017, and 2019. 
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Fig. 3. XRD patterns from the tailing sample and samples collected at the estuary in 2015, 2017 
and 2019. Kaolinite (K), Goethite (Gt), Hematite (Hm). 

 

Regarding the mean crystal size (MCS), the d110 plan for goethite showed a value of 

56.14 for the tailing sample, while the estuary samples from 2015, 2017, and 2019 showed, 

respectively, values of 86.25, 42.93, and 29.78 nm (Table 1). The MCS for goethite at d111 plan 

were 109.38, 87.50, 61.70, and 48.62 nm for the tailing ante the estuary samples from 2015, 

2017, and 2019, respectively (Table 1). The MCS for hematite at d104 plan were 41.86, 61.83, 

and 31.93 nm for the tailing and samples collected in 2015, and 2017, respectively (Table 1). 

In the tailing sample the MCS for hematite at d012 and d110 were 54.89 and 82.76 nm, 

respectively. For the estuary samples from 2015, 2017, and 2019 the MCS for hematite at d012 
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and d110, and at d104 plan (from 2019) were not calculated due to the irregular peak 

morphology (Fig. 3). 

 

Table 1 – Corrected d-spacing and mean crystal size (MCS) of goethite (Gt) and hematite (Hm) 
for the clay fraction of the tailing (inside the Fundão dam) and the samples collected at Doce 
River estuary in 2015, 2017, and 2019. 

Sample 
d-spacing*  MCS (nm) 

Gt110 Gt111  Hm012  Hm104 Hm110  Gt110 Gt111 Hm012 Hm104 Hm110 

Fundão dam 4.17 2.45 3.67 2.69 2.52  56.14 109.38 54.89 41.86 82.76 

2015 4.16 2.45 n.d 2.69 2.52  86.25 87.50 n.d 61.83 n.d 

2017 4.16 2.45 n.d 2.69 2.51  42.93 61.70 n.d 31.93 n.d 

2019 4.17 2.44 n.d 2.70 2.51  29.78 48.62 n.d n.d n.d 

*corrected d-spacing using halite as an internal standard. N.d. = not determined 
 

7.3.3. ATR-FTIR results  

The tailing showed bands assigned to Fe oxyhydroxides at 3131 to 532 cm−1 and the 

stretching vibration of O–H bonds assigned to goethite at bands 3131, 1650, 1008, and 798 

cm−1. The lower stretching band at 532 cm−1 was assigned to hematite (Fig. 4; Chukanov 2014).  

On the other hand, in the samples collected at the Doce River estuary in 2015, 2017, 

and 2019, bands of Fe oxyhydroxides were observed at 2985 to 452 cm−1 (Fig. 4). The most 

prominent bands in the estuary samples were at 1003, 793, and 749 cm−1 (Fig. 4), which 

represent the typical bands of goethite and lepidocrocite (Chukanov 2014). In addition, in all 

the samples from the estuary (i.e., 2015, 2017, and 2019), distinct bands of ferrihydrite were 

observed at 1026 to 676 cm−1 (Fig. 4).   
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Fig. 4. Attenuated total reflection – Fourier-transform infrared spectroscopy (ATR-FTIR) 
spectra of the tailing sample and samples collected at Doce River estuary in 2015, 2017 and 
2019. 
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7.3.4. SEM-EDS results from tailings and samples from the Doce River estuary  

The SEM micrographs from the tailing samples (Fig. 5A) displayed the presence of Fe 

oxyhydroxides with a distinct shape that occur naturally in soil and sediments; Bigham et al. 

2002). The presence of Fe oxyhydroxides was evidenced by SEM-EDS analyses performed in 

the central part of the grains that showed a dominant FeO chemical composition (Fig. 5E). The 

SEM micrographs showed irregular shape in particles from 2015 (Fig. 5B), 2017 (Fig. 5C), and 

2019 (Figure 5D) with similar chemical composition (i.e., predominantly FeO; Fig. 5E) also 

indicating the presence of Fe oxyhydroxides. However, for these years, the SEM micrographs 

evidenced gradually smaller particle sizes (Fig.5 B, C and D) when compared to the mineral 

particles observed in the tailing sample (Fig.5A). 
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Fig. 5. Scanning electron microscopy (SEM) of the mine tailing from Fundão dam (A) and 
samples collected at Doce River estuary in 2015 (B), in 2017 (C) and 2019 (D). Chemical 
composition (E) obtained by energy-dispersive X-ray spectroscopy (EDS) in the analyzed 
samples.  
 

7.3.5. Sequential extraction of Fe  

The Fe sequential extraction showed that in the tailing was mostly associated with 

crystalline Fe oxides (FeCR: 92.1 Fig. 6) followed by poorly crystalline Fe oxyhydroxides (FeLP: 
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3.7 % and FeFR: 0.1 %; Fig. 6) and pyritic iron (FePY 4.1 %). Fe associated with FeEX and FeCA 

accounted for less than 1 % of total Fe, with a small contribution to the total Fe contents.  

Samples from the estuary changed significantly over time. Similarly, to the tailings, in 

2015, most of the Fe was associated with crystalline oxides (FeCR: 93.1 %), followed by the 

FeFR (3.4 %) and FeLP (3.3 % Fig. 6). The FeEX, along with FeCA, and FePY also represented 

less than 1% of total Fe content (Fig. 6). 

 

 

Fig. 6. Percentage of each solid phase fraction in the mine tailing and in samples from the Doce 
River estuary collected in 2015, 2017, and 2019. EX: exchangeable Fe, CA: Fe bounded to 
carbonates, FR: Fe bounded to ferrihydrite, LP: Fe bounded to lepidocrocite, CR: Fe associated 
with high crystallinity oxyhydroxides (i.e., hematite and goethite), and PY: pyritic Fe. 

 

However, in the following years, our data evidenced a sharp change in the crystallinity 

of Fe oxyhydroxides in the estuary. In the years of 2017 and 2019 FeCR represented, 

respectively, 63% and 52% of the total Fe contents. Contrastingly, Fe associated with poorly 

crystallinity oxyhydroxides (i.e., FeFR + FeLP) increased to 37% of total Fe in 2017 and to 47% 

in 2019 (Fig. 6). Fe associated with the other fractions (i.e., FeEX, FeCA, and FePY) remained 

in small percentages representing less than 1% of the total Fe (0.2 ± 0.2 %), both in 2017 and 

2019. 
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7.4. Discussion 

7.4.1. The physicochemical changes  

The physicochemical conditions of the tailings inside the Fundão dam indicated the 

existence of oxidizing conditions. However, in 2015 the soil physicochemical conditions 

evidenced a change to a moderately reduced environment, commonly reported in soils and 

sediments at estuarine environments. In 2017, the physicochemical conditions became 

further reduced  and favorable to the microbial Fe reduction (Eh < 0 mV; Reddy and DeLaune 

2008). Thus, our results evidenced a clear redox oscillating environment at the Doce River 

estuary. 

The more reduced physicochemical environment in the estuary is related to organic 

matter inputs due to the growth of estuarine plants at Doce River (i.e., Eleocharis acutangula 

and Typha domingensis (Queiroz et al. 2021b). In fact, after the deposition in the estuary 

plants colonized the tailings, promoting the organic matter inputs (e.g., litterfall and dead 

roots). The plant growth coupled with tidal flooding and low O2 diffusion, would have 

triggered the decay in Eh values (Queiroz et al. 2021a) and the anaerobic respiration pathways 

(e.g., microbial Fe reduction) . 

The higher Eh values registered in 2019 may also be credited to the effects of plant 

growth and roots respiration (Rehman et al. 2017). Moreover, the vegetation growth 

stimulate the presence and activity of fauna (e.g., bioturbation by crabs) in estuarine soils 

which further enhance oxygen diffusion into the estuarine soils (Fondo and Martens 1998; 

Sarker et al. 2020). Crabs' burrows and bioturbation promote soil aeration the increase in Eh 

values and, thus, the oxidation of  Fe (Fe2+); which re-precipitates as poorly crystallinity Fe 

oxyhydroxides (Nielsen et al. 2003; Ferreira et al. 2007; Alongi 2010).  

 7.4.2. Mineralogical changes over time  

The tailing mineralogical assemblage was predominantly composed of Fe oxides and 

thus clearly associated with the mined Fe-rich ore in the Germano mine (Minas Gerais, SE 

Brazil). The mine is located in the “Quadrilátero Ferrífero” a geological formation of 

Palaeoproterozoic banded iron formation (Itabirite) mainly composed of the identified iron 

oxides (e.g., hematite, goethite; Cabral et al. 2002; Silva et al. 2017; Gama et al. 2019). The 

XRD spectra showed greater intensities and sharper peaks for the hematite and goethite in 
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the tailings which indicate a higher crystallinity when compared to the surface samples from 

the Doce River estuary (Schulze 1981; Schwertmann et al. 1982).   

In fact, the higher MCS values (Table 1) for both hematite (d012 plan: 54.89 nm; d104 

plan: 41.86 nm; d110 plan: 82.76 nm) and goethite (d110 plan: 56.14 nm, d111 plan: 109.38 nm) 

in the tailing sample when compared with the MCS values of the estuary samples (i.e., 2015 

to 2019) corroborate the higher crystal growth and crystallinity in the tailing (Singh and Gilkes 

1992; Camêlo et al. 2017). According to Fontes (1991), well crystalline goethite with a greater 

crystal development exhibits higher MCS values at d111 plan than at d110 plan indicating a 

preferential growth in the z direction. Similarly, for hematite, higher MCS at d110 plan also 

indicates a greater crystal development (Melo et al. 2001).  

On the other hand, the samples from  the different studied years (i.e., 2015, 2017, and 

2019; Fig. 3) showed XRD spectra suggesting a mineral assemblage mainly composed of lower 

crystallinity Fe oxides with structural disorders which led to less intense and broad peaks 

(Cornell and Schwertmann 2003; Camêlo et al. 2018). Thus, the lower intensity and less sharp 

peaks of hematite (0.371, 0.296, 0.252, and 0.184 nm) and goethite (0.245, 0.269, and 0.418 

nm) in samples from 2015, 2017, and 2019 (Fig. 3) are probably associated with a decreased 

crystallinity degree and/or losses of mineral phases (see Velde and Peck 2002; Wang et al. 

2015).  

Previous studies reported that a decrease in crystallinity degree and/or losses of 

mineral phases results in lower values of MCS, more structural defects, and lower intensity 

and sharpness of XRD peaks (Fontes and Weed 1991; Melo et al. 2001; Wang et al. 2015; 

Camêlo et al. 2018). Moreover, the decrease in crystallinity may reflect on a higher 

susceptibility of Fe oxyhydroxides to experience a reductive dissolution due to an increase 

both in surface area and structural disorder (see Larsen and Postma 2001; Cornell and 

Schwertmann 2003). 

The lower MCS values in samples from 2015, 2017 and 2017 are supported by SEM 

micrographs (Fig. 5) that showed evident smaller grain sizes in these years (< 20 nm). In 

addition, the SEM micrographs of samples from 2015, 2017, and 2019, did not present the 

typical morphology of goethite (acicular; Bigham et al. 2002) or hematite (hexagonal and 

rhombohedral; Schwertmann et al. 2000) showing irregular particle morphologies which also 

evidences a particle size narrowing and an ordination decaying (see Schwertmann and 

Fitzpatrick 1992; Gao and Schulze 2010; Das and Hendry 2014). 
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This structural disorder in the estuary samples was further corroborated by the ATR-

FTIR results (Fig. 4). The greater and sharper goethite bands at 795 cm−1 and 1001 cm−1 are 

associated with higher bending vibrations of OH that may be a result of a structural disorder 

promoted by Al-substitution or by partial mineral dissolution that leads to Fe displacement 

and more  bonding OH groups (Ruan et al. 2002; Cornell and Schwertmann 2003; Faivre and 

Frankel 2016). Additionally, the broadening and stretching of bands at 748 cm−1, and at 681 

to 676 cm−1, and  at 1026 cm−1 (in 2015, 2017, and 2019; Fig. 4) also result from the OH 

stretching vibration, typical of poorly crystalline Fe oxyhydroxides (Bazilevskaya et al. 2011, 

2012). On the other hand, the smaller and slightly stretched bands of goethite and hematite 

at 3131 to 798 cm−1 and at 532 cm−1 (Fig. 4) in the tailing sample indicate a lower presence of 

OH surface groups which corroborate the higher crystallinity observed in the XRD spectra (Fig. 

3). In Fact, Ruan et al., (2002) reported a systematic decrease in the width of hematite and 

goethite bands resulting from hydroxyl liberation and the changes in Fe-OH to FeO bonding 

after thermal dihydroxylation which led to crystallization and crystal growth. 

The hydroxylation of Fe oxyhydroxides in wetland soils occurs due to natural 

processes, mainly mediated by microorganisms and redox oscillation (Randall et al. 1999; 

Jolivet et al. 2004; Kosolapov et al. 2004). In fact, the Fe fractionation showed a significant and 

rapid shift in the distribution of Fe oxides within few years at the Doce River estuary. The data 

showed a marked increase in the poorly crystalline Fe oxyhydroxides (i.e., FeFR+FeLP) from 

2015 (6.8%) to 2017 (36.3%) and 2019 (47%; Fig. 6). The clear loss in crystallinity is related to 

the active redox environment found in the studied estuary, which oscillated between reduced 

to moderately reduced conditions (see Fig. 2). These redox oscillations occur due to tidal 

flooding (Seybold et al. 2002), plants activity (Rehman et al. 2017), organic matter inputs into 

soil (Reddy and DeLaune 2008), O2 depletion (Du Laing et al. 2009), and fauna activity (i.e., 

bioturbation; Otero et al. 2020). This active redox environment favor the microbial Fe 

reduction (Lovley 1991) and the subsequent oxidation of Fe2+ to FeIII, and thus, its re-

precipitation as poorly crystallinity Fe oxyhydroxides (Lindsay 1991; Zachara et al. 2001; 

Johnston et al. 2011).  

The Fe reduction consume both the high and poorly crystalline Fe oxyhydroxides 

(Kukkadapu et al. 2001; Pan et al. 2016). Upon O2 reentry, due to lowering tides, fauna activity, 

or roots respiration, the re-precipitation of Fe may occur rapidly in the system (Chen et al. 

2018). This reoxidation usually favor the formation of poorly crystalline Fe oxyhydroxides due 



210 
 

to low interfacial energies of nucleation of these Fe minerals (Stumm and Morgan 1996; 

Barcellos et al. 2018; Chen et al. 2018). Our results agree with those reported by Winkler et 

al. (2018) and Thompson et al. (2011) which showed a decreased crystallinity of Fe 

oxyhydroxides with time after redox cycles. However, these authors evidenced these 

mineralogical changes in a paddy soil and often waterlogged forest soils after several decades 

of exposition to redox fluctuations. 

The stability of the re-precipitated poorly crystalline Fe oxyhydroxides may be 

enhanced in the Al presence during the crystallization process (isomorphic Al-substitution; 

Schwertmann 1991; Violante et al. 2003). Masue-Slowey et al., (2011) reported that Al-

substitution in low crystallinity Fe oxyhydroxides increased the mineral stability against the 

reductive dissolution. This higher stability is associated with changes in structural ordering 

with the fortification of hydrogen bonds (Cornell and Schwertmann 2003). Thus, despite the 

active redox environment, Al-substitution may contribute to the maintenance of poorly 

crystalline Fe oxyhydroxides in the soil over time. 

 

7.4.3. Potential environmental implications  

The clear shifts in the mineralogical characteristics of Fe oxyhydroxides may have 

several important environmental implications for the estuarine environment in the future. 

Iron oxyhydroxides are known for their role in metals retention (Hochella et al. 2005) due to 

their low particle size, high surface areas, and, thus, high reactivity (Herbert 1996; Buerge-

Weirich et al. 2002). Under oxic conditions Fe oxyhydroxides may retain heavy metals due to 

the formation of inner or surface complexes such as monodentate surface hydroxo-complexes 

or by bi-nuclear internal complexes (Grossl et al. 1994; Cornell and Schwertmann 2003). These 

complexes are strongly stable,  virtually irreversible , and guarantee the low bioavailability of 

metals (Rose and Bianchi-Mosquera 1993; Trivedi and Axe 2001). However under 

transitory/cyclic anoxic conditions Fe oxyhydroxides experience a reductive dissolution which 

leads to a decrease in their stability and in their capacity to retain metals (Herbert 1996; 

Queiroz et al. 2021b).  

Due to their smaller size (2‒6 nm) and higher surface area (200 to 600 m2 g‒1), the 

poorly crystalline Fe oxyhydroxides, (Roden and Zachara 1996; Randall et al. 1999; Manceau 

et al. 2000) have a greater potential to adsorb and immobilize both cationic and anionic 
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species. Indeed, several studies reported the great capacity of poorly crystalline Fe 

oxyhydroxides (e.g., ferrihydrite and lepidocrocite) in promoting the immobilization of heavy 

metals in different soils (Martínez 1998; Manceau et al. 2000; Cornell and Schwertmann 2003; 

Tack et al. 2006; Komárek et al. 2013; Baleeiro et al. 2018). Similarly, P retention in poorly 

crystallinity Fe oxyhydroxides is also widely reported and a well-recognized phenom (Slomp 

et al. 1996; Arai and Sparks 2001; Wang et al. 2013; Liao et al. 2020) which  plays an important 

role in the eutrophication process (Wilson et al. 2004; Kraal et al. 2015; Queiroz et al. 2021a). 

These low crystalline Fe oxyhydroxides present short-range-ordering, surface 

imperfections, weak Fe-OH bonds, which favor edges dissolution (Cornell and Schwertmann 

2003). With further dissolution, the crystals are made gradually smaller with a higher surface 

area (Larsen and Postma 2001). These characteristics are accountable for an intense 

dissolution rate (Bonneville et al. 2004). In response to these characteristics, the associated  

metals and phosphorus are made bioavailable (Schwertmann 1991; Larsen and Postma 2001; 

Queiroz et al. 2021b) posing severe environmental risks to the Doce River estuary. In fact, 

previous studies reported a high concentrations of metals (Queiroz et al. 2018, 2021a) and 

phosphorus (Queiroz et al. 2021b) associated with the estuary Fe oxyhydroxides. Thus, the 

mineralogical changes caused by the active redox environment such as smaller particles size 

observed in SEM micrographs (Fig. 5), lower MCS (Table1), and decreased crystallinity (Fig. 4; 

Fig. 6), corroborate the higher mineral dissolution susceptibility at the Doce River estuarine 

soil. These mineral changes may lead to an increase in the concentration of pollutants (e.g., 

metals and phosphorus) in the soil and water from Doce River estuary in the near future. In 

fact, Queiroz et al. (2021a, b) recently reported an increase in phosphorus and metals 

bioavailability associated with soil Fe losses due to reductive dissolution.

7.5. Conclusions 

Initially, the tailings from inside Fundão dam were composed predominantly of high 

crystalline Fe oxyhydroxides (e.g., goethite and hematite). In 2015 after the dam failure, the 

tailing was exposed to a redox oscillating environment at Doce River estuary. The new 

biogeochemical conditions decreased the crystallinity of Fe oxyhydroxides from 2015 through 

2019. Our results reveal a rapid mineralogical assemblage change within four years. The 

mineralogical shifts were driven by the microbial-mediated reductive dissolution, plant 
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growth and roots respiration, and fauna activity. Within this period, our data evidence a 

change from a dominance (92%) of highly crystalline Fe oxyhydroxides (goethite and hematite) 

to a higher presence (47%) of poorly crystallinity Fe oxyhydroxides (e.g., lepidocrocite and 

ferrihydrite) with smaller particle size (from 109 nm to 49 nm for goethite at d111 plan) and 

higher reactivity. 

The decreased crystallinity of Fe oxyhydroxides was followed by a higher susceptibility 

to mineral dissolution. Such case decreases the capacity of these minerals in retaining both 

cationic and anionic potentially pollutant elements (e.g., metals and phosphorus) and, thus, 

may increase the concentration of these pollutants in estuarine soils and waters. 
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8. FROM MUD TO SOILS: EARLY PEDOGENESIS OF ANTHROPOGENIC SOILS 

PRODUCED BY THE WORLD LARGEST MINING DISASTER 

Abstract 
Mining wastes represent an environmental liability to companies since as they can 
accidentally contaminate ecosystems. As a result, there has been numerous efforts to 
determine ways for proper storage or reuse of mine wastes by the mining industry. Amongst 
the innovative solutions, constructed soils from mine wastes may represent a safe fate for 
overburden, waste rocks, dumps, and tailings. However, the knowledge on the pedogenetic 
processes that govern these Anthropogenic soils' functioning is still scarce, limiting the 
assessment of their potential for providing ecosystem services usually ensured by natural 
soils. In this sense, the Fundão dam disaster offers a unique opportunity to evaluate the early 
pedogenesis on the Fe-rich deposited tailings at Doce River estuarine system. We aimed to 
study anthropogenic estuarine soil's pedogenesis at Doce River estuary and assess how the 
newly formed soils may provide ecosystem services or affect the overall ecosystem quality. 
Thus, we studied soils formed from deposited Fe-rich tailings and contrasted them to the bare 
mine tailings deposited on the estuary and tailings before its deposition. Within four years of 
pedogenesis, the fine particle accumulation (tailings), fast plant colonization, and the coupled 
Fe dynamic to the formation of a (Stagnic) Tidalic Spolic Technosol (or Anthropic Typic 
Hydraquent). Our data evidence the occurrence of different pedogenetic processes 
(development upbuilding, melanization, incipient paludization, bioturbation, gleization) that 
were responsible for the formation of an Anthropogenic soil but also for providing ecosystem 
services (i.e., carbon sequestration, nutrient cycling) previous unprovided. This study sheds 
new light on the time frame for soil formation, the resilience of tropical estuarine ecosystems, 
and the unwinding of the world's largest mining disaster. 
 
Keywords: mine tailings, hydromorphic technosol, estuarine technosol, mining, Samarco  
 

8.1. Introduction 

The mining industry has been confronting a global crisis over the fate of mine wastes 

and tailing dams, which are extensively produced by mining companies (Cornwall, 2020). In 

recent years, dam failures have killed thousands of people worldwide, impacted vast 

landscapes, and thus, have imposed scientists, miners, and environmentalists to find feasible 

solutions to mine waste management (Cornwall, 2020; Gomes et al., 2017; Service, 2020). 

However, mining activity produces tons of a great variety of tailings a year, and finding a 

suitable fate for these materials is both technically and environmentally complex (Bagatto and 

Shorthouse, 2000; Rico et al., 2008). 

In light of solutions, human-made/modified soils have been reported as a promising 

alternative, not only to remediate the environmental impacts from mining companies, but 
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also as an alternative fate for mine tailings (Asensio et al., 2019; Huot et al., 2014, 2013; Santini 

and Fey, 2016). For instance, recent studies in Brazil reported that Technosols constructed 

with wastes from mining activities were efficient in both promoting a nutrient-rich 

environment for plant growth and in providing different ecosystem services (e.g., provision of 

energy and food), in a similar manner, or even more efficiently, than natural soils (Ruiz et al., 

2020a). 

The Technosols, a Soil Group according to the World Reference Base for Soil Resources 

(IUSS Working Group WRB, 2014), are included in the concept of “Anthropogenic soils” 

(according to Soil Taxonomy; USDA, 2015), since their pedogenesis and properties are deeply 

affected by the artificial parent material (i.e., artefacts as: mine spoil, industrial waste, bricks, 

pottery, crushed stone), human-altered material, or human-transported material. Most 

studies have focused on constructed Technosols as a novel strategy for waste management, 

immobilization of contaminants, and thus, as allies to land reclamation (Pey et al., 2013; Ruiz 

et al., 2020a; Šimonovičová et al., 2017; Weiler et al., 2020). However, the process of soil 

pedogenesis has been rarely assessed; preventing a full understanding of the functioning of 

these human-made  soils and their potential for providing ecosystem regulating (e.g., water 

purification, climate regulation), provisioning (e.g., food, freshwater, wood), and supporting 

services (e.g., nutrient cycling, primary production) (Huot et al., 2013; Ruiz et al., 2020b; Séré 

et al., 2012). Moreover, understanding soil pedogenesis in man produced Technosols provides 

applicable knowledge not only for the intentionally constructed Technosols but also for those 

resulting from environmental human-caused disasters (Huot et al., 2014).  

The “Fundão” dam collapse (from the Samarco mining company) is recognized as the 

world  largest mining disaster (Gomes et al., 2017; Queiroz et al., 2018; Gabriel et al., 2020a; 

Queiroz et al., 2021) (Escobar, 2015). It is one of the most emblematic examples of how mining 

activities have a great driving force capable of profoundly modifying the environment and of 

how the mine tailings may endanger vast ecosystems (Queiroz et al., 2021). The disaster took 

place in November 2015 at the Mariana municipality (SE Brazil; Hatje et al., 2017) when a 

mining dam collapsed and spilled more than 60 million m3 of iron-ore tailings into the Doce 

River basin impacting over 600 km of terrestrial, freshwater and estuarine ecosystems (Gomes 

et al., 2017; Magris et al., 2019; Queiroz et al., 2021). Besides the initial and acute social and 

environmental impacts to multiple ecosystems, the mine tailings caused long term damage to 

aquatic organisms and offer a great ecological risk to human communities through soil and 
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water pollution (Bernardino et al., 2019; Cionek et al., 2019; Gabriel et al., 2020; Queiroz et 

al., 2021, 2018) . Since then, several efforts have been made by research groups, government 

agencies, environmentalists to reach solutions to the damages caused (Ferreira et al., 2021; 

Santana et al., 2020; Santos et al., 2019). 

The deposited tailings at the Doce River estuary are mainly composed of iron (Fe) 

oxyhydroxides of different crystallinities (Queiroz et al., 2018). Iron is a valuable indicator for 

pedogenesis since its redox transformations play an important role in many processes in soil 

formation (i.e ferrolysis, gleization, laterization, and pyritization) which are responsible for 

producing a plethora of unique morphological features (Duball et al., 2020; Schwertmann, 

1958), sometimes within short periods of time (Wiederhold et al., 2007). Thus, in the present 

work we hypothesize that four years (reflecting the Time as a soil-forming factor) are enough 

to trigger pedogenetic processes in the deposited Fe-rich tailings (Parent material) in response 

to the activity of biota (Organism factor) and seasonal flooding (Relief and Climate factors). To 

test this hypothesis, we studied soils formed from the deposited Fe-rich tailings and 

contrasted them to the bare mine tailings deposited on the estuary and to the tailings from 

inside the dam.Currently, the pedogenesis of estuarine Anthropogenic soils (i.e., Technosols; 

Donohue et al., 2009) is only reported from a number of sites globally, and this is the first 

study to report this process on a tropical estuarine ecosystem significantly impacted by Fe-

rich mine tailings. 

 

8.2. Materials and methods 

8.2.1. Site description  

The study site is located at the Doce River estuary is located on SE Brazil, which is a 

tropical region characterized by two distinct seasons (a dry winter and a wet summer), with a 

humid subtropical (Cfa), according to the Köppen classification (Alvares et al., 2013). The 

annual average rainfall is 1400 mm and the mean annual temperature is 22 °C. The fluvial 

regime is characterized by floods from December to March, and droughts from August to 

September (Mello et al., 2012). 

The Doce River estuary is characterized by the presence of bare sandy islands (Fig. 1A) 

as a result of the fluvial activity and the sedimentation of coarse sediment carried from the 
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sedimentary basin (Quaternary age), mainly composed of sandy deposits from the Barreiras 

Geological Group (Coelho, 2009; Cohen et al., 2014). The mine tailing disaster in 2015 released 

massive amounts of tailings characterized by fine particles which were deposited on the top 

of the sandy banks and islands (Fig. 1B, C; Queiroz et al., 2018). After the disaster, riparian 

ecosystems in the Doce River estuary have seen the establishment and growth of dense 

Eleocharis acutangula (spikerush) stands over time (Fig. 1D). 

 

8.2.2. Field work: sampling, soil description, and in situ measurements  

Immediately after the disaster in November 2015, we sampled newly deposited tailings 

on the Doce River estuary (Fig. 1B). Four years later (2019), we sampled a soil profile at the 

same place colonized by Eleocharis acutangula (spikerush) (coordinates 19°38'14.58"S, 

39°49'1.45"W; Fig. 1D). The sampled tailings in 2015 and the soil profile sampled in 2019 were 

morphologically described according to Soil Survey Manual (USDA, 2017). The soil profile was 

classified according to the Soil Taxonomy (USDA, 2015) and the World Reference Base – WRB 

(IUSS Working Group WRB, 2014).  

Based on the Munsell color parameters of the studied materials, both the redness 

rating (RR) (Equation. 1) (Torrent et al., 1983) and the reduction intensity (rH) (Equation 2) 

(Munch and Ottow, 1983) were determined in all soil samples and on the bare mine tailings 

(from 2015). 

 

𝑅𝑅 = (10 − ℎ𝑢𝑒) ×
𝑐ℎ𝑟𝑜𝑚𝑎

𝑣𝑎𝑙𝑢𝑒
  (Equation 1) 

𝑟𝐻 =
𝐸ℎ (𝑚𝑉)

29
+ 2𝑝𝐻  (Equation 2) 

 

For RR, chroma and value are numerical values from the Munsell Soil Color Chart, and 

the hue is the number preceding the indication of the dominant wavelength (e.g., YR) in the 

Color Chart, so that for 10YR the hue value is 10 and for 10R is 0 (Torrent et al., 1983). 

Regarding the rH, values = 0 indicate fully reduced conditions whereas rH ≥ 42.2 indicates 

entirely oxidized conditions (Munch and Ottow, 1983). 

The soil pH and redox potential (Eh) were determined in situ using portable electrodes. 

A glass electrode previously calibrated with standard solutions (pH 4.0 and 7.0) was used for 
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pH determination, whereas the Eh values were recorded using a platinum electrode. The 

obtained values were adjusted by adding the value for the calomel reference electrode (+244 

mV S.H.E.). To identify and study active pedogenetic processes, the soil samples collected in 

2019 were compared with the newly deposited bare mine tailings of 2015 (i.e., days after the 

tailing arrival in the estuary) and to the buried sandy sediments of the previously bare sandy 

islands (buried at the bottom of the soil profile; Fig. 1). 
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Fig. 1. The bare sandbanks and islands at the Doce River estuary in 2014 before the disaster 
(A) detailed image of the same island in 2015 soon after the disaster (B) detailed image 
highlighting both the tailings deposition and the colonization by plants in 2015 (C). Image of 
the same island four years after the disaster (in 2019) evidencing the dense colonization by 
Eleocharis acutangula (Spikerush) (D) a detailed image of 2019 highlighting the soil profile and 
the dense stand of Eleocharis acutangula (Spikerush) contrasting with the sandy material 
(bellow the white dashed line; E) from the buried bare sandy material of prior the disaster. 
The satellite images were obtained from GoogleTM Earth.  
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8.2.3. Physical, chemical, and mineralogical analysis of soil and tailing samples 

Soil Organic carbon (OC) was determined by combustion oxidation using a Vario TOC 

Elementar (Langenselbold, German). Grain size distribution was performed using the pipette 

method (Gee and Bauder, 1986) after previous treatment using 6% (wt/wt) NaClO at pH 8.0 

to remove soil organic matter (Mikutta et al., 2005). The Fe fractionation was performed by a 

combined method (Ferreira et al., 2007a; Otero et al., 2009) where six operationally different 

fractions were obtained: soluble and exchangeable Fe (EX); Fe associated with carbonates 

(CA); Fe associated with ferrihydrite (FR); Fe associated with lepidocrocite (LP); Fe associated 

with high crystalline oxides (i.e., hematite and goethite; CR); pyritic Fe (PY). 

The mineralogical composition of soil samples and the iron tailing was performed by 

X-ray diffraction (XRD) on bulk samples analyzed as powder mounts. XRD analysis was 

performed in samples of the bare deposited tailings (collected in 2015) and soil samples from 

the horizons at the depths of 6‒20 cm and 42+ cm (collected in 2019). These soil depths 

represent, respectively, the upper soil horizons (developed directly from the deposited Fe-rich 

tailings) and the buried sandbank from before the disaster (now at the bottom of the soil 

profile). The XRD patterns were obtained in a Bruker D8 ADVANCE device with CuKα radiation. 

The samples were scanned from 2‒70° 2θ, step size of 0.05° 2θ and counting time of 5s step‒

1.  

 

8.3. Results 

8.3.1. Mine tailings 

The tailings deposited over the bare sand islands and banks in 2015 after the disaster 

Fig. 2) presented a clay loam texture (43 % of clay; Fig. 3A) with a massive structure, and colors 

(hues) characteristic of a Fe-oxide rich (red, 2.5 YR 5/6; Table 1) carbon-poor material (0.37% 

of carbon Fig. 3B).  
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Fig. 2. The deposited tailings at the Doce River estuary in 2015 and the absence of vegetation 
(A). In detail, the newly deposited tailings (red arrow) over the sandy material deposited 
before the disaster (yellow arrow) highlighting the texture difference between both materials 
(B and C). 
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Fig. 3. Grain size distribution (A) and organic carbon contents (B) in the soil profile at Doce 
River estuary in comparison with the freshly deposited bare tailings of 2015 (below the dashed 
lines). 

 

The XRD analysis corroborates that the deposited tailings were mainly composed of 

hematite, goethite, and kaolinite (Fig. 4), commonly associated with the mined Fe-rich ores of 

the region (e.g., Itabirite rocks; Silva et al., 2017). The Cug1 horizon was representative of the 

uppermost soil horizons (6‒20 cm), and presented a mineralogical assemblage dominated by 

hematite, goethite, and kaolinite (Fig. 3). Contrastingly, the Cg4 horizon was the lowermost 

horizon (42+ cm) and was essentially composed of quartz (Fig. 4).  

The Eh (+360 mV), pH (6.0), and calculated rH values (24.4; Table 1) indicated the 

predominance of slightly oxic conditions soon after the mine tailings deposition in 2015 (see 

Essington, 2015). The Fe fractionation of the bare tailings indicated that 93% of the Fe content 

was associated with high crystalline Fe oxides (hematite and goethite), followed by poorly 

crystalline Fe oxyhydroxides (FeLP: 3% and FeFR: 3%). The other fractions (FeEX, FeCA, and 

FePY) represented ~ 1% of the Fe content. 
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Table 1 – Main morphological attributes and physicochemical properties of the Anthropogenic 
soil profile and the bare deposited tailings in Doce River estuary 

Horizon 
Depth 
(cm) 

Matrix 
Color† 

Soil Color RR Struct. Text. pH 
Eh 

(mV) 
rH Observations 

Bare deposited tailing (2015) 

Tailings - 2.5 YR 5/6 red 9.0 MA CL 6.0 +360 24.4 - 

Anthropogenic soil profile (2019) 

Aug 0‒6 5YR 5/4 
reddish- 
brown 

5.0 GR SCL 5.0 +132 14.6 
Common 

quantities of roots  

Cug1 6‒20 5YR 5/6 
yellowish-

red 
6.0 MA CL 5.2 +316 21.3 

Moderately few 
quantities of roots, 
presence of grayish 

mottled 
(5YR 4/1) 

Cug2 20‒30 5YR 5/2 reddish-gray 2.5 MA LS 6.0 +47 13.6 
Presence of 

grayish mottled 
(5YR 5/1) 

2Cg3 30‒42 5YR 5/3 
reddish-
brown 

2.9 SG S 5.9 +218 19.3 
Presence of 

reddish mottled 
(5YR 4/4) 

2Cg4 42+ 7,5 YR 7/6 
reddish- 
yellow 

2.1 SG S 5.8 +322 22.7 
Presence of 

reddish mottled 
(5YR 4/5) 

†Colors were obtained from wet samples; RR: redness rating; Struct: soil structure; Text: soil 
texture; Eh: redox potential; rH: reduction intensity; GR: granular; MA: massive; SG: single 
grain; S: sand; LS: loamy sand; SCL: sand clay loam; CL: clay loam. 

 

8.3.2. Anthropogenic soil  

The Anthropogenic soil profile sampled in 2019, four years after the disaster, exhibited 

five horizons: Aug, Cug1, Cug2, 2Cg3, and 2Cg4 (Fig. 4A). The first three horizons (i.e., Aug, 

Cug1, and Cug2) differed significantly (Fig. 5D) from the 2Cg3 and 2Cg4 horizons (Fig. 5G), 

especially with respect to their grain size distribution (Fig. 3A). The three first horizons were 

composed on average by 30 ± 9 % of fine particles (i.e., clay + silt), with the higher amounts 

observed in the Cug1 and Cug2 horizons (39% and 27%, respectively; Fig. 3A). Contrarily, the 

contents of fine particles in 2Cg3 and 2Cg4 were, on average, below 5%, evidencing a coarse 

texture. 
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Fig. 4. XRD analysis of a non-oriented sample of the deposited tailings (2015) and of the 
Cug1 (6‒20 cm) and 2Cg4 horizons (42+ cm); collected in 2019. Gt: Goethite; Hm: Hematite; 
K: Kaolinite; Qz: Quartz.  

 

The surface Aug horizon (0‒6 cm) presented a sandy clay loam soil texture, a granular 

structure (Fig. 4B), common roots (Table 1), OC content of 2.3 % (Fig. 3B), and reddish-brown 

colors. On the other hand, the two underlying subsurface horizons (Cug1 and Cug2) presented 

massive structures (i.e., absence or low degree of pedalization; Table 1; Fig. 5C), moderately 

few roots, and OC contents of 1.4% and 1.9%, respectively (Fig. 3B). The Cug2 horizon was also 

marked by the presence of grayish mottles (Table 1; Fig 5D).  

The two bottom horizons were identified as 2Cg3 and 2Cg4 due to a contrasting change 

in texture to a sandy, light-colored, and single-grained horizon (Table 1). The 2Cg3 horizon 
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showed expressive reddish mottling within its sandy matrix. Both sandy soil horizons (Fig. 1E) 

also presented significantly lower carbon contents (2Cg3 = 0.3% and 2Cg4 = 0.1%).   

 

 

Fig. 5. The Anthropogenic soil profile sampled at the Doce River estuary in 2019, four years 
after the mine tailing arrival (A). In details, the abundance of roots and the granular structure 
in the Aug horizon (B); the massive soil structure with moderately few quantities of roots in 
the Cug1 horizon (C); the gray colors in the soil matrix in Cug2 horizon (D); the reddish mottles 
in the 2Cg3 (E); the contrasting gray colors within Cug2 (above the dashed line) horizon in 
comparison with the reddish mottling within the sandy matrix of the 2Cg3 horizon (below the 
dashed line) (F); detail of the reddish mottling the 2Cg3 horizon (G); detail of the abundance 
of reddish mottles within the sandy matrix of 2Cg3 (H); detail of the absent soil structure 
(single grained) within the whitish sandy matrix of horizon 2Cg4. 

 

The soil profile's physicochemical conditions showed pH values ranging from 5.0 to 6.0, 

indicative of very strongly to moderately acid conditions (USDA, 2017). The lowest pH value 

(5.0) was recorded in the Aug horizon (Table 1).  The Eh values ranged from +47 to +360 mV, 

with the lowest Eh value recorded in the Cug2 (Table 1). On the other hand, the highest Eh 
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value was determined in the 2Cg4 (+322 mV) horizon. The rH values were 14.6, 21.3, 13.6, 

19.3, and 22.7 for the Aug, Cug1, Cug2, 2Cg3, and 2Cg4, respectively (Table 1).  

For the soil profile, the sequential extraction also showed a dominance of Fe 

oxyhydroxides in all horizons, however with significant changes when compared to the bare 

tailings. On average, the poorly crystalline Fe oxyhydroxides (FeFR and FeLP) increased to 32%, 

whereas the crystalline Fe oxides (FeCR) decreased to 67% (Fig. 6). Additionally, the higher Fe 

contents were observed in the first three horizons (14,687 ± 2,923 mg kg‒1), whereas in the 

bottom sandy horizons the Fe contents were, on average, 4,973 ± 5200 mg kg‒1 (Fig. 6). 

 

 
Fig. 6. Fe solid phase fractionation (A) and the percentages of each Fe fraction (B) in the 
Anthropogenic soil profile (from 2019) and in the bare tailings (from 2015; below the dashed 
lines). EX: exchangeable Fe; CA: Fe associated with carbonate; FR: Fe associated with 
ferrihydrite; LP: Fe associated with lepidocrocite; and PY: Fe-pyrite. The percentage of each 
fraction was determined based on the sum of all fractions, i.e., pseudo-total content. 
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8.4. Discussion 

The tailings' clay texture results from the long-distance traveled (600 km) by the 

tailings' plume towards the estuary prior to its deposition (Gomes et al., 2017). The transport 

down river likely selected finer tailing particles which gradually accumulate in the estuary (Fig. 

2.; Deletic, 2005). Thus, the grain size distribution of the first three upper soil horizons (i.e., 

Aug, Cug1, and Cug2) differed significantly (Fig. 4D) from the 2Cg3 and 2Cg4 horizons (Fig. 3A; 

Fig. 5G). The XRD results and the particle size distribution support the similarity between the 

Cug1 horizon and the tailings (e.g., clay; Fig. 3A), which present a similar mineralogical 

assemblage composed of hematite, goethite, and kaolinite (Fig. 4). The sandy texture in the 

bottom horizons (30 cm downwards) that contrast with the overlying horizons (Fig. 5F), 

represents a lithological discontinuity (Ahr et al., 2017). The diffractograms corroborate the 

lithological discontinuity at 30 cm at the boundary between the Cug2 and 2Cg3 horizons since 

they show a dominance of quartz in the 2Cg4 horizon. Both horizons are related to the 

preexisting sand banks before the disaster, which were subsequently buried by the Fe-rich 

tailings. 

After the dam rupture, the deposition of fine particles in some areas likely created 

favorable conditions for the settlement and growth of E. acutangula (Fig. 5A; Fig. 7). In fact, 

different studies have suggested that plant propagules are more easily washed away by tides 

in bare sandy sites, which may remain uncolonized for long periods of time (Balke et al., 2013). 

On the other hand, the continuous deposition of fine particles can provide propagules from 

being washed out since they anchor rapidly upon stranding (Barko and Smart, 1978; Di Nitto 

et al., 2008) and, thus, resist the disturbance by tidal and other forces (Balke et al., 2011).  
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Fig. 7. The expressive Eleocharis acutangula colonization on the deposited tailings at Doce 
River estuary forming the Anthropogenic soil in 2019.  
 

The colonization by plants also promoted an increased organic carbon input into the 

soil (Fig. 3B). This is supported by the 5 to 10-fold increase in mean OC contents in the first 

three horizons (1.9 ± 0.4% of OC) when compared to the OC contents of the tailings (0.4%; Fig. 

3B), and the bottom horizons (i.e., 2Cg3 and 2Cg4; 0.2%). Previous studies have showed the 

ability of Eleocharis acutangula in incorporating high amounts of organic carbon into the soil 

by roots growth (Fig. 5B, C), decomposition of dead roots, and litter deposition (Alongi, 2012; 

Ferreira et al., 2019; Stagg et al., 2018), which would lead to the formation of an Aug horizon 

enriched in organic matter. The effect of plants in the genesis of the Aug horizon’s is also 

corroborated by the presence of roots and by the higher degree of pedalization (i.e., 

aggregates presence) evidenced by the granular structure (Fig. 5B; Table 1). 

The high OC contents in the Aug horizon may indicate an incipient paludization, a 

pedogenetic process related to the accumulation of organic matter under anaerobic 

conditions, which has been widely reported in wetland soils from estuarine ecosystems 

(Ferreira et al., 2007b; Gomes et al., 2016; Schaetzl and Thompson, 2015). The high potential 

of wetlands to accumulate carbon is globally recognized (Macreadie et al., 2019; Nahlik and 
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Fennessy, 2016). In fact, these ecosystems are recognized as one of the largest components 

of the terrestrial carbon pool, especially due to their soils (Chmura et al., 2003; Mitsch et al., 

2013). 

This higher OC resulted in the darkening of the mineral material in the Aug horizon 

which presented reddish-brown colors (Table 1). The darkening of the soil material by the 

admixture of organic matter and humus is indicative of a melanization process (Schaetzl and 

Thompson, 2015). In this case, both the plant roots and fauna bioturbation may have an 

important role in incorporating carbon into the studied soil (Bernardino et al., 2020; Sarker et 

al., 2020; Vidal-Torrado et al., 2010). In fact, several crab (Minuca rapax) burrows were 

observed in the study site (Fig. 8). Additionally, many works have evidenced that the soil 

mixing by fauna bury litterfall, increase the carbon contents, improve the soil structure, and 

favors the soil darkening (Bernardino et al., 2020; Sarker et al., 2020; Wang et al., 2010).  

 

 
Fig. 8. The presence of crab (Minuca rapax) at the Doce River estuarine soils (A); the effect of 
soil fauna contributing to soil structure (granular structure) (B). In detail, the crab (M. rapax) 
burrows (C); and the red Fe-rich mine tailings bioturbated by the local fauna (D) at the Doce 
River estuary. 
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Besides its effects on the OC contents, the vegetation has probably enhanced the 

trapping of fine particles through their stems, by decreasing the turbulence kinetics and 

promoting the accumulation of clay particles (Jay et al., 2007; Mudd et al., 2010). The result 

was the thickening of the Anthropogenic soil profile towards the surface (i.e., a developmental 

upbuilding or a  cumulization process; see Almond and Tonkin, 1999; Inoue et al., 2011) by 

additions of mineral particles to the surface of the soil. This developmental upbuilding 

promoted by slow additions that can be incorporated by pedogenesis may have improved the 

carbon contents since Fe oxyhydroxides establish organo-mineral associations that stabilize 

soil organic matter (Giannetta et al., 2020; Kida and Fujitake, 2020; Seyfferth et al., 2020). A 

continued deposition of mine tailings at the estuary will probably occur due to the enormous 

quantity of tailings that are yet accumulated on the river basin (Hatje et al., 2017; Palu and 

Julien, 2019). Thus, the seasonal flooding, wind, and river currents that constantly transport 

tailings and suspended fine particles towards the estuary will maintain of the developmental 

soil upbuilding in the following years. The lowest pH in the Aug horizon is also an effect of the 

plant colonization and the release of organic acids (e.g., oxalate, acetate, lactate) from roots, 

which may decrease the pH in wetland soils (Blossfeld et al., 2011).  

The Eh and the rH values < 20 (Table 1) evidenced the marked reduced conditions 

within the Aug and Cug2 horizons, moderate reducing conditions in Cug1 and 2Cg3 horizons, 

and slightly oxic conditions within the 2Cg4 horizon (Table 1; see Essington, 2015). Therefore, 

the mottles (i.e., redoximorphic features; Fig. 5D, E) observed throughout the entire soil 

profile indicate redox conditions that favor both the mobilization (reductive dissolution) and 

reprecipitation of Fe forms (i.e., Fe2+ ↔ Fe3+; Fig. 6). These redoximorphic features are 

produced by the frequent waterlogging from daily tides and matched the criteria for the 

gleyed horizons (i.e., suffix g) (Fiedler and Sommer, 2004; Nóbrega et al., 2018; USDA, 2017). 

Plants may also have contributed to Fe mobilization within the soil profile by releasing Fe-

complexing organic acids from roots, further favoring the genesis of the gley horizons and the 

redoximorphic features (Lee et al., 2008; Lindsay, 1991; Zhou et al., 2011). 
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Fig. 9. Eh–pH diagram (adapted from Brookins, 1988) with data from all the studied horizons 
of the Anthropogenic soil (2019) and the deposited tailings (2015). The plots highlight the 
favorable conditions to Fe2+ within Aug and Cug2 horizons in contrast to the strongly favorable 
conditions to Fe oxidized forms (i.e., oxyhydroxides) in the deposited tailings and in the 
bottom sandy horizons (2Cg3 and 2Cg4). 

 

The tailings’ deposition produced the higher Fe contents observed in the Aug (Fe: 

1,4755 mg kg‒1), Cug1 (Fe: 1,7575 mg kg‒1), and Cug2 (Fe: 1,1731 mg kg‒1) horizons (Fig. 6). 

However, the Fe contents of these horizons were on average 562% lower than the Fe contents 

found in the deposited tailings of 2015 (148,114 mg kg‒1; Fig. 6). These results evidence a 

massive Fe loss within four years (Fig. 6). This is the result of a gleization process where the 
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FeIII present in the Fe oxyhydroxides of tailings (Lovley et al., 2004; Schaetzl and Thompson, 

2015) is transformed to Fe2+ by microorganisms during the anaerobic organic matter 

decomposition under the reducing conditions (Fig. 9). Additionally, the lowest pH values in the 

superficial horizons may also have favored the iron losses (Kraemer, 2004; Lindsay and 

Schwab, 1982). Finally, the fast plant colonization and the release of organic acids from roots 

may enhanced Fe losses due to Fe complexation (Blossfeld et al., 2011; Tombácz et al., 2004) 

or to Fe uptake. In fact, many studies have shown that estuarine plant species uptake and 

store Fe in minor amounts since it is a micronutrient which occurs in low concentrations and 

has low bioavailability in soils (Prade et al., 1993; Singh and Rai, 2016; Taylor and Crowder, 

1983). As a result of the gleization process, Fe can reach coastal waters where it is a key 

element for primary productivity, phytoplankton growth, and the biogeochemical cycles of N, 

C, P and Si (Hutchins and Boyd, 2016; Martin, 1990; Tagliabue et al., 2017). 

The gleization process in the Anthropogenic soil profile produced clear morphological 

evidence by producing grayish soil colors (Schaetzl and Thompson, 2015; Veneman et al., 

2015) in the Cug2 horizon (Fig. 5D). In fact, the physicochemical conditions (i.e., pH and Eh; 

Table 1; Fig. 9), and the rH values observed in the Aug and Cug2 horizons (Table 1) corroborate 

the favorable conditions to Fe reduction (Fig. 8) (Essington, 2015; Reddy and DeLaune, 2008). 

The Fe losses were significantly more pronounced in the Cug2 horizon (Fig. 9A) and 

mostly related to the poorly crystalline Fe oxyhydroxides (i.e., FR and LP), which decreased on 

average 53% in comparison to the overlying horizon (i.e., Cug1 Fig. 9A). Indeed, poorly 

crystalline Fe oxyhydroxides are more susceptible to reductive dissolution under redox active 

environments mediated-microbial Fe reduction (Bhattacharyya et al., 2018; Larsen and 

Postma, 2001; Zhao et al., 2020). In this case, the gleization process decreased the redness 

rating in the Cug2 horizon (RR: 2.5), especially when compared to the color of the newly 

deposited tailings of 2015 (RR: 9), further corroborating the fast action of the gleization 

process in the Anthropogenic soil profile. 

On the other hand, the sandy 2Cg3 horizon showed redder colors and higher RR (2.9) 

than the 2Cg4 (RR: 2.1) horizon (Fig. 4H; Table 1). Despite the sandy texture, there was an 

increase by 20% in the poorly crystalline Fe oxides (FR and LP; Fig. 9B) in the 2Cg3 horizon 

when compared to the Cug2 horizon, that presents a finer texture (loamy sand). In addition, 

the content of clay in the 2Cg3 horizon was 9-fold higher than the underlying 2Cg4 horizon 

(Fig. 3A). These results evidence both the mobilization and reprecipitation of Fe within the 
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Anthropogenic soil profile.  In this case, the released Fe2+ from the reduction of Fe 

oxyhydroxides in the overlying horizons (Cug1 and Cug2) was probably translocated in soil 

solution during lowering tides to the sandier texture of the 2Cg3 horizon. In this coarser soil 

horizon, redox conditions (Fig. 9) favor Fe2+ oxidation and its reprecipitation as the low-

crystalline Fe oxyhydroxides in 2Cg3 (Azoor et al., 2019; Yin et al., 2019). The sandy texture 

promotes fast drainage and rapid downward flux of water during low tides and, thus, a rapid 

O2 diffusion through soil pores (Anschutz et al., 2019; Sartor et al., 2018). In fact, Fe2+ can be 

rapidly oxidized (within hours; Barcellos et al., 2018) and precipitate as low-crystalline Fe 

oxides under geochemical environments characterized by Eh values above +100 mV and 

circumneutral pH (Albuquerque et al., 2014; Anschutz et al., 2019; Sartor et al., 2018). 

Accordingly, the higher Eh values observed in the 2Cg3 (+218 mV) corroborate the favorable 

conditions to Fe2+ oxidation, which also led to the formation of the described redoximorphic 

features (e.g., reddish mottles; Fig. 5G, H). 

Based on the morphological, physical, chemical and mineralogical data, the studied soil 

profile was classified as Anthropic Typic Hydraquent according to Soil Taxonomy (USDA, 2015) 

and as a (Stagnic) Tidalic Spolic Technosol (Fig. 5A), according to World Reference Base for Soil 

Resources (IUSS Working Group WRB, 2014). In the latter, the primary qualifier “Tidalic” 

indicates that the soil profile is affected by tidal water flux while the “Spolic” indicates that 

the soil has been developed from artifacts i.e., industrial spoil (tailings, from the mine 

disaster). On the other hand, both the “Stagnic” supplementary qualifier (IUSS Working Group 

WRB, 2014) and the Hydraquent group (USDA, 2015) indicate an intense influence of water 

on the soil properties. Stagnic properties, according to IUSS Working Group WRB (2014), are 

defined as soil materials saturated with surface water (in this case, tidal water) for a period 

long enough that allows reducing conditions to occur;  corroborated in this study by the  Eh < 

+120 mV and the rH < 20 (Table 1). Additionally, the Fe-rich mine tailings are considered 

artifacts (i.e., mine spoils) that occupies ≥ 20 % of soil volume, which also allow the 

classification of an Anthropogenic soil according to Soil Taxonomy (USDA, 2015) and a 

Technosol according to IUSS Working Group WRB (2014). 

During the four years following the disaster, both the developmental upbuilding 

produced by the tailings’ deposition (Fig. 5) and the fast vegetation growth triggered a fast 

pedogenetic process leading to the formation of an Anthropogenic soil formation. In this 

sense, we propose a model for the soil formation at the Doce River estuary after the Fe-rich 
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tailing arrival in 2015 (Fig. 10). Initially, the estuary was characterized by the presence of 

natural riparian ecosystems with bare sandy islands and banks. In 2015, the Fe-rich muddy 

tailings composed mainly of iron oxides were deposited over these sandbanks. The fine 

particle deposition led to favorable conditions to the settlement and growth of E. acutangula 

over time promoted high organic carbon inputs into the soil, the formation of granular soil 

structure, and the darkening of the surface horizons. Over time, the plant development 

further enhanced the trapping of more clay particles and organic carbon inputs. The increase 

OC deposition led to more anoxic conditions favorable to Fe reduction, promoting both Fe 

losses from the soil and its remobilization within the profile. The Fe mobilization and 

reprecipitation into the soil profile resulted in the numerous redoximorphic features with gray 

or whitish-gray colors and reddish mottles within clayey horizons. Fe reprecipitation as poorly 

crystalline Fe oxyhydroxides led to the formation of reddish mottles in the sandy horizons. 

 

 
Fig. 10. (A) A schematic conceptual model illustrating the action of the soil-forming factors 
and the sequence of events leading to the pedogenesis of the Anthropogenic soil at the Doce 
River estuary after the disaster (order provided in yellow circles); (1) bare sandy islands/banks; 
(2) deposition of the Fe-rich tailings; (3) colonization by E. acutangula; (4) organic carbon 
inputs into the soil; (5) establishment of anoxic conditions leading to iron reduction and 
mobilization; (6) reprecipitation of Fe in the mottled sandy horizons. (B) The newly formed 
estuarine Anthropogenic soil provides the new ecosystem services (e.g., carbon sequestration 
and nutrient cycling, i.e., iron). 
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8.5. Conclusions 

Our findings reveal that within four years a bare clayey Fe-rich tailing developed into 

an anthropogenic soil with marked soil forming processes including the developmental 

upbuilding or cumulization, melanization, bioturbation, incipient paludization and gleization. 

This study brings the first pedological record of an Anthropogenic soil profile formed in a 

tropical estuarine ecosystem and supports the role of the soil forming factors (e.g., Climate, 

Organisms, Relief, Parent material, and Time) on its early pedogenesis and on the resilience 

of an impacted estuarine environment.  Additionally, the rapid soil formation resulted in a 

significant accumulation of organic carbon, suggesting a high potential for carbon 

sequestration of this newly formed Anthropogenic soil. Moreover, the significant iron losses 

may supply the estuarine plants and coastal waters with this crucial micronutrient. Thus, our 

findings reveal that, despite all the impacts caused by the dam failure, the Doce River 

estuarine Anthropogenic soil may reach a biogeochemical equilibrium within the estuarine 

environment and provide ecosystem services that were previously unprovided (e.g., carbon 

sequestration, nutrient cycling), this possibility must be further explored and monitored in the 

following years.   

 

Acknowledgments 

This work received financial support provided by the Fundação de Amparo à Pesquisa 

e Inovação do Espírito Santo (FAPES, grant number 77683544), Coordenação de 

Aperfeiçoamento de Pessoal de Nível Superior CAPES (Finance Code 001), Conselho Nacional 

de Desenvolvimento Científico e Tecnológico (CNPq, grants number 301161/2017-8 and 

305996/2018-5 to AFB and TOF, respectively), São Paulo Research Foundation (FAPESP, grants 

number 2018/04259-2, 2018/08408-2, 2019/18324-3, 2019/17413-2, 2019/14800-5, and 

2019/19987-6), Fundação Carlos Chagas Filho de Amparo à Pesquisa do Estado do Rio de 

Janeiro (GNN, JCNE Grant E-26/202.757/2019), and Xunta de Galicia-Consellería de Educación 

e Ordeanción Universitaria de Galicia (Consolidation of competitive groups of investigation; 

GRC GI 1574), and CRETUS strategic group (AGRUP2015/02). 

 

 



245 
 

 

 

References 

Ahr, S.W., Nordt, L.C., Schaetzl, R.J., 2017. Lithologic Discontinuities in Soils. Int. Encycl. Geogr. 
People, Earth, Environ. Technol. 1–8. 
https://doi.org/10.1002/9781118786352.wbieg0816 

Albuquerque, A.G.B.M., Ferreira, T.O., Nóbrega, G.N., Romero, R.E., Júnior, V.S.S.S., Meireles, 
A.J.A.A., Otero, X.L., 2014. Soil genesis on hypersaline tidal flats (apicum ecosystem) in a 
tropical semi-arid estuary (Ceará, Brazil). Soil Res. 52, 140. 
https://doi.org/10.1071/SR13179 

Almond, P.C., Tonkin, P.J., 1999. Pedogenesis by upbuilding in an extreme leaching and 
weathering environment, and slow loess accretion, south Westland, New Zealand. 
Geoderma 92, 1–36. https://doi.org/10.1016/S0016-7061(99)00016-6 

Alongi, D.M., 2012. Carbon sequestration in mangrove forests. Carbon Manag. 3, 313–322. 
https://doi.org/10.4155/cmt.12.20 

Alvares, C.A., Stape, J.L., Sentelhas, P.C., de Moraes Gonçalves, J.L., Sparovek, G., 2013. 
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9. FINAL CONSIDERATIONS 

Each year new approaches emerge in the way Earth surface systems are studied by 

geochemists. Geochemistry pursuits the relationships between elements and at the same 

time their behavior and interactions in different terrestrial environments. In this context, iron 

(Fe) has always been an intriguing element reported in many geochemical studies on Earth's 

ecosystems. Its great abundance is directly proportional to its importance on a variety of 

biogeochemical cycles. This perspective brings Fe to the central stage of the biogeochemical 

cycles in an era of disturbances driven by humanity and climate change. 

In this study, a great range of analytical techniques were employed to the 

understanding of Fe geochemistry in tropical estuarine soils affected by both anthropic and 

natural impacts and to assess its control over the dynamic of other important elements (i.e., 

metals, P, S, and C).  

Our results revealed a great sensibility of the Fe biogeochemical cycle in mangrove 

forests against a future scenario of climate change exhibiting a lowered capacity for metals 

immobilization and carbon sequestration. These changes were driven by a massive mangrove 

forest loss. Under this condition decreases in SCS up to 33% and Fe losses of up to 50% were 

reported. Such a case affected the biogeochemistry and the dynamic of other elements (e.g., 

S and C). As a result, the dead mangrove soils showed a decreased ability to provide carbon 

sequestration and immobilization of potentially toxic elements (e.g., metals). Moreover, a loss 

of 170 tons of Fe from dead mangrove forests to estuarine water and ocean were estimated. 

In a different scenario, the Samarco mine disaster involved the spillage of millions of 

tons of Fe-enriched tailings into the Doce River estuary. The dominant crystalline Fe forms 

that settled in the estuarine wetland soils were found to be closely associated with trace 

metals and a large P load. The transitory/cyclic anoxic conditions (common in estuarine soils) 

solubilized the Fe oxyhydroxides, releasing the associated metals and leading to a chronic 

contamination. Indeed, as predicted, the tailings' deposition favored the establishment and 

growth of plants which promoted a soil C input favoring the reductive dissolution of Fe 

oxyhydroxides.  

Once these minerals were solubilized, metals, especially manganese (Mn), and a large 

amount of P were also made available. The increase in Mn bioavailability led to an increase in 

Mn levels in fish tissues which are commonly consumed by the local population. The Mn 
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bioavailability increased in response to the ephemeral control exerted by Fe oxyhydroxides 

on Mn bioavailability. These minerals were gradually solubilized and replaced by poorly 

crystalline Fe oxides which are easily reduced. Moreover, the redox conditions observed in 

the estuarine soil were highly conducive to the reductive dissolution of MnIII and MnIV 

containing poorly crystalline oxides, which led to the continued increase in dissolved Mn. For 

phosphorus, the dissimilatory Fe reduction led to an increase of readily available P in the 

estuarine soils and water posing a eutrophication risk. Although Fe oxyhydroxides have been 

widely known to play a key role in the immobilization of P in soils, they actually triggered a 

rapid release of P in the studied estuarine soils. 

The Fe geochemistry approach also revealed another face of the disaster. Within four 

years fast plant colonization coupled with Fe dynamic led to the formation of an 

Anthropogenic estuarine soil (i.e., a Tidalic Spolic Technosol). This soil seems to provide 

ecosystem services (i.e., carbon sequestration, nutrient cycling) previous unprovided by the 

estuarine soils. This study sheds new light on the time frame for soil formation, the resilience 

of tropical estuarine ecosystems, and to the unwinding of the world's largest mining disaster. 

This study brings new insights on how Fe biogeochemistry in estuarine soils may 

regulate the fate of elements such as S, Fe, C, P, and metals in response to future climate 

changes and anthropogenic impacts. Certainly, these findings bring Fe to the center for future 

long-term studies in order to monitor the evolution of impacts caused by anthropic or natural 

disasters in estuarine ecosystems. 

 

 

 


